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Nutrient enrichment of estuarine waters remains a problem globally. New efforts have sought to
apply principles of ecological engineering to promote nutrient removal within degraded aquatic
systems by constructing habitats that may support enhanced nitrogen removal. Several
technologies and approaches are certified as best management practices (BMPs) by the
Environmental Protection Agency (EPA). These include the restoration of oyster reefs, stream
and estuarine wetlands, and riparian buffers, as well as the implementation of wet retention
ponds. Each of these habitats has been suggested to be a “hotspot” for nitrogen removal, but they
are also biologically and chemically complex environments. Thus, the quantification of their
impact on nutrient removal is difficult due to interactions with other processes that influence
nitrogen transformation and loss within tidal estuarine waters. Floating wetlands have
traditionally been implemented to increase the nutrient removal efficiency in freshwater retention
ponds, where nutrient removal is presumed to be accomplished by plant assimilation and
sediment deposition. Similar installations of floating wetlands in tidal waters have recently been
implemented to achieve the same ecosystem services as in retention ponds, but little is known

about their efficacy. In this dissertation, I quantified floating wetland nitrogen removal and



cycling through a series of mesocosm experiments and numerical modeling. The mesocosm
experiments were carried out for 90 days at the Chesapeake Biological Laboratory in both spring
and summer periods during the years 2019, 2021, and 2022. My results indicate that
denitrification was the major nitrogen removal process, removing ~4 times as much nitrogen as
plant uptake. Denitrification rates were comparable between mesocosms with wetland plants and
control mesocosm with only the media, suggesting that denitrification was occurring in
microzones within the high-surface area media. Thus, a new formulation to incorporate this high
surface area media was necessary to reproduce these high denitrification rates in model
representations of the experiments. This dissertation research thus clearly demonstrates that
floating treatment wetlands can remove nitrogen at rates that are often higher than subtidal
sediments, but future work on their durability and efficacy under a wider range of conditions is
needed to better assess their potential to become a certified best management practice tool for

nutrient management.
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Chapter 1: Introduction

Background and Rationale

Eutrophication and nutrient pollution degrade coastal systems. Nutrients are essential for
plants and animals to grow in pristine environments, where nitrogen and phosphorus are often
limiting and thus constrain coastal productivity. However, when nutrient concentrations increase,
associated increases in productivity drive elevated algal biomass, low oxygen zones, and the
degradation of coastal systems. Thus, eutrophication significantly degrades water quality, which
can negatively affect coastal organisms and hence recreational and economic benefits of coastal
systems.

In response to eutrophication, federal and local stakeholders have made substantial socio-
economic commitments to reduce nutrient loads responsible for water quality degradation. These
restoration approaches have been informed by the paradigm that a decrease in watershed nutrient
loads will subsequently decrease the frequency and extent of eutrophication to induce the process
of oligotrophication (Nixon et al. 2009). Some of these restoration efforts have proven to be
effective in coastal areas around the world (e.g. 25% nitrogen load decrease in the Chesapeake
Bay, Lefcheck et al., 2018, 50% lower nutrients decrease in Danish coastal waters, Riemann et al.,
2016) and have even decreased nutrient levels to pre-eutrophication states (e.g. Tampa Bay,
Sherwood et al., 2017), with associated ecosystem improvements. However, efforts aimed at
reducing nutrient loading might be insufficient for attaining restoration goals of improved water
quality efforts due to several reasons. First, the reduction of nutrient loads from point sources
certainly helps improve water quality where these loads dominate (Testa et al., 2022; Boynton &

Bailey, 2008), however, many watersheds have large diffuse nutrient sources that make the

management and mitigation difficult and expensive. Second, there are lag times between



groundwater nutrient inputs and diffuse nutrient sources (Boynton et al. 2014), leading to uncertain
effects of the management actions that may be difficult to discern from monitoring data. In
addition, eutrophication can induce a self-perpetuating state once a critical threshold of external
nutrients loads has occurred, particularly, in shallow water bodies (Schefter, 2004; Sendergaard et
al., 2001). Thus, past and current watershed nutrient reduction efforts may be insufficient in order
to reach water quality restoration goals.

In an effort to target diffuse nutrient sources, lag responses, and accelerate
oligotrophication of coastal waters, federal and local stakeholders have also implemented
alternative restoration approaches that complement point and non-point source nutrient load
reduction. Traditional approaches to mitigate diffuse nutrient sources include the regulation of
agricultural practices like manure management and the use of winter cover-crop to decrease
nutrients in overly fertilized soils (Andersen et al. 2014). Other approaches that target diffuse and
non-point sources include stream and freshwater marsh restoration (Filoso and Palmer 2011) and
coastal wetland restoration (Hassett et al. 2005). Restoration of these systems aims to enhance
and/or restore the nutrient removal capabilities and increase organic matter removal (Vymazal
2007) , although the effectiveness of these interventions varies widely (Passeport et al. 2013).

In urban areas with a high percentage of impervious surfaces, local stakeholders have
implemented wet retention ponds as an effort to reduce storm event flows, sequester nutrients, and
reduce overall runoff to coastal waters (Hancock et al. 2010). These retention ponds contribute to
the improvement in water quality by allowing suspended solids to settle in the bottom and
promoting nutrient uptake by surrounding pond vegetation (USEPA 1999). However, research has
shown that these systems vary widely in their effectiveness (Booth et al., 2002; Fennessey et al.,

2011; McCuen, 1979; Emerson et al., 2010) and oftentimes fail to achieve regulatory goals due to



underestimation of precipitation intensity and inability to decrease storm flow due to design flaws
(Hancock et al. 2010). In general, these systems have achieved some nutrient load reduction,
however, the effectiveness of these technologies depend on storm events, effective design, and
implementation.

Floating treatment wetlands (FTW) have been utilized as a tool to further increase the
nutrient removal potential of wet retention ponds (Wang & Sample, 2014). Research has shown
that floating wetlands can increase the nutrient removal efficiency in retention ponds treating urban
runoff (Wang & Sample, 2014), wastewater (Barco and Borin 2020), and agricultural runoff
(Spangler et al. 2019). FTWs are made of floating porous media and wetland plants known to have
a high rate of nitrogen assimilation and resiliency to anoxic waters and soils. Removal mechanisms
of an FTW encompass the interaction between plants, the atmosphere, and ambient water.
Extensive root systems suspended in the water column trap sediment and increase sedimentation
rates, while biofilm growth in the porous media and the roots provide additional transformation
and assimilation of nutrients and pollutants beyond that of plant assimilation (Yeh et al. 2015).
However, there is no research available on their potential to remove nitrogen from estuarine
systems.

This dissertation aims to estimate N uptake rates of floating wetlands and explore the
possibilities of using them as a tool for nitrogen removal in estuarine waters. Mesocosm
experiments will be used to track nitrogen loss associated with denitrification and plant uptake.
Afterward, I will implement a mass balance approach to identify the main nitrogen removal
pathways and estimate nitrogen removal potential. Finally, I will construct a numerical model to

represent nitrogen cycling within the floating wetlands to understand



Objectives
Each objective of my dissertation research is listed below and will be addressed as a chapter of the

dissertation.

Chapter 2: Quantify the dynamics of nitrogen cycling in floating wetlands in estuarine-like
environments and identify major nitrogen removal pathways beyond plant nitrogen
assimilation

Chapter 3: Develop a nutrient budget for floating wetlands in estuarine mesocosm experiments

Chapter 4: Develop a numerical deterministic model that explains and predicts nitrogen
removal dynamics in a floating wetland deployed in estuarine-like conditions

Chapter 5: Synthesis of floating wetland research and procedures for future submission and

evaluation of technologies for BMP review and approval



Chapter 2: Floating wetlands beyond retention ponds: estimating nitrogen cycling and
removal in tidal waters

Abstract
Efforts to meet nutrient reduction goals in the Chesapeake Bay watershed involve a variety of

practices that remove nutrients before they are delivered to estuarine systems. Floating treatment
wetlands (FTW) have been a certified best management practice (BMP) implemented for
decades in retention ponds and wastewater treatment plants but have only recently been placed in
tidal waters to remove nutrients directly. Given the paucity of data on nitrogen cycling within
tidal FTW, I measured nitrogen transformation and removal within FTW deployed in estuarine-
like mesocosms during a 12-week experiment in summer 2019, and a 10-week experiment in
spring 2021. Results indicate a comparable, net removal of TN for both summer of 2019 and
spring 2021, but substantial transformations of nitrogen within the FTW. Nitrate (NO2+3") was
generated while ammonium (NH4") and particulate nitrogen (PN) were removed from the
mesocosm. Nitrogen concentrations measured in different parts of the mesocosms and wetland
media also indicate signs of transformation, where NO2+3™ concentrations were 0.2 mg L' higher
in the media porewater than the inflowing water for both control and experimental mesocosms.
This suggests relatively high rates of nitrification within the media. This nitrification could
support measured denitrification rates (2.4 - 10.9 mg N2-N m? h'!), which were at least four times
higher than in oligohaline marshes and almost half the rates reported in restored oyster reefs that
are also considered as a BMP. This research has shown that floating wetlands have the capability
to transform and remove nitrogen in estuarine-like environments, potentially expanding the areas
in which floating wetlands can be deployed. Furthermore, this study provides measurements of
these transformation and removal rates to inform future estimates of impact and remediation

following floating treatment wetland use in estuarine environments.



Introduction

Nutrient pollution and eutrophication remains a problem globally, degrading coastal
ecosystems through excess phytoplankton biomass and associated depletion of dissolved oxygen
and food web disruption. Nutrients are essential for plants and animals to grow, but may
constrain coastal productivity in pristine environments where nitrogen and phosphorus are often
limiting. However, when nutrient concentrations increase, associated increases in productivity
drive elevated algal biomass (Nixon 1995), low oxygen zones (Diaz and Rosenberg 2008), and
the degradation of coastal systems (Deegan et al. 2012). High rates of productivity and organic
matter degradation also stimulate microbially-mediated nutrient regeneration and transformation,
including oxygen sensitive processes like nitrification and denitrification (Kemp et al., 1990
Cornwell et al., 1999). This nutrient-enrichment driven eutrophication significantly degrades
water quality, which can negatively affect coastal organisms and hence recreational and
economic benefits of coastal systems. To try and reverse this pollution problem, many socio-
economic commitments to reduce watershed nutrient loading have been put into place worldwide
(e.g. Backer et al. 2010, NRC 2009).

Efforts to meet watershed nutrient reduction goals in the Chesapeake Bay watershed (i.e.,
total maximum daily loads, or TMDLs) involve a variety of practices. Known as best
management practices (BMPs), these range from cover crops and conservation tillage for
managing diffuse pollution sources from agricultural lands, to biological nitrogen reduction
technologies implemented for point sources from single wastewater treatment facilities.
Improvements to wastewater treatment plants have allowed for a considerable reduction in
nitrogen load to the Chesapeake Bay since 1985 (Clune et al. 2021). However, watershed model
estimates suggest that there are still 42 million Ibs./year in nitrogen point sources and 209 million

Ibs./year of non-point sources of nitrogen (CBP 2017) still entering the Chesapeake Bay. In the



coming decades, additional nutrient load reductions will have to be made from these diffuse
sources, which range from agricultural fields to urban stormwater. Many of these reductions will
need to come from technologies involving land management practices approved by the
Environmental Protection Agency (EPA) that mitigate the polluted water from nearby surface
and groundwater (Choi et al. 2020). However, issues of cost and limited adoption of these BMPs
present a challenge to reaching land-based nutrient removal goals.

Alternatives to land based BMPs in the Chesapeake Bay TMDL framework include
floating treatment wetlands (FTW), which are a certified BMP technology evaluated and
approved by the US Environmental Protection Agency (EPA), academic researchers, engineers,
and implementers, in which macrophytes are grown on a floating raft and/or media within a
retention pond. The roots are in contact with the water column and remove nutrients and other
pollutants via several physicochemical and biological processes (Sharma et al. 2021). The
implementation of FTW has primarily occurred in retention ponds as a way to increase their
efficiency at treating runoff and overcome operational challenges and flaws such as inconsistent
hydrologic loads of nutrients and other pollutants. The buoyant nature of FTW allows for the
constant removal of nutrients and pollutants regardless of the water level in the retention pond.
Previous research exploring the effectiveness of FTW in retention ponds has employed the use of
in-situ measurements (Nahlik and Mitsch 2006) and mesocosm experiments (Tanner and
Headley 2011). While the relatively simple design of retention ponds allows for the
quantification of nitrogen removal via input-output analysis (i.e., differences between inflow and
outflow concentrations), this approach limits deeper understanding of nitrogen transformations
and removal mechanisms that drive these reductions. FTW technology and research have

evolved and expanded to engineered FTW to treat other polluted waters, including urban and



agricultural runoff (Stewart et al. 2008; Sample and Wre 2017), secondary effluent (Gao et al.
2018), greywater (Faulwetter et al. 2011), mine tailings water (Gupta et al. 2020), and industrial
wastewater (Knight et al. 1999).

In contrast to the common implementation of FTW in retention ponds, implementation of
FTW in estuarine systems has not been widely employed or studied. In those places that have
deployed FTW, the same technology developed for retention ponds has been applied but utilizing
coastal wetland plants like Phragmites australis (Sanicola et al. 2019). Microcosms installed in
the floating wetlands deployed in the Inner Harbor of Baltimore, MD, US in 2009 provided
evidence of nutrient transformation and potential removal, but extrapolation of these impacts,
accounting for the fate of the nutrients, or the details of their transformation was not clear (Streb
2013). Research performed in FTW deployed in the Southern Baltic Sea’s tidal lagoons indicates
that FTW serve as protection for shorelines, as well as nursery habitats for shrimp and eels
(Karstens et al. 2021). However, measurements of nutrients around those FTW did not indicate
any nutrient reductions in the surrounding waters (Karstens et al. 2021). Other research
performed by Sanicola et al. (2019) in Queensland, Australia explored shoot and root growth of
suitable FTW plants species under different salinity environments. Research identified two plant
species, Isolepis nodosa and Baumea juncea, with the potential to significantly reduce
phosphorus as long as the plant is harvested (Sanicola et al. 2019). Thus, despite recent efforts to
understand the role of FTW as a habitat provider for local wildlife, a detailed understanding of
the biogeochemical transformations in these wetlands is lacking.

To increase our understanding of the mechanisms of nitrogen removal and transformation
in estuarine FTW, I explored the potential of FTW to remove nitrogen from estuarine waters by

measuring a comprehensive suite of nitrogen removal processes using mesocosm experiments



under brackish water conditions. One experiment focused on measuring nitrogen removal and
transformations in summer of 2019 while the second experiment focused on measuring nitrogen
removal and transformations in the spring of 2021. The experiments included triplicate
mesocosms with vegetated FTW and control tanks that only included the floating wetland media.
The mesocosms allowed for a high degree of control, daily sampling frequency, and ease of
measuring process rates (denitrification, plant uptake) that allowed us to assess nitrogen
transformations and associated nitrogen losses. We hypothesized that treatments with vegetated
media would remove a higher fraction of the nitrogen inputs than the control treatments with
only the wetland media, as a result of enhanced nutrient removal through plant uptake and plant-
associated denitrification.
Materials and Methods
Experimental Design

We designed and executed two mesocosm experiments to measure nitrogen removal and
transformation during the spring and summer. The first experiment was performed from June 21
to September 9, 2019. The second experiment was performed from April 16 to July 22, 2021.
These experiments were carried out in different years due to COVID-19 interruptions as well as
logistics. The mesocosm design consisted of a flow-through system, with three control tanks and
three experimental tanks. Control tanks consisted of unplanted floating wetland media, while the
experimental tanks consisted of the floating media planted with Spartina patens. To measure the
effects of the floating wetland nitrogen removal, we measured nitrogen accumulation in plant
material (roots, shoots, flowers, and seeds), periphyton and detritus within the mesocosm tanks,
as well as rates of nitrogen removal (denitrification) within the floating wetland matrix.

Dissolved and particulate nitrogen concentrations from the inflowing water and outflowing water



were collected weekly for both experiments (summer 2019 and spring 2021). For the spring 2021
experiment, nitrogen concentrations were also measured within the tank water column and
within the media pores. Water temperature, dissolved oxygen, salinity, specific conductivity, pH,
and chlorophyll-a in the tank water column were monitored on a daily basis between 12:00 PM
and 3:00 PM. See appendix A for average environmental characteristics of the tanks (table S1).
Hourly precipitation and photosynthetically active radiation (PAR) data were collected from the
Chesapeake Biological Laboratory (CBL) monitoring station in Solomons, MD, US
(https://cblmonitoring.umces.edu/). Plant material accumulation was measured at the beginning
and at the end of the experiment, separated into above-ground and below-ground biomass.

Denitrification was measured once a month during the course of each experiment.

Experimental Setup

Six mesocosm tanks that were 0.9 m in depth and 1.82 m in diameter were deployed in an
outdoor setting at the Chesapeake Biological Laboratory, Solomons Island, Maryland (38.3194°
N, 76.4540° W). The Chesapeake Biological Laboratory is located in the lower portion of the
Patuxent River and is known to be mesohaline (salinity ranges from 5-18 ppt). Pumped Patuxent
River water (222 meters from shore) (Fig. 1), entered the tanks from the bottom and exited the
tanks at the surface through a standpipe (Fig. 1). Outflow discharge from each of the tanks went
directly back into the Patuxent River. The flow rate was measured and adjusted daily via valves
on the inflowing pipes to attain a residence time of 6 hours, which is consistent with a semi-
diurnal tidal cycle of 6 hours. The 6-hour residence time was meant to characterize the time it
would take a given parcel of water to move through a given location in a tidal estuary with a
semi-diurnal tide. In this case the parcel of water is moving through our mesocosm tanks. Three

control tanks consisted of unplanted FTW media covering the surface area of the tanks to reduce

10



light availability and associated water column photosynthesis that would lead to mesocosm
artifacts. Experimental tanks consisted of the floating media with 19 Spartina patens plants, 88
kg of GardenPro top-soil, and approximately 44 kg of Premier Sphagnum peat moss. As in the
control tanks, the FTW covered the entire surface area of the tanks. During the experiment, the
FTW were designed to be partially submerged to simulate the high-marsh environment common
to Spartina patens, commonly known as salt hay. This high-marsh grass was selected in the
experiments because it is a common species in the tidal wetlands of the region, has the ability to
withstand partial flooding and a wide range of salinity from 0 - 30 ppt (Merino et al. 2010), and
is readily available in local nurseries. Recent studies have also shown S. patens as a suitable
plant for floating wetlands deployed in brackish environments (Landaverde et al. 2024). After the
FTW were installed and planted, they were left for two weeks before taking the first

measurements in order for the wetland plants to establish and for conditions within the tanks to

stabilize.
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Figure 1. (left) Diagram of the experimental design in triplicate mesocosms tanks with and
without floating wetlands. The flow of water enters through the bottom and exits the tanks
through a centrally located standpipe. (right) Research pier at the University of Maryland
Chesapeake Biological Laboratory, Solomons Island, Maryland, USA where source water for the
mesocosm tanks was obtained. (bottom) Picture of control and experimental tanks on July 2,
2021.

Sample measurements and analysis

Dissolved (NH4", DON, NO2+3) and particulate (PN) nitrogen concentrations were
measured on a weekly basis from the inflow and outflow for summer 2019. For spring 2021 we
included dissolved nutrient measurements from within the floating media (i.e. the porewater
within the media), as well as the water column inside each tank. Porewater was collected using a
syringe to extract the water from the media, while inflow and outflow water was collected
directly from the pipes just downstream from the valves that controlled water flow in and out of
the tanks. Water samples from the different parts of the tanks were collected in 2L Nalgene
bottles that were previously acid washed. Inflowing water was measured at one valve where
water entered the plumbing for the entire mesocosm system, and the nitrogen concentration at
this the inflow was assumed to be representative for the water entering at the valves for all tanks.
Prior to starting the experiment, dissolved nitrogen was measured from two different valves to

confirm that the inflowing concentration of dissolved nitrogen was not substantially different
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between all tanks (i.e., nitrogen was not transformed within the plumbing system). The mean +
standard deviations of measurements for NH4* (0.034 + 0.0004 mg L"), and NO2+3" (0.02 +
0.002 mg L'!) of the two valves indicate highly comparable concentrations (low standard
deviation) indicating no significant difference between the inflow pipes. Samples were sent to
the Chesapeake Biological Laboratory Nutrient Analytical Services for analysis. Ammonium
(NH4") was analyzed using standard methods (4500-NH3 G-1997, MDL 0.009 mg L"), nitrate +
nitrite (NO2+3") was analyzed using the catalyzed enzyme reduction method (ASTM D-7781,
MDL 0.0057 mg L"), dissolved organic nitrogen (DON) was analyzed following the EPA 365.1
method (MDL 0.05 mg L"), and particulate nitrogen (PN) was analyzed following the EPA 440.0
method (MDL 0.0263%). Discrete sampling of water temperature, dissolved oxygen, salinity and
specific conductivity was measured on a daily basis using a YSI Sonde MPS 556 just below the
floating matrix (table S1). Chlorophyll-a was monitored on a daily basis and analyzed within 28
days of collection using 90% acetone extraction technique and fluorometric analysis (EPA 445.0,
MDL 0.68 ug L"). Water volumes for chlorophyll-a analysis ranged between 60mL and 180mL
depending on the location (inflow, outflow, water column and media porewater). YSI Sonde
calibration was performed weekly, whereas fluorometric calibration was performed every 60
days. We measured whole-tank above- and below-ground biomass at the beginning and end of
the experiments. Above-ground and below ground biomass was collected following Kreeger
(2014a; 2014b). Initial above and below-ground biomass was calculated by randomly selecting
three plants before planting. Since plants were all the same size, we assumed all three tanks
started with the same above and below ground biomass. Plant material was rinsed with DI water
and dried at 60°C to constant weight. Then, plant material was ground and analyzed for nitrogen

content (Zimmermann et al. 1997, MDL 0.01%), to estimate whole-tank plant nitrogen content.

13



To estimate final above-ground biomass, nine S. patens plants per tank were collected, rinsed
with DI, and dried at 60 “C to constant weight and further analyzed for nitrogen content. The rest
of the above-ground material from each tank was harvested, rinsed with DI water, and dried at 60
°C until the material reached a constant weight. The nitrogen content of all sampled plants was
averaged and multiplied by the total amount of above-ground biomass in each tank to obtain the
total above-ground biomass in milligrams of nitrogen per tank. For final below-ground biomass,
three randomly selected squares from each floating matrix were cut out and their area was
measured (between 40 cm? and 40.5 cm? per square). All root material was extracted from the
matrix in each square, rinsed with DI and dried at 60°C, and further analyzed for nitrogen
content. These subsamples are assumed to represent the whole tank, and the subsampled
belowground biomass and N content were extrapolated to compute a whole-tank N content.

Denitrification rates (which are actually measured N2-N fluxes) were measured in
summer 2019 and spring 2021, while nutrient fluxes (NH4" and NO2+3°) were only measured
during the spring of 2021. These fluxes were measured at two randomly selected, pre-defined
locations within each FTW media in both the control and experimental mesocosms. Once a
month, two pre-cut cores of floating wetland matrix from each tank were collected, placed on a
6.5 cm plexiglass core, gently filled with ambient water, and capped with an O-ring sealed top.
One core containing water from the tanks was used as a blank to distinguish between the
denitrification happening in the water column and the media. The cores were then placed in the
dark in a temperature-controlled water bath to attempt to simulate in-situ conditions. After
reaching in-situ conditions, the cores were incubated for three hours in the dark. This method is
an adaptation of a method used to measure denitrification and nutrient fluxes from bottom

sediments (Testa et al. 2022). Every hour, samples were collected in 12mL exetainers (Labco,
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UK) from each core and fixed with 60uL of a saturated mercuric chloride solution (Fulweiler et
al. 2007). Samples were analyzed for the N2/Ar and O2/Ar ratio of gases using a membrane inlet
mass spectrometer (MIMS, Bay Instruments, Easton, Maryland) and the N2/Ar technique (Kana
et al. 1994). The N2/Ar technique measures the net N2 production in the sample core, thus
denitrification rates and nitrogen fixation rates cannot be separated. Thus, the linear increases in
N2 concentration were used to estimate net N2 production during the experiment as net N2 flux,
or net denitrification (Kana et al. 1994; Cornwell et al. 2016). Detailed calculation on how flux

rates were estimated can be found in appendix A Section 1.

Measuring and removing periphyton

Mesocosm walls can substantially alter experimental conditions by limiting water
exchange, absorbing downwelling light, and providing substrate for a myriad of organisms to
grow (Kemp et al. 2009). Because the ratio of wall surface to water column is high in
mesocosms, and because periphyton accumulate on tank walls, we sought to directly measure the
relative contribution of periphyton to the biomass and N budget of each tank (Chen et al. 1997;
Chen et al. 2000). To prevent excess periphyton accumulation, all periphyton in each mesocosm
tank was scrubbed from the walls and collected on a weekly basis. To collect the periphyton, the
floating media was lifted using a gantry crane. A 500 pm mesh was added to the outflow pipe
and then the tank was drained. Wall and tank bottom were scrubbed using a clean brush and all
material gathered. The collected periphyton was then brought to the laboratory, rinsed with
deionized water, and dried at 60°C until a constant weight was reached. All the periphyton
collected was analyzed for PC and PN to quantify how much nitrogen was being removed by

tank artifacts.
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Results
Nutrient Removal

To identify the overall amount of nitrogen being removed from the mesocosms, we
calculated differences in total nitrogen (TN) between the inflow and the outflow rates. Total
nitrogen concentrations were estimated by adding all pools of nitrogen together. Overall,
experimental mesocosms for summer 2019 and spring 2021 showed the highest removal of TN
(i.e., outflow < inflow) when compared to the control mesocosms. Experimental mesocosms
removed a total of 23.7 g TN during the summer 2019, and 17.3 g TN during spring 2021
experiments. Meanwhile, the control removed a total of 17.1 g TN during the summer 2019
experiments and 8.3 g TN during spring 2021 experiments. On two occasions during summer
2019 and spring 202 1the control mesocosms became sources of TN, meaning that the

concentrations of TN were higher in the outflow than in the inflow.
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Figure 2. Total nitrogen weekly removal rates from mesocosm experiments in summer 2019 and
spring 2021. Positive values indicate an overall addition and/or production of nitrogen in the
mesocosm tank, while negative values indicate an overall removal of nitrogen. Error bars
represent the standard deviation from the mean.

To further understand nitrogen cycling within the tanks, we computed differences
between the inflow and the outflow of NH4", NO2+3-, DON, and PN to determine if there was a
net production (outflow>inflow) or net consumption (outflow<inflow) of each analyte. These net
production/consumption calculations quantify the balance of processes that produce and
consume each analyte, and thus represent a net transformation, not a permanent removal or
production. We hereafter define a net transformation that increases the concentration of an
analyte as “production” and a net transformation that decreases the concentration of an analyte as

“consumption”.
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Figure 3. Weekly removal rates of DON, NH4", NO2+3-and PN for summer 2019 and spring
2021. Negative values indicate a net removal of particulate nitrogen species. Asterisks indicate
where the tanks experienced a production of TN.

Data suggest a substantial nitrogen transformation in both control and experimental
mesocosms and years given the observed decrease in NH4" and subsequential increase of NO2+3-
inside the tanks. During the summer 2019 experiments, the control mesocosms produced 26.4 g
NO2+37, while the experimental mesocosms generated 33.0 g NO2+3™ (fig 3). In contrast, both
treatments showed consumption of DON, NH4", and PN. Similarly, in the spring 2021
experiments, the control mesocosms produced 16.5 g NO2+3", while the experimental mesocosms
produced 15.1 g NO2+3™ (fig. 3). Both, control and experimental mesocosms, during the spring

consumed PN and NH4". Because there is a substantial amount of NO2+3" being produced in the

system for both years, we further grouped the dissolved inorganic pools (DIN = NHs*+ NO2 +
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NO:3). The results shown in (fig. 4) indicate that for both years the control and experimental
mesocosms consumed PN but produced inorganic forms of nitrogen. During the spring 2021

experiment (fig. 4), DON was produced in both control and experimental.
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Figure 4. Weekly removal rates of organic, inorganic, and particulate forms of nitrogen.
Negative values indicate a net consumption. 2019 values (top) and 2021 values (bottom).

During the spring 2021 experiments measurements of nitrogen concentrations from the
tank’s water column and FTW media porewater suggest temporal variation in nitrogen
transformations. NO2+3™ concentrations from the different parts of the mesocosm for both control
and experimental showed no difference at the beginning of the experiment (initial 20 days), but
beginning on day 20 (mid-May), NO2+3 increased in the porewater (fig. S2). The outflow NO2+3
concentration was 0.1 mg L' higher than the inflow during this period (i.e., net production). The

opposite pattern was measured for NH4" in both control and experimental mesocosms, which
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increased inside the media during the first part of the experiment (and prior to nitrate increase)
and then decreased in concentration during the second half of the experiment (~day 30). The
NH4" concentrations at times differed by 0.03 mg L' between the inflow and the media. By the
latter half of the experiment, NH4" concentrations were lower in the media than in the water
column, while media NO2+3 concentrations were higher than other pools. Lastly, when exploring
DON concentrations at different locations in the tanks (fig. S2), there is not a substantial
difference in concentrations either between tank location or the treatment type.
Nitrogen transformations and oxygen consumption

Denitrification (N2-N) rates varied throughout the length of summer 2019 and spring
2021 experiments. During the summer 2019 experiment N2-N removal rates increased towards
the end of the experiment with the highest flux being 13.4 mg N2-N m2 h™! for the control
mesocosm and 10.3 mg N2-N m2 h™! for the experimental mesocosm (fig. 5). The spring 2021
experiments showed a slightly different behavior with the control mesocosms having the highest
N2-N removal rate at the end of the experiment (14.71 mg N2-N m h-!, this includes an outlier)
while the experimental mesocosms had the highest N2-N removal rate at the beginning of the
experiment (10.9 mg N2-N m~ h'!; fig. 5). Repeated measures ANOVA indicated a significant
difference in rates between months (p<0.05) but no significant difference between treatments

(p>0.05) for 2019 and 2021.
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Figure 5. Denitrification measurements made monthly during the summer 2019 (left) and spring
2021 (right) experiments. Boxplot of denitrification fluxes (thick horizontal bars are median
rates) illustrate peak fluxes in September and similarity between control and experimental
mesocosms. Spring 2021 denitrification fluxes were similar to the summer rates from 2019,
however higher fluxes can be seen happening in April rather than in September. Note circles
represent outliers.

Oxygen consumption fluxes also varied in between summer 2019 and spring 2021
experiments. During summer 2019 there was an increase in oxygen consumption in both the
control and experimental mesocosms over the course of the experiment (fig. 6). However, the
variability was lower in the experimental mesocosms. The highest oxygen consumption was
reported at the end of the experiment for the control was -391 mg O2 m-2 h'! while the
experimental mesocosm was -232 mg O2 m2 h'!. Oxygen consumption fluxes recorded for spring
2021 (fig. 6) indicated a slightly different behavior than those from 2019. During the month of

April, the oxygen fluxes were close to zero, then increased over May and June. Repeated

measures ANOVA indicated a significant difference in oxygen fluxes between months (p<0.05)
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but no significant difference between control and experimental mesocosms (p>0.05) for 2019

and 2021.
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Figure 6. Oxygen consumption fluxes measured for the control and experimental mesocosms in
2019 (left), and 2021 (right). Boxplot of the oxygen fluxes (thick horizontal lines are median
rates) measured monthly indicate highest oxygen consumption for the month of September. April
fluxes indicate little oxygen consumption however demand increases throughout the experiment.
Note circles represent outliers.

In addition to measuring denitrification and oxygen fluxes, we also measured NO2+3™ and
NH4" fluxes from all the cores in 2021 (fig. 7). During the months of April and June fluxes of
nitrate indicated an overall removal (fig. 7) whereas the month of June indicated an overall
production of nitrate. Repeated measures ANOVA indicate a significant difference between
months (p=0.01 for NO2+37) but no significant differences between treatments. Lastly, ammonium
fluxes (fig. 7) also show high variability, but fluxes tended to be negative. Statistical analysis

indicated no significant differences in fluxes between months and between treatments (p=0.55).

To quantify metrics of nitrogen cycling associated with the media, we derived a series of indices

22



of nitrogen transformations (appendix A Section 1). First, we computed the nitrification needed
to support denitrification. This metric assumes that any N that was denitrified in excess of the
NO24+3 influx was generated through nitrification. Computed nitrification ranged between 12.5
mg N m? h'!and 300 4.2 mg N m? h! for the control and 5.3 mg N m?2h'!and 10.3 mg N m? h-
! for the experimental treatment. To further understand these fluxes, we calculated the
denitrification efficiency and ammonium recycling index (see appendix A). The computed
denitrification efficiency was near 100% for all fluxes, and the ammonium recycling near zero,

suggesting a very efficient conversion of available nitrogen to No.
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Figure 7. (left) NH4" fluxes measured during 2021 mesocosm experiments. (right) NO2+3~ fluxes
measured during 2021 mesocosm experiments. April fluxes indicate a decrease in NO2+3™.
However, as the experiment continues fluxes seem to transition from consumption to production

23



and then to almost no flux of nutrients. Error bars represent one standard deviation of the mean
of three tanks and circles are considered outliers.

Plant biomass and periphyton N assimilation

In terms of N accumulation, above ground biomass at the end of the experiment
accumulated higher quantities of nitrogen when compared to the below ground (table 3). This
behavior happened during both experiments in 2019 and 2021. Physically, the plants appeared to
have developed very tall stems while the root mat development was modest. We removed 5-70 g
and < 10 g of periphyton in the experimental and control tanks, respectively (fig. S3), accounting
for less than 0.5 g N/week. A higher mass of periphyton was collected in the experimental tanks,

but this material was around 1 % N, compared to 2-3 % N in the control tanks (fig. S3).

Table 1.1. Biomass mg N accumulation for both experiments in summer 2019 and spring 2021.
Accumulation includes the standard deviation from the mean. These are overall accumulation
values not extrapolated to surface area.

Experiment Above/Below | Initial Final Accumulation

year

Summer 2019 Above 0.67 gN 126 gN 11.9 g N (£2.6 mg N)

Summer 2019 Below 098 gN 26gN 1.6 g N (£0.35 mg N)

Spring 2021 Above 0.33gN 1.5gN 1.2 g N (£0.45 mg N)

Spring 2021 Below 0.50 gN 1.3gN 0.8 g N (#£0.17 mg N)
Discussion

Nitrogen removal was N-species specific

Overall, our results indicate that floating wetlands are capable of removing TN from
estuarine-like environments (fig. 2). These removal effects are consistent and/or similar with
previous FTW research that found removal of TN in retention ponds (White and Cousins 2013;

Lucke et al. 2019). Previous research has focused on overall TN changes and plant assimilation
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alone. Our research goes one step further and explores the changes of nitrogen. Our results
indicate that FTW N removal results from nitrogen-species specific transformations associated
with microbial remineralization, nitrification, and denitrification. Overall, PN, DON, and NH4"
were consumed in the tanks, but NO2+3" was produced. During both summer 2019 and spring
2021, the FTW seemed to have supported overall nitrification with a decrease in NH4" and a
subsequent increase in NO2+3™ (fig. 3). This apparent production of NO2+3" is not consistent with
previous studies, where (Messer et al. 2022) reported that FTW are capable of removing NO2+3
and (Chang et al., 2012) showed that under specific retention pond conditions and areal
coverage, FTW can remove 100% NH4"-N and up to 73% NO3-N. Our data suggest that
transformations of NH4" to NO2+3™ could be supported by biofilm and root-associated microbial
communities (see Chapter 4). Root-associated microbial communities have long been an
important part of floating wetland technology (Urakawa et al. 2017; Gao et al. 2019; Choudhury
et al. 2019), whose activity leads to the cycling and removal of nutrients through assimilation,
nitrification and denitrification in concert with microalgae that assimilate inorganic forms of
nutrients. Our measured rates of net NH4" (fig. 7) production in the floating media, although
variable, remained close to, or below zero, which indicates potential nitrification given that we
would expect high rates of remineralization in the media (e.g., oxygen consumption was
substantial; fig. 6). Furthermore, the fact that the net NO2+3™ fluxes were positive in May (and
somewhat in April; fig. 7) support the idea of active nitrification, which in turn, supports

denitrification (Kemp et al. 1990) and nutrient removal.
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Denitrification - the main nitrogen removal pathway

Denitrification in FTW has previously been assumed to be an important contributor to
nitrogen removal, but this process has rarely, if ever, been directly measured in FTW.
Researchers have typically used an acetylene inhibition technique to estimate the potential for
denitrification in roots. Results from these experiments indicate that root-associated
denitrification was the major N removal pathway in floating wetlands in freshwater, sub-arctic
regions, removing between 0.4 and 30 mg N2O-N m 2h™! (Choudhury et al. 2019). Other studies
in freshwater conditions have developed FTW with carbon amendments to stimulate
denitrification (Messer et al. 2022) and thiosulfate additions to stimulate autotrophic and
heterotrophic denitrification (Gao et al. 2018). Messer et al., (2022) showed no significant
differences in denitrification between the carbon amendment and control. Meanwhile, Gao et al.,
(2018) indicated that increased denitrification and plant assimilation with a peak TN removal of
636 mg TN m2 h'! because thiosulfate increases anoxia and allows denitrification. Our results
indicate that denitrification played a major role in removing nitrogen from our FTW under
mesohaline conditions. The lowest denitrification rate we measured was four times higher than
the rates reported for tidal and brackish sediment by Cornwell et al. (2016) (0.8 mg N2-N m2 h!)
while our highest denitrification flux was half of those reported for restored oyster reefs by
Kellogg et al. (2013) (21.8 mg N2-N m h!). When comparing our results to oligohaline
marshes, our rates are also four times higher than those reported by (Merrill and Cornwell 2000)
(0.8 mg N2-N m™ h'!). Regardless of the experimental period (summer 2019 or spring 2021), our
denitrification rates suggest that FTW are efficient at removing nitrogen.

Interestingly, our results also indicate that the control (unplanted media) were also able to

sustain rates of denitrification that were comparable to wetland-planted mesocosms.
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Denitrification in the control ranged from 2.5 mg N2-N m2 h'! to 13 mg N2-N m h'! in the
summer and from 4.1 N2-N m? h! to 25.6 mg N2-N m™ h'!. Past research investigating the
contribution of the media to nutrient transformations and/or removal have shown mixed results.
Stewart et al. (2008) indicated that Bio-Haven media successfully promoted nitrification and
denitrification, removing 10.6 g day! of NO3-N and 0.2 g day™! of NH4"-N. Garcia Chance et al.
(2019), reported that their control performed better than the unplanted and planted treatments but
acknowledged that periphyton might have played a role in nutrient transformations and
assimilation. Wang et al. (2014) reported that their media facilitated the removal of nutrients in a
similar fashion to the planted media. Lastly, Hu et al. (2010) found no difference between a
media and no media treatment in an ecological sludge floating-bed artificial ecosystem.
Nonetheless, our results indicate that the porous media and associated biofilm in the FTWs we
examined has the potential to support an environment ideal for nitrification and denitrification
(Garcia et al. 2022).

The high denitrification we measured were also associated with comparably low NO2+3"
and NHa4" fluxes, suggesting internal N cycling to support the observed denitrification. For
example, the computed denitrification efficiency was near 100%, while the NH4" recycling
efficiency was near zero, suggesting very efficient conversion of available nitrogen to N2. One
explanation for this efficiency is the rapid conversion of DON to NH4" and NH4" to oxidized
nitrogen, and the apparent nitrification flux we derived are of the same order of magnitude as the
denitrification rate (4,200-11,200 mg m™ h'"). Nitrification measured in estuaries is often higher
than in open oceanic waters (Damashek et al. 2016), however, it is highly variable within and
between estuaries (Damashek et al. 2016). Although nitrification fluxes in wetland sediments

have rarely been reported, our apparent fluxes are higher than nitrification measured in estuarine
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sediments (Kemp et al. 1990) and comparable to water-column nitrification rates measured in the
York River and mid-Chesapeake Bay during destratification events (McCarthy et al. 1984), and
nutrient-rich estuaries like San Francisco Bay (Damashek et al. 2016).
Variability in Denitrification fluxes

Although our measured estimates of denitrification are high relative to other estuarine
environments, including tidal wetlands, the fluxes were also highly variable. This suggests that
there is a range of conditions within the floating wetland media that are more or less supportive
of denitrification. Root development (and thus root content) was not evenly distributed
throughout the media, and the algal biofilms that developed on the media were patchy. Plant-root
presence might have affected the microbial community composition and thus contribute to
variability in nitrogen cycling. Tanaka et al. (2012) and Urakawa et al. (2017) found the
microbial composition of roots to be more diverse than unplanted media, and was dominated by
Alphaproteobacteria, Betaproteobacteria and Cyanobacteria. Thus, plant presence plays a role in
selecting and or dictating the microbial composition in the floating media (Urakawa et al. 2017).
More research is needed to better understand the differences in microbial-periphyton
composition in planted and unplanted media.
Plant N assimilation

Plant N assimilation is the way stakeholders, in the Chesapeake Bay, provide credit for
the amount of nitrogen removed from a retention pond by a FTW (Schueler et al. 2016). Our
results show a higher nitrogen accumulation in the summer 2019 than spring 2021 experiment.
Spartina patens has been shown to effectively assimilate N from brackish systems when
compared to S. alterniflora and other wetland plants (Landaverde et al. 2024), making it suitable

for use in FTW technology in estuarine-like environments. However, research indicates that
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although plants assimilate nitrogen during the growing season, it will leach back to the system if
not harvested entirely (Wang et al. 2014). Previous research shows that even when harvesting
twice during the growing season, plant N assimilation is only a small fraction of the nitrogen that
is transformed and or potentially removed from the retention pond (Wang et al. 2014). As our
results indicate, the media is capable of removing higher amounts of nitrogen through
denitrification for both summer 2019 and spring 2021 (29 and 37 g N, respectively), when
directly compared to plant N assimilation (15 and 1.7 g N, respectively). These results are
consistent with previous studies that suggest most of the removal is done by the periphyton and
root-associated biofilm (Wang and Sample 2014).
Floating wetlands: beyond retention ponds

FTWs have been implemented as a way to overcome nutrient removal limitations of
retention ponds and wastewater treatment plants for decades. Since 2016, FTWs have been
certified as a best management practice (BMP) thanks to their removal efficiency and increased
contribution to nutrient and sediment removal from multiple sources of runoff and wastewater
(Schueler et al. 2016). For decades this technology has been implemented with the idea that plant
growth is the main facilitator of nutrient and sediment removal. However, new research has
suggested that the bulk of the nutrient removal happens thanks to the associated microbial
communities growing in the floating media and dense root system. Our results, combined with
previous research, contribute to the idea that bulk nitrogen removal happens effectively and
permanently through microbial transformations. More importantly, these results are indicative
that floating wetlands have capabilities of removal efficiency through plant and microbial
communities in tidal systems. These results can help expand the FTW BMP credit and go beyond

retention pond installations. Implementation of this technology in tidal systems can help expand
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and improve nutrient management efforts beyond land nutrient management in coastal areas
where shoreline is highly developed, and the restoration of wetlands is not an option. More
importantly, the installation of these FTW along developed coastlines can help abate nutrient in
an era where population, land development, and temperatures are expected to increase.
Conclusion and Future Work

Our mesocosm study in estuarine-like environments revealed that FTW foster an
environment suitable for the transformation and removal of nitrogen through multiple pathways.
The transformation and removal of nitrogen was form-specific, where the FTW removed
dissolved organic, particulate, and NH4", but generated high quantities of NO2+3". The net NO2+3
production appeared to sustain high rates of denitrification in the wetland media in excess of
plant tissue uptake. The control treatment (un-planted media) transformed and removed nitrogen
in ways comparable to the planted media, identifying microbial communities as a major player in
the nitrogen transformation and removal in FTW. Thus, this technology seems to foster a suitable
environment for nitrogen removal beyond plant assimilation and subsequent harvest. These
results are encouraging and support the potential for expansion of current BMP crediting and
implementation of FTW in urban tidal systems where restoration of natural wetlands is not an
option. Future research could address some of the limitations of this study, including additional
studies to understand the performance of floating wetlands in the fall and winter,
experimentation with different species, and perhaps longer experiments that include the entire
growing season. /n situ studies of FTW performance in small estuaries could help develop
methods that allow for accurate measurements of nitrogen transformations and changes in
concentrations in, and around, the FTW. Additionally, future research should also include the

evaluation of current implementation methods like anchoring techniques, evaluation of estuarine
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plant performance, and FTW designs better suited for tidal systems and thus maximize nitrogen

transformation and removal potential.
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Chapter 3: Partitioning nitrogen removal potential in floating wetlands using a mass

balance approach

Abstract

Floating wetlands have been extensively applied as a nutrient removal technology in retention
ponds and other freshwater systems. Despite this long history, surprisingly few studies have
attempted to directly quantify the removal rate of nitrogen contributed by specific processes. The
need to better quantify these nitrogen removal processes is underscored by a growing desire to
identify novel ways to remove nutrients from eutrophic ecosystems, and to certify technologies
as Best Management Practices. We therefore describe a series of mesocosm experiments
executed under estuarine conditions to quantify the specific processes leading to floating
wetlands’ removal of nitrogen. We developed a nitrogen budget for two, 10-week experiments,
one during the summer of 2019 and the other during the spring of 2021. Results indicate that
floating wetlands remove nitrogen primarily through denitrification (15% and 39%,
respectively), followed by plant nitrogen assimilation (8% and 2%, respectively) during both
spring and the summer. These results reinforce the utility of floating wetland to remove nitrogen
and provide specific information on removal mechanisms to support future design and

certification frameworks.

Introduction

Although nutrients are essential for supporting the growth of plants and animals, when
nutrient concentrations in aquatic ecosystems increase, associated increases in productivity drive
elevated algal biomass (Nixon 1995), low oxygen zones (Diaz and Rosenberg 2008), and the
degradation of coastal systems (Deegan et al. 2012). Decades of nutrient over-enrichment have

led to degradation of water quality and habitats in a wide range of coastal ecosystems (Nixon

32



1995, Lefcheck 2018), leading to major commitments to reduce watershed nutrient inputs. Many
efforts to meet watershed nutrient reduction goals have had limited success (Scientific and
Technical Advisory Committee (STAC) 2023), in part due to the inherent challenges in reducing
agricultural and urban non-point loads. Watershed nutrient reduction approaches involve a
variety of practices known as best management practices (BMPs) (Choi et al. 2020), which are
typically approved through a review process as accepted land management practices to mitigate
pollution from non-point sources (Choi et al. 2020). Despite the fact that BMPs are intended to
improve conditions in rivers, lakes, and estuaries, the vast majority of BMPs are land-based
practices.

Floating treatment wetlands (FTWs) are an example of a water-based, certified BMP
technology in which macrophytes are grown on a floating raft and/or media, typically in
stormwater retention ponds. For most FTWs, the roots are in permanent contact with the water
column and remove nutrients and other pollutants via several physicochemical-biological
processes (Sharma et al. 2021). The implementation of floating wetlands is most common in
stormwater retention ponds as an effort to increase the pond’s efficiency at treating runoff and
overcome operational challenges and flaws like an inconsistent hydrologic load of nutrients and
other pollutants (Tanner 2006). FTW technology and research has evolved and expanded to
engineered FTW to treat other polluted waters. Some of the polluted waters include urban and
agricultural runoff (Sample & Wre, 2017; F. M. Stewart et al. 2008), secondary effluent (Gao et
al. 2018), greywater (Faulwetter et al. 2011), mine tailings water (Gupta et al. 2020), and
industrial wastewater (Knight et al. 1999).

Floating wetland efficiency and removal is generally estimated by doing measurements of

nutrient concentrations in the inflow and outflow of retention ponds that are planted with floating
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wetlands. These approaches estimate reductions in the outflow relative to the inflow as a metric
of removal, and may be supported by measurements of nutrient and other water quality
parameters in and around the floating wetland, and thus estimate a whole system removal of
pollutant. Other studies have performed mesocosm experiments in a “batch” design, where
floating wetlands are exposed to artificial runoff for a short period of time and water and plant
biomass is analyzed for nutrients and other pollutants at the end of the experiment (Tanner and
Headley 2011; Spangler et al. 2019). Results from the batch experiments are then extrapolated
across the entire system of interest, depending on the size and density of wetlands (Tanner and
Headley 2011). Although these approaches have allowed for an ecosystem-scale nutrient removal
effect of floating wetlands in retention ponds, the specific pathways in which floating wetlands
remove nutrients has not typically been explored.

Contrary to retention ponds, tidal waters are open systems consisting of tidal exchange,
whereby nutrients available in any given location can have an uncertain origin. Due to the
dynamic nature of tidal systems, measurements of the net eftects of floating wetlands on nutrient
uptake are difficult because the inflows and outflows of material cannot be constrained as they
would in a retention pond and it is difficult to scale FTW nutrient removal to inflows. Mesocosm
experiments provide a controlled system that allows for tracking of inputs and outputs, allowing
for the development of constrained nutrient mass balance, which inform quantification of
specific removal rates. Although mesocosm have constrains they still provide impactful data that
allows for the understanding of floating wetlands as long as biases and limitations are
acknowledged and addressed accordingly (Brisson et al. 2024). In the simplest way, a budget is
the balancing of inflow and outflow of nutrients as well as estimating the magnitude of changes

within the system of interest (Boynton and Nixon 2013). Budget analyses have been employed
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on a large number of scales and for a variety of purposes in natural systems, including net
watershed nutrient balances (e.g., Howarth et al., 1996), estuarine organic carbon budgets (e.g.,
Kemp et al., 1997), and oyster aquaculture nitrogen balances (e.g., Testa et al., 2015). Budgets
allow the identification of the most important processes or stocks in a system, while also helping
identify which processes or stocks are poorly constrained. Boynton et al., (2008) developed a
nitrogen budget for the Patuxent River estuary that allowed for better understanding of the
sources of nutrients and how loss processes, like wetland-derived denitrification and burial, were
relative to external loads. Despite their utility to compare the relative magnitude of source and
sink processes in ecosystems and inform nutrient management decisions, such budget analyses
have not been performed for FTWs in estuarine waters.

Thus, the goal of this study was to utilize a budget approach using a wide-variety of
measurements made during mesocosm experiments to identify and quantify the primary nitrogen
loss terms in floating wetlands. We leveraged measurements of plant uptake, nutrient
concentrations, denitrification, and inflow and outflow rates in experimental mesocosms to
inform the budget approach. This budget will help assess the effectiveness of floating wetlands in
removing nitrogen when deployed in estuarine-like environments and to compare nitrogen
removal mechanisms within the floating wetlands to prior studies. Results from this research
could potentially be used to update the current information on floating wetlands as a certified

best management practice.

Materials and Methods

We designed and executed two mesocosm experiments, one in 2019 from June 21 until
September 91" and a second in 2021 from April 16" until July 22", to measure nitrogen removal

and transformation during the summer and spring. These experiments were carried out in
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different years due to COVID-19 interruptions as well as logistics. The mesocosm design
consisted of a flow-through system, with three control tanks and three experimental tanks (fig 1).
Control tanks consisted of unplanted floating wetland media, while the experimental tanks
consisted of the floating media planted with Spartina patens. To measure the effects of the
floating wetland nitrogen removal, we measured nitrogen accumulation in plant material (roots,
shoots, flowers, and seeds), periphyton and detritus within the mesocosm tanks, as well as rates
of nitrogen removal (denitrification) within the floating wetland matrix. Dissolved and
particulate nitrogen concentrations from the inflowing water and outflowing water were
collected weekly for both experiments (summer 2019 and spring 2021). For the spring 2021
experiment, nitrogen concentrations were also measured within the tank water column and
within the media pores. Water temperature, dissolved oxygen, salinity, specific conductivity, pH,
and chlorophyll-a in the tank water column were monitored on a daily basis between 12:00 PM
and 3:00 PM. See appendix A for average environmental characteristics of the tanks (table S1).
Hourly precipitation and photosynthetically active radiation (PAR) data were collected from the
Chesapeake Biological Laboratory (CBL) monitoring station (https://cblmonitoring.umces.edu/).
Plant material accumulation was measured at the beginning and at the end of the experiment,
separated into above-ground and below-ground biomass. Denitrification was measured once a

month during the course of each experiment.
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University of Maryland Center for Env. Science
Chesapeake Biological Laboratory

Mesocosms

. Research

/ Pier

Figure 1. (left) Diagram of the experimental design in triplicate mesocosms tanks with and without
floating wetlands. The flow of water enters through the bottom and exits the tanks through a
centrally located standpipe. (right) Research pier at the University of Maryland Chesapeake
Biological Laboratory, Solomons Island, Maryland, USA where source water for the mesocosm
tanks was obtained. (bottom) Picture of control and experimental tanks on July 2, 2021.
Sample measurements and analysis

Dissolved (NH4*, DON, NO2+3°) and particulate (PN) nitrogen concentrations were
measured on a weekly basis from the inflow and outflow for summer 2019. For spring 2021 we
included dissolved nutrient measurements from within the floating media (i.e. the porewater
within the media), as well as the water column inside each tank. Porewater was collected using a

syringe to extract the water from the media, while inflow and outflow water was collected

directly from the pipes just downstream from the valves that controlled water flow in and out of
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the tanks. Water samples from the different parts of the tanks were collected in 2L Nalgene
bottles that were previously acid washed. Inflowing water was measured at one valve where
water entered the plumbing for the entire mesocosm system, and the nitrogen concentration at
this the inflow was assumed to be representative for the water entering at the valves for all tanks.
Prior to starting the experiment, dissolved nitrogen was measured from two different valves to
confirm that the inflowing concentration of dissolved nitrogen was not substantially different
between all tanks (i.e., nitrogen was not transformed within the plumbing system). The mean +
standard deviations of measurements for NH4* (0.034 + 0.0004 mg L"), and NO2+3" (0.02 +
0.002 mg L!) of the two valves indicate highly comparable concentrations (low standard
deviation).

Samples were sent to the Chesapeake Biological Laboratory Nutrient Analytical Services
for analysis. Ammonium (NH4") was analyzed using standard methods (4500-NH3 G-1997,
MDL 0.009 mg L"), nitrate + nitrite (NO2-+3") was analyzed using the catalyzed enzyme
reduction method (ASTM D-7781, MDL 0.0057 mg L"), dissolved organic nitrogen (DON) was
analyzed following the EPA 365.1 method (MDL 0.05 mg L!), and particulate nitrogen (PN) was
analyzed following the EPA 440.0 method (MDL 0.0263%) . Discrete sampling of water
temperature, dissolved oxygen, salinity, specific conductivity, and pH was measured on a daily
basis using a YSI Sonde MPS 556 just below the floating matrix. Chlorophyll-a was monitored
on a daily basis and analyzed within 28 days of collection using 90% acetone extraction
technique and fluorometric analysis (EPA 445.0, MDL 0.68 pg L!). Water volumes for
chlorophyll-a analysis ranged between 60mL and 180mL depending on the location (inflow,

outflow, water column and media porewater). YSI Sonde calibration was performed weekly,
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whereas fluorometric calibration was performed every 60 days. We measured whole-tank above-
and below-ground biomass at the beginning and end of the experiments.

Above-ground and below ground biomass were collected following Kreeger(2014a;
2014b). Initial above and below-ground biomass was calculated by randomly selecting three
plants before planting. Since plants were all the same size, we assumed all three tanks started
with the same above and below ground biomass. Plant material was rinsed with DI water and
dried at 60°C to constant weight. Then, plant material was ground and analyzed for nitrogen
content (Zimmermann et al. 1997, MDL 0.01%), to estimate whole-tank plant nitrogen content.
To estimate final above-ground biomass, nine S. patens plants per tank were collected, rinsed
with DI, and dried at 60 °C to constant weight and further analyzed for nitrogen content. The rest
of the above-ground material from each tank was harvested, rinsed with DI water, and dried at 60
°C until the material reached a constant weight. The nitrogen content of all sampled plants was
averaged and multiplied by the total amount of above-ground biomass in each tank to obtain the
total above-ground biomass in milligrams of nitrogen per tank. For final below-ground biomass,
three randomly selected squares from each floating matrix were cut out and their area was
measured (between 40cm? and 40.5 cm? per square). All root material was extracted from the
matrix in each square, rinsed with DI and dried at 60°C, and further analyzed for nitrogen
content. These subsamples are assumed to represent the whole tank, and the subsampled
belowground biomass and N content were extrapolated to compute a whole-tank N content.

Denitrification and nutrient fluxes were measured at two randomly selected locations
within each FTW media in both the control and experimental mesocosms. The cores were drilled
before the experiment started and then they were randomly selected. Once a month, two pre-cut

cores of floating wetland matrix from each tank were collected, placed on a 6.5 cm plexiglass
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core, gently filled with ambient water, and capped with an O-ring sealed top. A core containing
only water from the tanks, was used as a blank and be able to distinguish between the
denitrification happening in the water column and the media. The cores were then placed in the
dark in a temperature-controlled water bath to attempt to simulate in-situ conditions. After
reaching in-situ conditions, the cores were incubated for three hours in the dark. Nutrient fluxes
(NH4" and NO2+3°) were measured only during the spring 2021 experiment. This method is an
adaptation of a method used to measure denitrification and nutrient fluxes from bottom
sediments (Testa et al. 2022). Every hour, samples were collected in 12mL exetainers (Labco,
UK) from each core and fixed with 60uL of a saturated mercuric chloride solution (Fulweiler et
al. 2007). Samples were analyzed using a membrane inlet mass spectrometer (MIMS, Bay
Instruments, Easton, Maryland) and the N2/Ar technique (Kana et al. 1994). The N2/Ar technique
measures the net N2 production in the sample core, thus denitrification rates and nitrogen fixation
rates cannot be separated. Thus, the linear increases in N2 concentration were used to estimate
net N2 production during the experiment as net N2 flux, or net denitrification (Kana et al. 1994;
Cornwell et al. 2016). Detailed calculations on how flux rates were estimated can be found in

appendix A.

Measuring and removing periphyton

Mesocosm walls can substantially alter experimental conditions by limiting water
exchange, absorbing downwelling light, and providing substrate for a myriad of organisms to
grow (Kemp et al. 2009). Because the ratio of wall surface to water column is high in
mesocosms, and because periphyton accumulate on tank walls, we sought to directly measure the
relative contribution of periphyton to the biomass and N budget of each tank (Chen et al. 1997;
Chen et al. 2000). To prevent excess periphyton accumulation, all periphyton in each mesocosm

tank was scrubbed from the walls and collected on a weekly basis. To collect the periphyton, the
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floating media was lifted using a gantry crane. A 500um mesh was added to the outflow pipe and
then the tank was drained. Wall and tank bottom were scrubbed using a clean brush and all
material gathered. The collected periphyton was then brought to the laboratory, rinsed with
deionized water, and dried at 60°C until a constant weight was reached. All the periphyton
collected was analyzed for PC and PN to quantify how much nitrogen was being removed by
tank artifacts.
Mass balance

We computed a nitrogen mass balance for the entire length of the experiments in each
tank by accounting for all measured nitrogen input and removal rates. The budget includes four
classes of nitrogen inputs, including the inflowing nitrogen from the Patuxent River, atmospheric
deposition, slow-release plant fertilizer included in each initial plant plug, and peat moss and
topsoil added on top of the floating matrix in the experimental treatment tanks to support initial
plant growth. Inflowing nitrogen was measured directly from one inflowing valve and was
assumed to be the same at all other inflowing locations (see Butler-Viruet et al., 2025 for details).
Atmospheric input was estimated by multiplying measured precipitation rates scaled to include
only the deposition landing directly on the surface of each tank. Slow-release fertilizer is
assumed to be a fixed amount of nitrogen per tank at the beginning of the experiment and we
assumed that it completely dissolved by the end of the experiment. To estimate the amount of
nitrogen contributed by the fertilizer, I assumed a uniform, one-time application to each of the 20
plant plugs that were placed in the media of each tank. I used the manufacturer-supplied
concentration of N in the fertilizer and multiplied that by the suggested amount for batch
application to each plant plug by the fertilizer company. Since fertilizer was deemed a small

portion of the budget, I assumed that all fertilizer completely dissolved by the end of the
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experiment. Peat moss and topsoil additions were assumed to be a fixed amount of nitrogen per
tank at the beginning of the experiment, as we added 10 kg of peat moss (PREMIER Sphagnum
peat moss) and 18 kg of topsoil (GardenPro by Harvest) to each experimental tank. We measured
the % N content from each material (using same methods as above and below-ground biomass)
to estimate the total input.

The budget also includes five nitrogen loss terms, including above-ground biomass
nitrogen assimilation, below-ground biomass assimilation, periphyton biomass nitrogen
assimilation, denitrification, and outflowing nitrogen. Above-ground and below-ground biomass
nitrogen uptake was estimated by measuring initial and final nitrogen content of all harvested
plant material. I measured whole-tank above- and below-ground biomass at the beginning and
end of the experiments. Above-ground biomass was collected following Kreeger (2014a)
whereas initial below-ground biomass was collected following Kreeger (2014b). Periphyton
nitrogen assimilation was estimated by summing the weekly mass of harvested periphyton
biomass from each tank multiplied by the % nitrogen content of the homogenized sample.
Denitrification in the media was measured directly from each tank three times during the
experiments following Butler-Viruet et al., 2025. To estimate the total nitrogen removed by each
term, all weekly terms were added together over the course of the experiment. For denitrification
we extrapolated measurements to represent monthly flux rates by assuming constant rates for
each month where measurements were made, then added all three measurements together. A TN
budget was calculated for each individual tank (3 control, 3 experimental), and then averaged
together to compare treatment effect.

Finally, we also performed a 90 day mesocosm experiment in the summer of 2021 (July-

September) where only the media was present. In this experiment, three tanks included the media
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being submerged so that 50% of the media was submerged in water, and three tanks where media
was 100% submerged. We measured denitrification once each month in all tanks using the same
approach as Chapters 2 and 3. At the culmination of these experiments, we extracted the media
cores that had been incubated for denitrification and performed a 12-day diagenesis experiment
to estimate the accumulation of nitrogen in the media biofilm. In these experiments, we
submerged each media core in water (using the same core liners as for denitrification) and
deoxygenated the water by bubbling with nitrogen gas. Replicate cores were analyzed for each
tank. We then extracted a 10 ml sample periodically over a 12-day period and replaced the water
volume with N2 gas to maintain anoxic conditions. Each sample was analyzed for NH4, NO23,
and sulfide, where nitrogen species were analyzed as in Chapters 2 and 3 and sulfide (H2S + HS-
+ S%) samples were preserved with sulfide anti-oxidant buffer (SAOB), which raises sample pH
such that H2S and HS are converted to S*, and analyzed using the ion specific electrode method
within 24 hours of sampling. The resulting concentrations were then multiplied by the core water
volume at the time of sampling to compute the total mass that had accumulated. The time series
of each solute mass was then fit with a linear regression (see appendix B) to estimate the rate of
accumulation and the net accumulation (final —initial concentration ) was computed for each

core€.

Uncertainty Estimates
To estimate the overall error in the budget terms, we followed Pennino et al. (2016). We

first estimated the uncertainty and error propagation using the standard errors calculated for a
subset of the rates that were measured separately in all tanks over multiple samplings over time,
including denitrification, periphyton, and nutrient concentration in the outflow. We were unable
to estimate uncertainty and error propagation in plant biomass accumulation since we only

measured initial and final TN content. Similarly, inflow TN concentration does not have an
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associate estimated uncertainty and error since we assumed that one inflow was representative of
all inflow in the tanks. Details and equations on how we estimated the standard error and overall

budget error can be found in appendix B.

Results
Results of the budget will be presented in terms of grams of total nitrogen (g TN) per

length of each experiment. Results from the 2019 budget represent TN removal of floating
wetlands during the summer experiments (June — August), while the 2021 budget represents the
TN removal of floating wetlands for the spring experiments (April — June).

The control nitrogen budget for summer 2019 indicates an overall difference of 17 g TN
between the inflow and the outflow (fig. 2), which equates to a net removal by the floating
wetland. In the control budget, denitrification removed 32 = 7 g TN, which exceeded the
difference between the inflow and the outflow. When considering the difference between the
sources of nitrogen and all the sinks of nitrogen (outflow plus all other loss terms) in the control
treatment, a net source of 16 g TN was unaccounted for. The wall periphyton loss term was
minimal with only a removal of 0.9 £ 2 g TN. The experimental treatments for summer 2019, on
the other hand, show a difference (i.e., an uptake) of 129 g N between the inflow and the
outflowing concentrations (fig. 2, bottom). Denitrification over the experiment removed a total
of 29 £ 4 g TN, while the plant sequestered 12 g N for above ground biomass and only 3g N for
below ground biomass. Wall periphyton TN assimilation removed 3 £ 2 g TN from the
mesocosm. When considering the difference between the sources of nitrogen and all the sinks of
nitrogen (outflow plus all other loss terms) in the experimental treatment, a net source of 82 g

TN was unaccounted for.
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Figure 2 Control tank nitrogen budget. (top) Nitrogen budget for the experimental tank. (bottom)
Diagram of the sources (red) and losses (blue) of nitrogen in the mesocosm tank. + represent the
uncertainty for each term.
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For spring 2021, the control budget included an average removal of 13 g TN from the
system (fig 3, top). Denitrification removed on average 45 £ 18 g TN and periphyton played a
minimal role, removing 0.9 = 2 g TN. Meanwhile, the experimental budget (fig. 3, bottom)
indicates a net loss of 122 g TN, and denitrification accounted for an average removal of 37 £ 7 g
TN, above ground biomass removed 1.1 g TN and below ground removed 1 g TN from the

mesocosm system. Periphyton was responsible for the removal of 2 = 2g TN.
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Figure 3. Control budget for Spring 2021 (top) and experimental budget for Spring 2021 (bottom).
Diagram of the sources (red) and losses (blue) of nitrogen in the mesocosm tank. * represent the

uncertainty for each term.
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Discussion

During both years and seasons denitrification was the primary nitrogen sink in our
budgets. Denitrification removed 16% of the TN input during summer 2019 in the controls, and
15% in the experimental treatment. Meanwhile for spring 2021, denitrification removed 44% of
the TN input in the controls and 39% of the TN in the experimental treatment. The relative
contribution of denitrification to total N losses in the mesocosm tanks during summer was
comparable to natural systems with low residence times 10-15%, (Shen et al. 2022) but lower
than longer residence time systems, where denitrification in sub-tidal sediments removed 60% of
the watershed load to the Patuxent River estuary (Boynton et al. 2008). Regardless of the relative
removal rate, denitrification was the largest removal process in our wetlands, exceeding removal
via plant biomass by a factor of two during the peak growing season (June to August) and by a
factor of >20 during the low-biomass period.

A relevant result of our budget analysis was the fact that we measured substantial
denitrification rates in the control treatments, where no wetland plants were added. Our control
treatment consisted of a floating media with a surface area of 2.5 m? and a thickness of 17.8 cm
and is made of PET fibers that create high porosity and internal surface area of 656.2m?/m>.
Throughout the course of our experiment noticeable amounts of biofilm developed within the
media pores (fig. 1) which possibly created substantial areas of oxic and anoxic interfaces that
could support coupled nitrification and denitrification. Recent research has demonstrated that
unplanted media also has the potential to remove nitrogen through the activities of microbial
communities that develop within the complex matrix within the media. Stewart et al., (2008)
indicated that BioHaven media (made of PET fibers) successfully promoted nitrification and
denitrification, removing 10.6 g day"' of NO3™-N and 0.2 g day! of NH4"-N. Wang and Sample,

(2014) reported that their media (PVC frame with plastic mesh) facilitated the removal of
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nutrients in a similar way to the planted media, while Zhao et al. (2013) reported that their
floating beds with rhizo-bags performed better than the no-media treatments but worse than their
floating beds planted media with tall fescue (Festuca arundinacea) thanks to bacterial
development throughout the course of their experiment. These results support the hypothesis that
floating media -sustain an environment ideal for microbially-mediated nitrification and
denitrification (Garcia et al. 2022).

In comparison to denitrification, plant nitrogen assimilation removed a comparably low
amount of nitrogen in our experiments. Plant assimilation removed a combined 15 g TN (8%) of
TN in the summer, and 1.7 g TN (1.8%) of the TN in the spring. Summer values are comparable
to other floating wetland studies, where for example, Garcia Chance et al. (2019) reported that P
cordata and J. effesus removed higher rates of N during the months of August and September
when deployed in a high nutrient runoff (8.6 g TN and 88 g TN, respectively when extrapolated
to the same amount of time elapsed in our experiment). When comparing these sinks to natural
systems, Anderson et al. (1997) reported a removal of 14 g TN m? y! for Spartina alterniflora in
a marsh located in Eastern Shore Virginia. Again, these ranges are indicative that the removal of
TN by Spartina patens in our mesocosm (37.5 and 4.3 g TN m™ for 2019 and 2021) is
comparable to rates found in natural systems. Above ground assimilation was higher than below
ground assimilation, indicating that wetlands planted for nitrogen removal in sifu could be
managed with above ground harvest occurring in fall to remove the nitrogen completely from an
estuary. This high above ground to below ground N ratio can be seen in natural marshes that are
experiencing high levels of nitrogen input, as for example, where Spartina spp. allocate biomass
primarily to above ground tissue under nitrogen enrichment (Deegan et al. 2012). This allocation

to above ground biomass seen in the experimental treatments can be due to the use of fertilizer at
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the plant nursery that provided the plants for the experiment, or due to the relatively high
background N concentrations in the Patuxent River water we used in our experiments.

Floating wetland budgets from both the 2019 and 2021 mesocosms indicated that 85 g TN
(2019) and 83 g TN (201) were unaccounted for in the experimental tanks, suggesting an
unaccounted for sink of N. One potential sink of N that we did not explicitly include in our
budgets was incorporation of N into the biomass of the biofilms that developed in both
experimental and control media.Data from the diagenesis experiments showed that after 12 days,
the media released an average of 4 g = 1.2 g of highly degradable N, but this duration was not
long enough to decompose all of the biofilm. However, the modeled total N that would be
released given all of biofilm degraded ranged from 6 g TN up to 16 g TN of highly reactive N
after a year. These experiments suggest that the biofilm likely accounted from 6% up to 19% of
the missing N in the budgets.

There could be other sources of error in the budget calculations that led to the mass
imbalances we measured. For example, in the experimental treatments, we effectively assumed
that all of the topsoil and peatmoss was removed, despite the fact that it is likely that substantial
portions of this material remained at the end of the experiment, especially given its low N
content (1% for peatmoss and 0.7% for topsoil). We also observed that a portion of this material
sunk to the bottom and was removed when we cleaned the tanks to sample the periphyton, or
some left the tank through the standpipe. All of these uncertainties might be causing the
discrepancies in the budget, especially since the peatmoss and topsoil inputs were nearly 30% of
the overall input to the tanks.

In contrast to the experimental tanks, there was more nitrogen being removed than the

difference between the inflow and the outflow, indicating an unidentified net source of nitrogen.
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indicates. This source is potentially necessary to support the denitrification we observed in the
control treatments. We hypothesize, that the high surface area of the media allows for adjacent
anoxic and oxic microzones to develop throughout the media, which has a very high surface area
(132 m2/m2), allowing for extensive environments for both nitrification and denitrification.
These potential microzones, although difficult to measure directly, have been suggested to occur
in aerobic marine sediments (Testa et al. 2013) and within the pore spaces of oyster shells
(Caffrey et al. 2016). Indeed, we measured a gradual accumulation of NO23™ and reduction in
NH4" within the porewaters of the media in the summer 2021 experiments (Butler-Viruet et al.
2024), supporting the notion of nitrification. Future studies should more explicitly quantify the

potential for these N transformation rates coupled with identification of the relevant organisms.

Conclusion and Future Work

Floating treatment wetlands seems to remove TN through denitrification during the
summer and spring season in two different years. However, imbalances in the budget indicate
that there are internal processes and external artifacts affecting the accurate estimation of these
budgets. From previous research focusing on the N dynamics and internal N transformations in
floating treatment wetlands, we gathered results that indicate floating wetlands are capable of
supporting nitrogen transformations ranging from ammonification to denitrification. We suspect
that nitrification serves as a source of nitrogen in both control and experimental treatments. For
the experimental imbalances where we have higher sources of TN than sinks, we suspect
insufficient accounting for the peat moss and topsoil and accumulation of N in biofilms led to the
discrepancies. Future work should include higher frequency in sampling of inflowing and

outflowing nutrients as well as more detailed measurements of nitrogen cycling.
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Chapter 4: Modeling nitrogen cycling and removal pathways in a temperate Spartina
patens floating wetland

Abstract
We implemented a process-based model to quantify the plant nitrogen assimilation and nitrogen

dynamics occurring in the water column and floating media of tidal floating wetlands. This
process-based model included a plant growth sub model that is nitrogen based, a water column
nitrogen sub model, and a floating media nitrogen sub model to describe the internal nitrogen
processes happening in floating wetlands. We developed a media amplifier to represent the three-
dimensional space of the media in our one-dimensional model and be able to represent its effects
on nitrogen cycling within the media. The model was calibrated using mesocosm experiment
data collected during a 90-day summer period and validated using mesocosm data from a 90-day
spring experiment conducted the following year. Results indicated an overestimation of plant
biomass and underestimation of nitrogen outflows during the spring season. Sensitivity analysis
shows that the model was sensitive to plant biomass allocation from the shoots to the roots
parameter as well as the presence of the amplifier to represent the biofilm and algal mats in the
media. On the other hand, the model performed better when predicting denitrification during the
spring months with some overestimation happening but following the existing downward trend
observed in the measured rates. This indicates that overall, the model performance is sensitive to
plant growth characteristics as well as the media amplifier and there is a need to improve the
modeling approach of the biofilm and algal mats to in the model. Further improvement can
improve predicting capabilities and help implementers in decision making process on when and
where to deploy these floating wetlands in coastal systems in need of additional approaches to

address eutrophication problems.
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Introduction

Floating wetland technology was originally designed to be implemented in stormwater
retention ponds to improve their contaminant removal efficiency and overcome the operational
limitations (i.e., maximum nutrient removal potential) of existing retention ponds (Tanner 2006).
Floating wetlands are typically composed of floating rafts (made of recycled PET plastic fiber or
a biodegradable material) planted with macrophytes (Sharma et al. 2021). These macrophytes
remove contaminants and excess nutrients from the water by direct nutrient uptake, and by
maintaining permanent contact with the water to slow flow velocities, hence increasing particle
settlement rates and magnitude (Sharma et al. 2021).

Many approaches have been used in the past to quantify floating wetland nutrient
removal. Harvest of above-ground vegetation is a relatively integrative, easy-to-measure quantity
that contributes to the effectiveness of a floating wetland by directly removing tissue nutrients
from a system. In the northern temperate zone, research recommends harvesting biomass in June
to maximize nutrient assimilation or early fall to prevent nutrient leaching (Wang et al., 2014).
However, floating wetlands deployed in the subarctic region of the world showed a lower N
plant accumulation when compared to the efficiency of floating wetlands deployed in temperate,
tropical and sub-tropical areas (Choudhury et al., 2019), so measurements from one type of
wetland in one region may not have wide applicability. Furthermore, because floating wetlands
are small in size and are seasonally dynamic, extrapolating the effects of one wetland sampled a
few times to ecosystem-scale effects is problematic. In addition to plant biomass nutrient uptake,
floating wetland effectiveness in retention ponds is reliant on many different factors.
Temperature (Van De Moortel et al. 2010), water flow, retention time (Yang et al., 2008), floating
wetland size and plant species (Garcia Chance and White 2018), as well as microbial

composition and activity (Gao et al. 2019), all interact to control nitrogen removal rates. All
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these variables may vary on time scales ranging from hours to seasons, and each controls plant
productivity and the biogeochemical processes that control the cycling and loss of nutrients from
a wetland ecosystem. Thus, incomplete sampling of wetland processes combined with irregular
sampling over time may not capture the seasonal and spatial dynamics of wetland nutrient
removal.

To overcome these challenges, models have previously been created to represent and
explain the mechanisms underlying floating wetland nutrient removal dynamics. Two types of
models have previously been implemented to quantify nutrient loss in floating wetlands; (1)
empirical models that employ empirical relationships to estimate nutrient loss at the system-
scale, and (2) process-based models that seek to represent the detailed plant physiology and
nutrient cycling rates that contribute to nutrient removal. Examples of empirical models include
that of Wang & Sample (2013), who developed a first-order kinetic model that attempts to
describe the performance of a floating treatment wetland in isolation, separated from the
performance of the pond/lake in which it is deployed. Meanwhile, Headley and Tanner (2012),
used the P-k-C* model proposed by Kadlec & Wallace (2009), to estimate the areal removal rate

coefficient of nutrient removal by the wetland. Kadlec & Wallace (2009) developed the P-k-C*

to predict the outflowing concentration of contaminants and other pollutants based on the
inflowing concentration, the number of ponds/tanks in series (P), and the volumetric rate
constant (k) based on the inflowing concentration (C*). Despite the utility of these models, they
may lack mechanistic dynamics to represent nutrient allocation, seasonality of plant growth, and
energy distribution, and thus their potential for N removal.

Process-based models include the mechanisms needed to model nutrient removal, like

nitrification and denitrification. Marimon et al., (2013) developed a process-based model that
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included the physical-chemical and biological processes of nitrogen removal (e.g.,
sedimentation, deposition, plant assimilation, nitrification, ammonium, and nitrate uptake). Their
model attempted to improve the understanding of nitrogen dynamics of floating wetlands
deployed in a sub-tropical stormwater wet retention pond. On the other hand, McAndrew & Ahn,

(2017) developed a process-based model composed of a hydraulic retention time, plant growth,

and a nitrogen sub-model. They utilized the model to explore the impact of three design elements
of a floating wetland and concluded that floating wetland efficiency (with low macrophyte
coverage) increases with an increase in hydraulic retention time and surface area coverage. More
importantly this model indicated that efficiency can be attained with the appropriate retention
time and high macrophyte coverage. Wang et al., (2019) also developed a process-based model
composed of nitrogen, phosphorus, and plant growth sub-models to describe the floating wetland
nutrient removal dynamics more accurately. Despite these relatively complex ecosystem-like
models of floating wetlands, these models have not been incorporated into a water column
modeling framework to explore impacts on estuarine biogeochemistry and wetland-water
interactions. These models have also not represented the dynamics of nutrient cycling in the
wetland matrix or the impact of floating wetlands on the cycling of nutrients and oxygen in the
water column they inhabit. More importantly, these models have only been applied in retention
ponds and/or lakes.

Thus, the purpose of this chapter is to (1) build a mechanistic model of a floating
wetland, (2) estimate the dynamics of nitrogen cycling within the media of the floating wetland,
and (3) implement this model in areas of interest in the Chesapeake Bay region. The model was
calibrated against measurements made in a mesocosm experiment in the summer of 2019, and

validated against the same type of experiments in the spring of 2021. A sensitivity analysis was
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performed using STELLA 10.1 to identify the parameters and processes that closely affect the
nutrient removal performance of the floating wetland. In particular, I sought to incorporate the
effects of the complex three dimensional media structure as it creates additional surface area to

support coupled nitrification-denitrification.

Methods

Model Description
The model applied in this study was based upon a previously published process-based

model by Wang et al., (2019). The model comprises two sub-models, a plant sub-model that
includes representations of above-ground and below-ground biomass, and a nitrogen dynamics
sub-model that represents organic and inorganic nitrogen pools, and the processes of nitrogen
uptake, release, remineralization, nitrification, and denitrification. The model in Wang et al.,
(2019) was based on floating wetlands deployed in retention ponds and was employed for a
relatively short duration in the peak of the summer growing season. In this study, we applied the
model against a pair of 70-day experiments, where floating wetland media planted with Spartina
patens were grown in flow-through mesocosms at the Chesapeake Biological Laboratory in
Solomons, Maryland, USA (38.3185° N, 76.4541° W). The experiments and model simulations

were carried out between June 21% and September 9, 2019, and April 16 to July 2279, 2021.

Model Setup and Forcing Data
The model was structured as a 2.5 m? domain with a media with a volume of 2 m?

deployed within a water column of 4.1 m3. Model forcing includes an inflow of three nitrogen
species (DON, NH4, NO23) based on weekly measurements made during the experiment (Butler-
Viruet et al. 2024). Water temperature and daily integrated PAR were derived from
measurements made in the nearby Patuxent River (<300 m from the experimental location).

Initial conditions for above and below ground biomass were derived from direct measurements
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of plant tissue at the initiation of the experiments, and initial nutrient concentrations came from
measurements made in the mesocosms at the outset of the experiment (Butler-Viruet et al. 2025).
Major model assumptions include (1) plant biomass can be represented by two homogenous
above-ground and below ground pools; (2) organic nitrogen can be represented as a single state
variable with a single decomposition rate; and (3) water column algae is insignificant (and
omitted) as algae concentrations are generally low (West et al., 2017). A diagram of the model is
shown in (fig.1). All simulations were run in STELLA software, with a daily time-step using a 4™

order Runge-Kutta integration.
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Figure 1. Conceptual diagram of the floating wetland nitrogen cycling model to fit mesocosm
flow-through experiment.
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Plant growth model
The plant sub-model is composed of two state variables: shoot (above-ground) biomass

and root or below-ground biomass. In this part of the model, the shoots generate biomass during
photosynthesis and translocate nitrogen to roots, while the roots assimilate nitrogen from the
water column to increase its biomass and decay to release DON. Shoot litter was not considered
in this model as it is assumed to stay on top of the floating raft. Root litter is transformed into

organic matter via hydrolysis. The shoot and root growth equations are expressed as Egs. (1) and

(2):
551 — ((1 — FSTR) Psu-Rsi) Bsi (1)
dB

dfo = FSTR - Psy - Bsy — Rgo * Bro (2)

where Bsu and Bro are the shoot and root biomass of the plants (g DW m), respectively; Psw is
the growth rate of shoots (day!); Rsu and Rro are the decay rate of the shoots and roots
respectively (day™'), and FSTR is the fraction of shoot photosynthetic products directly
transferred to the roots based on the availability of inorganic nitrogen and coefficient and max

allocation of photosynthetic product from the shoots to the roots (Eq 3):

DIN
FSTR = FSTRyax " (G merid N
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The growth rate (Psu) of the plants in floating treatment wetlands was limited by nutrient
concentration in the water column, water temperature, and daily integrated light availability. Psu

can be calculated by Eq. (4).

Psy = PMgy - fi(N) - fo(T) - f3(D) 4)

fL(N) = min (KHNPL+(NH4+N03)) ®)
e~ KT1p(T-TP1p)? if T <TP1,

f2(T) = 1 if TP1lp, <T <TP2p (6)
e ~KT2P(T-TP2p)*  if T > TP2p
PAR

(1) = G (7)

PMsy is the maximum shoot growth rate under optimal conditions (day™); f; (N) and f,(T) are
the nutrient and temperature limitation coefficients, respectively; KHNpL is the plant half-
saturation constant for nitrogen uptake from the water column in (mg L™!); T is the water
temperature deg C; TP1p<T<TP2p is the optimal temperature range for plant growth deg C; KT1p
is the effect of temperature below TP1p on plant growth (C2); and KT2p is the effect of
temperature above TP2p on that plant growth (C2); f5(I) is the daily integrated light availability
as a function of the annual daily maximum light availability.

The decay of the shoots and roots can be calculated by Eqgs (8) and (9)
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Ry = RMgy - e KTRsu(T—TRsp) (8)

Rro = RMp,, - eXTRro(T=TRro) 9)

where TRsy and TRro are the reference temperatures for shoots and roots deg C, respectively;
RMsu and RMRro are the reference decay rates for shoots and roots at the reference temperature
(day™), respectively; and KTRsu and KTRRro are the effects of temperature on the shoots and root

decay rates (C'), respectively.

Nitrogen dynamics sub-model

The nitrogen dynamic sub-model is based on traditional representations of nitrogen
dynamics in estuarine water columns. Total organic nitrogen (OrgN) sources include root decay
and water inflow supply, whereas sinks and/or removal mechanisms of OrgN are mineralization,
sedimentation, and outflow from the tank. Ammonium nitrogen (NH4"-N) sources include
inflowing water, root and organic matter decay, while the sinks include nitrification, plant
uptake, and outflow from the tank. For nitrate nitrogen (NO3™-N), the sources include the
inflowing water as well as nitrification in the water column, while the sinks of nitrate include
plant assimilation, denitrification, and outflow from the tank. The equations for the nitrogen sub-

model state variables are expressed as Egs. (10), (11), and (12) in mg L' d!:

dOrgN  Sprw
= - FNOp, - Rpp - LPLNM - Bgy — NMI - OrgN —
dt Vi
KNSED - OrgN + %(Qm - 0rgN,y — Qour - 0rgNyyr - OTgN) (10)
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= NMI - OrgN + FNIp; - Rgo - LPLNM - By — NMI - NH, —
dt Vw
S 1
livaLPLNM *PNpyp, - Psy - Bsy + E(Qm - NH;y = Qour - NHoyr - NH,) (11)
dNO; ) Srrw
:NltNH4_— LPLNM(l_PNPL)PSHBSH_
dt Vi
. 1
Denit - NO; + E(Qm *NO;y — Qour - NOgyr - NO3) (12)

For these equations, Srrw is the water surface area (m™), and Vi is the water volume (m?).
FNOrr and FNIpL are the fractions of nitrogen metabolized by plants as organic nitrogen and
ammonium, respectively; LPLNM is the ratio of nitrogen to plant biomass. NMI and KNSED are
the mineralization rate and sedimentation rate of organic nitrogen (day™'), respectively; PNrz is
the NH4"-N uptake preference factor for the plants; Nit and Denit are the nitrification and
denitrification rate (day™"), respectively; Qv and Qour are the inflow and outflowing water (m?
day™), respectively; and OrgNiv, NHiv, and NOi are the influent concentration of OrgN, NH4*-N
and NO3™-N (mg L), respectively.

NMI, Nit, and Denit are expressed as a function of temperature and are described in Egs.

(13) (14) and (16):

NMI = NMIM - eXNMI(T-TNMI) (13)
it = Nitm—>NHa ¢

Nit = NlthHNit+NH4let(T) (14)
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B e~ KNit1(T-TNit)? [f T < TNit
fruie(T) = {e—KNitZ(T—TNit)Z if T >TNit (>
Denit = Denitm——2 £, .(T) (16)

KHDenit + NO3

B e—KDenitl(T—TDenit)Z if T < TDenit
foenit (T) = {e—KDenitZ(T—TDenit)z if T > TDenit {17

where NMIM is the mineralization rate of OrgN (day™') at the reference temperature TNMI (°C);
KNMI is the effect of temperature on OrgN mineralization (°C); TNit and TDenit are the
optimum temperature for nitrification and denitrification, respectively; Nitm and Denitm are the
maximum nitrification and denitrification rates at TNit and TDenit (day"), respectively; KHNit
and KHDenit are the nitrification half-saturation constant for NH4"-N and the denitrification half-
saturation constant for NO3™-N (mg L), respectively; KNitl is the effect of temperatures below
TNit on the nitrification rate (°C~?); KNit2 is effect of temperatures above TNit on the
nitrification rate (°C~2); KDenitl is effect of temperatures below TDenit on the denitrification
rate (°C2); and KDenit?2 is effect of temperatures above TDenit on the denitrification rate (°C~2).
In this model, we include the preferential uptake of NH4*-N over NO3™-N, and it is

described in Egs. (18)

NH4-NO3 NH4-KHNpy, (18)
(KHNpL+NHy)(KHNpL+NO3) = (NH4+NO3)(KHNpL+NO3)

PNp, =

where KHNpL is the half-saturation coefficient for nitrogen uptake in plants.
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To simulate the nitrogen processes occurring within the media matrix, we implemented
the same formulations explained above and we added a coefficient to each transformation
process in the media model, which we hereby call an “amplifier”, which represents the additional
surface area for microbial processes afforded by the complex three-dimensional network of the

media represented in Eq. 19.

media area m?

kMedia = ( )/surface area m* (19)

media volume m3

The media amplifier is a dimensionless factor I could utilize to replicate the magnitude of the
nitrogen transformations in the media. So, for example, when representing nitrification

happening in the media, the model equation will look like Eq. 20.

Nit = (Nitm—"— f,,.(T) - kMedia (20)

KHNit + NH,

Calibration and validation

We used a mesocosm experiment described by Butler Viruet et al. (2025) to set the
boundaries and initial conditions and validate the model. These studies measured inflow and
outflow rates and concentrations of all state variables, root and shoot biomass, and denitrification
rates. For the experiments, water was pumped directly from the lower Patuxent River in
Solomons, MD with a salinity range from 5-18. Floating wetlands had a surface area of 2.5m?
and were initially planted with 20 plant plugs of 5 cm in height. The calibration measurements
were made during 90-day mesocosm experiments (triplicate mesocosms) made during the
summer months from June until September of 2019 whereas validation data came from similar
mesocosm experiments made during the April until June 2021. Initial conditions for calibration

and validation simulations can be found in the appendix C (S1).
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For the 2019 experiments, we calibrated the model with measurements of outflow rates of
organic nitrogen (OrgN), ammonium (NH4) and nitrate (NO3) as well as denitrification rates and
plant biomass accumulation. We applied the root mean square error (RMSE) and the coefficient
of determination (R?) to evaluate the deviation between the experimental data and simulation

data.

RMSE = \/ZLN=1(Mi —5;)?
N

NEL M;S; — (ZL M) (EL,S)

\/EfilMiz - (ELN=1ML')2 \/2?;151-2 - (2?’:151‘)2

R? =

Where M; and S; are the experimental data and simulation data, respectively: and N is the
number of data sets. We then validated the model with the Spring 2021 conditions using the same
variables as in 2019.
Sensitivity Analysis

We applied a sensitivity analysis on three important parameters for plant growth,
including the maximal plant growth rate (P Msy), the shoot-to-root translocation ratio
(FSTR,,,4x), and the temperature coefficients for the temperature-growth factor (KT1p, KT2p).
For each variable, we ran 5 simulations with varying parameters by 10% to 50% from their
baseline values (appendix C table S1). We also ran model experiments with and without the
wetland media amplifier, in order to evaluate the impact of elevated microbial surface area on

nitrogen cycling processes.

64



Results

Calibration

Plant biomass: The modeled above-ground plant biomass at the end of the 2019 experiment
was 652 ¢ DW/m?, which was 59.7 gDW/m? lower than the measured values (fig. 2). The
modeled below-ground plant biomass at the end of the 2019 experiment was 278 g DW/m?,
which was 69 gDW/m? higher than the measured values (fig. 2). In the simulations where the
media amplifier was excluded, the model underestimated both above and below ground biomass

by 548 and 139 gDW/m?, respectively.

Above Ground Biomass 2019 Below Ground Biomass 2019
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Figure 2. Plant modeled biomass and measured initial and final values. Red line indicates
modeled values without using the media amplifier. Blue line indicates modeled values with the
media amplifier. Black dots indicate the measured values at the beginning and at the end of the
experiment with the standard deviation of the mean.

Nutrient outflow rates: The 2019 model simulation with the amplifier tended to

underestimate nitrate outflow (figure 3, top) while overestimating ammonium outflow (figure 3,
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middle). The calibrated model performed relatively well without the amplifier when it came to
organic nitrogen, however, when the amplifier was implemented, the model underestimated
organic nitrogen outflow (figure 3, bottom). The root mean squared values of the nutrient
outflows reveal that the model including the media tended to overestimate the outflows (NO2+3

RMSE = 148, R’ = 0.34; NH4" RMSE = 41, R’ = 0.003; OrgN RMSE = 130, R’ = 0.001).
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Figure 3. Modeled time-series of nitrogen outflow rates in simulations that include the amplifier

(blue) and those that exclude the amplifier (red). The black dashed line represents the weekly

measured values with the standard deviation of the mean.
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Denitrification: The model without the amplifier underestimated the magnitude of
denitrification throughout the experiment by 60 mg m= d! on the low range and up to 200 mg m-
2 d"!.Once the amplifier was implemented in the model, the magnitude of denitrification
increased to represent the mean measured values, but did not follow the temporal pattern that the

measured data followed, (N2-N R? = 0.595, figure 4).
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Figure 4. Time-series of modeled and measured denitrification. Red line represents the modeled
values without using the media amplifier while the blue line represents the modeled values with
the media amplifier. Black dots represent the monthly measured media denitrification with the
standard deviation of the mean.

Validation
Plants: Validation of the model using the Spring 2021 data indicates the model tends to

overestimate above ground biomass when modeled both with and without the amplifier.
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However, when modeling below ground biomass the model with the amplifier performs

relatively well with a difference of 4 g DW/m? between the modeled and the measured data

(figure 5).
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Figure 5. Time/series of root and shoot biomass in the 2021 validation simulations. Red line
indicates the modeled values without the media amplifier while the blue line represents the
modeled values with the media amplifier. The black dots indicate the measured initial and final
plant biomass with the standard deviation of the mean.

Nutrient outflow: The nutrient outflow simulations show that the model underestimated
nutrient outflows with and without the amplifier (figure 6). RMSE and R? indicate the poor

prediction of the model with the amplifier (NH4+"™ RMSE = 65, R? = 0.038; NO2+3 - RMSE = 209,

R?=0.401; Org-N RMSE =282, R? = 0.032).
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Figure 6. Time-series of modeled values and measured values of nitrogen outflows during the
2021 validation experiment. Red line represents modeled values without amplifier while the blue

line represents the modeled values with the media amplifier. Black dashed line represents the
measured values with the standard deviation of the mean.
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Denitrification: The model without the amplifier underestimated media denitrification rates
(figure 9). After implementing the amplifier, the magnitude of the rates increased and had similar
temporal variability as the measured rates, even as short-term variability increased (R? = 0.236).
The denitrification rates were comparable in the 2019 and 2021 experiments, but denitrification

increased over time in summer 2019 but decreased over time in Spring 2021 (figure 4,8).
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Figure 8. Time/series of denitrification in the 2021 validation experiment. Red line represents the
modeled values without using the media amplifier while the blue line represents the modeled
values with the media amplifier. Black dots represent the measured media denitrification with the
standard deviation of the mean.

Discussion

Model-simulated plant tissue growth during the experiments was within the range of

measured values during the calibration (2019), but deviated from the measured final biomass
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values measured in the 2021 experiments during validation. There are multiple limitations of the
model that may have led to this discrepancy. Sensitivity analysis indicates that when maximum
allocation of biomass from shoots to roots is at its highest (F'STRmax = 0.5, table S2, figure S1) it
replicates an above ground biomass closest to the measured final values in 2021. However, it
fails to do the same for below ground biomass where a lower value (FSTRmax = 0.28, table S2,
figure S1) seems to produce the closest values to the measured final below ground biomass.
Partitioning of N between above and below ground biomass was set to a fixed value in the model
(Wang et al. 2019), but changes in nitrogen availability can alter the nitrogen allocation between
roots and shoots (Hester et al., 1994). Meanwhile sensitivity simulations involving altered
maximum growth rates, suggested that increasing this rate beyond that in the calibration would
lead to an overestimation of biomass (table S2, figure S10). However, a higher growth rates
seems to replicate best the measured below ground biomass (PMsh = 0.16, table S2, figure S10).
When evaluating sensitivity of the minimum temperature needed for plant growth, the higher the
temperature the better it predicts above ground biomass (7PIp = 25, table S2, figure S7) while
the lowest temperature seems to replicate below ground biomass better (7P/p = 22, table S2
figure S7). When comparing modeled nutrient outflows and denitrification in all of these
sensitivity simulations, there were no substantial changes between any of the values used in the
sensitivity analysis.

Another factor that influenced plant growth was the incorporation of the “amplifier” that
represented the extensive microbial community within the wetland media. The amplifier was
intended to represent the presence of a microbial biofilm in the media, which could encourage
denitrification but also provide elevated rates of decomposition of organic nitrogen to generate

nutrients for the plants to grow (Mazur et al. 2021). Although the amplifier appeared to lead to a
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more realistic plant growth outcome in the calibration, the model over predicted above ground
biomass during validation in spring 2021, suggesting that there were other factors influencing the
plant biomass in the spring 2021. It is possible that the presence of the media amplified the rates
of remineralization in the, releasing nutrients to stimulate growth during summer (2019). This
may have also led to elevated nutrient recycling which stimulated excessive growth in spring
(2021). Prior research has shown that low water column TN can limit plant biomass and
microbial metabolism (Chapra 2008). Another factor which may have influenced this behavior in
the model is temperature. Other research has shown that temperatures between 5 and 15°C were
shown to have the highest removal rates of N and P, while above and below this range led to
reduced efficiency (Van De Moortel et al. 2010). The spring 2021 experiment had temperatures
comparable to the range reported in (Van De Moortel et al. (2010), however, a direct comparison
is not possible since they attempted to estimate removal efficiency of N and P in floating
wetlands deployed in retention ponds.

Simulations of nitrogen outflows revealed that the 2021 model experiment tended to
underestimate all the nitrogen outflows with and without the amplifier. Other factors that could
be affecting the outflow are water column nutrient availability in addition to plant density, as
higher plant density contributed to a higher TN removal (Marimon et al. 2013). We also
hypothesize a source of “missing N’ could be attributed to omitting a portion of experimental N
from model inputs. A starter application of nitrogen fertilizer as well as both peatmoss and
topsoil were added to the media at the beginning of the experiments. A common practice used to
stimulate initial plant growth, this likely introduced an additional source of nitrogen into the
media and water column. The result of this would likely have been increased nitrogen

concentrations measured in the mesocosms and thus higher outflows. Budget analyses of our
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experiments indicated that topsoil contributed 4% of the TN sources in our nitrogen budget while
peatmoss contributed 30% in the summer 2019 experiments, and 6% and 42%, respectively for
the spring 2021 experiments. Thus, a refined version of this model would explicitly include these
nitrogen sources. Additionally, the model does not consider above ground biomass decay which
indicates how a potential source of organic and dissolved nitrogen is not considered and
implemented in the model. However, there was no visual presence of decaying above ground
biomass on top of the floating wetland in our experiments, so this may be a minor effect. Future
experiments should evaluate the floating wetland design and avoid the addition of topsoil and
peatmoss at the beginning.

With the amplifier, the model, performed relatively well by replicating the magnitude and
trend observed in the measured rates, especially in 2019. This indicates that the media and its
high surface area play a significant role in generating and sustaining these high rates of
denitrification measured in the floating wetlands. Oxygen concentrations measured in the
mesocosms were nearly always above 2-3 mg L!> which would inhibit denitrification. Despite
this general observation it is possible that anoxic microenvironments were present within the
media complex. These potential microzones, although difficult to measure directly, have been
suggested to occur in aerobic marine sediments (Testa et al. 2013), the pore spaces of oyster
shells (Caffrey et al. 2016) , and restored oyster reefs (Kellogg et al. 2013). If they exist, these
micro-zones would be in close proximity to oxic environments where nitrification can occur.
Within the pore waters of the media in summer 2021 experiments, we measured a gradual
accumulation of NO23™ and reduction in NH4" relative to the outside water column (Butler-Viruet
et al. 2024). These measurements support the notion of nitrification occurring alongside

denitrification in distinctive microzones. Future studies should more explicitly quantify the
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potential for these N transformation rates. This should be accompanied by an identification of
relevant organisms, and the extent of potential anoxic micro-zones. The current model is also
limited by the current algorithm simulating nitrification and denitrification. Currently this
process is based on the available concentration of ammonium and nitrate and temperature, while
not taking oxygen or bacterial biomass into consideration.

An unexpected observation in our experiments was the growth of a green algal mat on the
surface of the floating media in the mesocosoms. These mats were likely photosynthetic, and
thus the amplifier used in the model may not fully represent the microbial community in the
media. Given that these additional algae would have sequestered nitrogen we would likely have
even less modeled outflow of nitrogen from the media. In an attempt to experimentally estimate
the N uptake of the biofilm growing in the media, we performed diagenesis experiments in 2022
(see Appendix B for details). Results from these experiments showed that after 12 days, the
media with biofilm released an average of 4 g + 1.2 g of N. It is noteworthy that this duration
was not long enough to decompose all the biofilm. To account for this fact, we developed a
simple model that predicted the total amount of nitrogen released from the biofilm after a year
and it ranged from 6 g to 16 g of highly reactive N (see chapter 2). These numbers would
account for 6% to 19% of additional N uptake and storage. This simple model could indicate the
importance of adequately modeling the biofilm and a potential sink (and eventually a source) of
nitrogen that should be included in future models. To more accurately represent the
accumulation, turnover, and contribution of algal mats that can develop on floating wetlands a
more thorough modeling approach could prove beneficial.

Our model simulations would suggest that over the course of a growing season (April to

September), the floating wetland would take up 27 kg TN m2 (11 kg TN m2) via denitrification
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and 9 kg TN (3.6 kg TN m™) from plant assimilation. This is consistent with a growing number
of studies that indicate that plant N uptake can be small relative to denitrification (Butler Viruet
et al., 2025; C. Y. Wang & Sample, 2014). A hypothetical application of the model simulations
shows the potential for floating wetland nitrogen removal in the Patapsco estuary, we simulate
the experimental additions of various areas of floating wetlands. The annual N load to the
Patapsco River estuary is 2 x 10% kg/yr. If 1000 m? of floating wetland could be deployed,
roughly 500 of the floating wetlands we measured in the mesocosm, the N loss from these
wetlands would be 3.6 x 10* kg/yr. This would equate to a 1.8% reduction of the annual load.
Recent wastewater treatment upgrades in the Patapsco estuary have resulted ina 1 x 10 kg/yr
decline in N loads. To accomplish this same reduction would require 70,000 m? of floating
wetlands, considering our 2.5 m? floating wetlands consumed 36 kg N. Given that the Patapsco
tidal water surface area is 68,400,717 m?, this would cover approximately 0.1% of the tidal
surface area. Thus, there is a potential to perform large-scale wetland additions in-situ in an
estuary like the Patapsco, but the costs of such a venture relative to other BMPs needs to be
quantified.

This model analysis adds to a growing number of floating wetland models and
experiments that have been developed in recent years. We took the approach of adapting a
process-based model to our experiments. This type of modeling approach fosters a more
quantitative and mechanistic understanding of system performance (Defo et al. 2017). In contrast
to Wang et al., 2019 our process-based model contains several significant differences. First, an
amplifier to represent the media component of the floating wetland was added, given how
extensive the surface area of the media is to host microbial communities. Second, a

photosynthetic function to influence the plant biomass accumulation depending on sunlight
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availability and intensity was added so that a seasonal analysis could be done, which is necessary
to discern N removal rates during periods of varying temperature, nutrient availability, and
sunlight. The sunlight-dependence could be further developed to represent oxygen transport to
wetland plant roots, which may influence nitrification and denitrification. Third, a function for
allocating biomass from the shoots to the root dependent on inorganic nitrogen availability was
added to represent the fact that wetland plants may partition more biomass to above-ground
tissues under conditions of high nutrient availability. Lastly, our model incorporates a flow
through parameter to simulate an estuarine environment with constant water flow. This final
piece allows for the estimation of N removal rates relative to inputs. Other process-based models
have been developed to measure floating wetland performance in a retention pond or retention
pond simulated environment. McAndrew & Ahn, (2017b) developed a process-based model
composed of three sub models (hydrology, plant growth, and nitrogen) and showed an increase in
nitrogen removal when hydrologic retention time and surface area increase. Wang et al., (2019),
developed a model with three sub models (plant, nitrogen and phosphorus) which indicates that
floating wetlands nutrient removal performance is sensitive to plant characteristics and microbial
activities. Both models are sensitive to plant characteristics and productivity. Each indicates that

plant nitrogen removal increases in effectiveness when the hydraulic retention time increases.

Future Improvements and Applications

The model developed here was intended for two purposes: first, to better represent the
dynamics of nitrogen cycling in floating wetlands and second, as a tool to predict the effects of
floating wetlands on whole estuarine ecosystems based on surface area coverage. A significant
improvement for future versions of the model should include the addition of oxygen

concentration as a state variable. We hypothesize the addition of oxygen to the model will help
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increase the predictive capabilities of oxygen dependent processes in the model. Although based
on the oxygen concentrations in our tanks these systems were relative well oxygenated (table
S1). These include processes such as mineralization, nitrification and denitrification. Another
area where improvements could be gained is in the implementation of algal mat and biofilm sub-
models. Such an addition could better account for the micro bacterial communities and algal
mats encountered in our experiments. Finally, the addition of nitrogen sources like peatmoss and
topsoil to the model could also help increase the accuracy of the model with respect to the

specific experiments we simulated here.
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Chapter 5: Floating wetlands in estuarine systems: Implications, gaps in our understanding,

and future steps

Implications

Floating wetlands have been utilized as a tool to overcome limitations of retention ponds
when it comes to treating stormwater runoff. Recently, there has been a desire to research and
expand floating wetland performance and implementation beyond retention ponds and into
coastal and riverine systems in an attempt to further aid natural system buffering against
eutrophication (Karstens et al. 2021). This desire stems from the fact that retention ponds may
treat only a small portion of a given watershed, thus even if effective, they can only make a small
reduction in the overall nutrient input to an estuary. Floating wetlands deployed directly into
estuarine waters may able to remove a more substantial fraction of the total nutrient load to an
estuary, and more directly mitigate eutrophication. Research as performed in this dissertation
helps inform the effectiveness and scope for application of floating wetlands outside retention
ponds.

Floating wetlands when deployed in mesohaline environments are capable of transforming
and permanently removing nitrogen from the system. This research helps inform future
implementation of floating wetland technology, including identifying the potential benefit of
nutrient removal in systems where other forms of restoration are either not an option or have
limited success. This dissertation aimed to shed light at how floating wetlands in estuarine
systems performed and transformed nitrogen. From our experiments, we found that floating
wetlands have N removal processes in addition to plant assimilation creating an environment that
supports ultimate removal of nitrogen. In other words, the wetlands create environments
favorable to producing inorganic forms of nitrogen that in turn support high rates of

denitrification. In the experiments, the complex floating media removed up to 40% of the
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nitrogen entering the floating wetland. Although plant nitrogen assimilation only accounted for
no more than 10% of the nitrogen removed, it identified at least one species of plant that can
remove nitrogen effectively in mesohaline environments. These results are promising as there is
data indicating the effective removal and transformations of nitrogen in floating wetlands

deployed in estuarine-like environments.

Research Gaps

Research beyond mesocosms: new vs. established, in isolation vs. in-situ — Although our
research indicates that floating wetlands performed relatively well and removed a significant
amount of nitrogen from our mesocosm experiments, these experiments were limited to one type
of environment. To further understand floating wetlands across a broader range of coastal
systems, it is important to understand how these work under different salinity gradients and
coastal conditions. Landaverde et al., (2024) shed light on how different pants species perform
under different salinity gradients showcasing how Spartina patens and Spartina alterniflora
performed the best in saline environments in the east coast of the US. While Sanicola et al.
(2019) showcased how Phragmitis australis and Sarcocornia quinqueflora performed the best in
saline conditions off the coast of Australia. (Karstens et al. 2018; Karstens et al. 2021) researched
floating wetlands in Baltic Sea lagoons in an attempt to understand floating wetland performance
and its interactions with their environments. The floating wetlands they studied not only removed
nitrogen but also served as a nursery ground for juvenile eels (Anguilla anguilla) and foraging
ground for the grey heron Ardea cinerea. In experimental settings in Oklahoma, US, Strosnider
et al. (2017) indicated that their floating wetlands were utilized as sheltering habitat by birds,
amphibians, snails, and spiders. Thus there is a potential to better quantify the food and habitat

effects of floating wetlands.
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There are also considerations of experimental methods and their impacts on nitrogen
cycling. We allowed our floating wetlands to settle and plants to establish for a short period of
time before experimental measurements began. However, accumulation of organic matter occurs
for relatively long periods in a floating wetland as well as the degradation of the floating media
due to biotic and abiotic factors. It is important to understand how the performance and the
ability of floating wetlands to remove nitrogen changes overtime with organic matter
accumulation and natural decay of the media. For example, naturally occurring floating wetlands
can cause low oxygen zones directly underneath the floating wetland (Swarzenski et al. 1991;
Alam et al. 1996) as well as organic-rich zones due to decay plant and root material (Scheffer et
al. 2003) and this is just to name a few of the effects of naturally occurring floating wetlands.
These factors, over time, can influence the performance of the floating wetland. Researching
them can provide implementers enough information to better estimate the overall nitrogen
removal potential, the possibility that this potential could decline over time, and the effects of
floating wetlands on their surroundings. Research on artificial floating wetlands and their effects
in their surroundings have indicated that floating wetlands do have the capability to minimize
oxygen concentrations directly underneath providing an overall less aerobic, highly organic, and
cooler conditions directly underneath the floating wetland (Strosnider et al. 2017).

Floating wetland implementation practices — Floating wetlands do not typically follow
specific implementation practices. Plants often come from plant nurseries where fertilizer is
applied to aid the pant with growth at the early stages and through the time while these are in the
nursery pots. Utilizing plants with fertilizer can be detrimental for the area of interest as these
can add substantial amounts of nitrogen and phosphorus to the system and can hamper or delay

the treatment effects. More research understanding the performance of a floating wetland or
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plants without fertilizer in floating wetlands can aid in new designs optimized to aid establish the
plants without the need of fertilizer. We also added peatmoss and topsoil to floating wetlands to
be consistent with industry practices, but these materials also bring nitrogen and phosphorus to
the system from outside. Our nitrogen budgets indicate that although fertilizer only accounted for
0.004% of the sources of nitrogen, topsoil accounted for up to 6% of the TN sources while
peatmoss accounted for up to 42% of the TN sources on the floating wetland, thus it would be
best to avoid their use in in-situ plantings.

Floating wetlands can have multiple designs — Floating wetlands can come in many different
shapes and forms. It is important to understand how other designs perform to find the most
appropriate design for the area of interest. Different designs could enhance different nitrogen
processes and the understanding of how this design will affect the internal nitrogen process can
she light into design improvement based on what the implementer is interested in doing. Our
experiments used a traditional floating wetland design. A floating media made of recycled PET
fibers, placed 50% submerged with plants, peatmoss and topsoil to aid in the establishment of the
plants at the beginning of the growing season. Although it is the most common, it is not the only
design. Strosnider et al. (2017) and Borne et al. (2013) used the same PET design to research the
effects of floating wetlands on the underlying water column and overall nutrient removal, while
Wang and Sample (2014) used PVC pipes, plastic mesh, and potholders to construct their
floating wetlands in mesocosm batch experiments. These experiments all produced different
rates of removal due to the use of different plants and different experimental settings. Other
approaches have included the use of burlap fabric, wood, inorganic matting, or fiber glass (Lucke
et al. 2019). Understanding how all of these perform in estuarine systems can help inform

implementer and choose the design that best fits their nutrient reduction targets.
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Floating wetland model missing formulations and additional interacting factors — Our
floating wetland model is a process-based model composed of three sub-models: a plant sub-
model, a water column nitrogen sub-model, and a media nitrogen sub-model. These formulations
do not include the effects of oxygen in any of the nitrogen processes known to rely on oxygen
presence or absence for optimal performance. Spartina patens research indicates that these carry
oxygen from the shoots to the roots to create oxic zones at the rhizosphere providing an
environment ideal for mineralization and nitrification by microbial communities associated to the
roots of these plants (Welsh et al. 2010). Additionally, the high porosity of the media, as
described in chapter 2 and 3 make the case for the importance of a biofilm model and the
inclusion of oxygen model that can represent the oxic zones that can be potentially supporting
mineralization and nitrification in the media and subsequently high denitrification rates. Beyond
the addition of oxygen, the model can benefit from the addition of a biofilm model that can
represent the net storage of nitrogen in the biofilm as well as the constant turnover and release of

nitrogen back into the system.

Future Steps
Research biofilm composition in the floating media — Our experiments indicated that the

media alone is responsible for sustaining high rates of denitrification. This type of behavior is not
uncommon as previous research has demonstrated the media’s ability to sustain microbial
communities capable of transforming nitrogen from mineralization to nitrification (Stewart 2008)
and subsequent denitrification (Butler Viruet et al. 2025). More experiments are needed to further
understand the microbial composition of the media and how different media designs shape the

microbial composition and thus its ability to support and transform the nitrogen in the system.
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In-situ experiments in different environments — As mentioned above, our experiments were
performed in a highly controlled environment. Although great for isolating floating wetlands
effects, these idealized experiments introduce artifacts that are not present, such as periphyton in
the tank walls, while excluding important variables that interact with the floating wetland and
influence their performance. For example, fish larvae, mussels, oysters, eels, turtles and
migratory birds may both benefit from floating wetlands, but also use them for habitat, which
may lead to modification of the wetland itself. For example, migratory birds utilizing the floating
wetland as a temporary foraging or nursing ground can become a source of nitrogen and
phosphorus because of their feces. Meanwhile, although mussels can aid with filtration and
removal of nutrient, their oxygen consumption can cause even lower concentration directly
underneath the floating wetland negatively impacting other organisms and the nitrogen
transformations dependent on oxygen availability. Research should be conducted on floating
wetlands under in-situ conditions to understand overall performance under the influence of all
other biotic and abiotic factors.

Conclusions

Floating wetlands can transform and permanently remove nitrogen from estuarine-like
environments through both denitrification and assimilation into plant tissue. Nonetheless more
research is needed to better guide design, performance, and implementation. This dissertation
provides the foundation needed to understand how this technology transforms nitrogen in the
system and what are the next steps needed to further develop and implement this technology to

tackle eutrophication in coastal systems.
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Appendix A

Supplemental Material for Chapter 2: Floating wetlands beyond retention ponds:
estimating nitrogen cvcling and removal in tidal waters

Section 1: Methods
Plant Biomass Calculations
Plant biomass was estimated by comparing the difference between initial plant nitrogen

concentration and final plant nitrogen concentration combined with the dry weights of the plant
tissue extrapolated to each tank. To estimate initial plant biomass (above and below ground) and

N mg we used the following equation:
B, = tze
Aym
where B; is the initial estimated plant biomass (mg DW m2), Py is the plant biomass average from
three plant samples (mg DW) and Np is the number of plants that were planted in each tank and
Ay is the surface area of the floating media (m?). We assumed all plants to contain the same
amount of initial N content. The same equation was used to estimate below ground biomass. To
estimate the final plant biomass accumulation, we used the following equation:
By =B; — Tr

where By is the final estimated plant biomass accumulation (mg DW m™), B; is the initial

estimated biomass (mg DW m™) and Ty total plant biomass collected in (mg DW m?). This was
done individually for all tanks. The same equation was used to estimate below ground biomass.

B. Experimental Calculations for nutrient, oxygen and denitrification fluxes
(1) The equations below describe the approach for computing a net sediment-water flux from a

time-series of a constituent measured in the water overlying the sediment in the incubation of an
intact core. First, the height of water above the sediment surface in the sediment core chamber
(Core Water Depth; m) is computed from the core area and volume of water measured after the
incubation.

Core H>0 Depth = (CORE VOL‘/CORE SURFACE AREA®)/100¢

where
a is the measured volume of water in the sediment core (cm?)
b is the surface area measurement of the core cylinder (cm?)
c converts measurement units to m

The slope of the linear regression fit of the constituent time-series during the incubation
(concentration versus time) is then used to estimate an hourly net sediment-water flux per unit
area, expressed by the general equation below:
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NET SEDIMENT-WATER FLUX (umol m? h™') = [(SLOPE?) x (Core H:O DEPTH?) x

(609]
where
a variable-specific slope of linear fit (NH4", NO2+37, O2, N2)
b converts measurements from volumetric to areal basis
c converts time units from minutes to hours

Blank corrections were made by simply subtracting the slope (slope of oxygen or nutrient
concentration versus time plot) of the blank core from the slope of the oxygen or nutrient

concentration versus time plot for the full sediment core. These corrections were generally either

zero or quite small.

C. Criteria for accepting, rejecting, and modifying variable slopes used in calculating net
sediment water fluxes: Constituent concentrations were plotted against time of sampling

and the slope of this curve is used to calculate net sediment-water exchanges. The following

steps assume that all data have been previously verified following normal protocols.

1. If the slope of the nutrient concentrations vs. time plot was statistically significant
(p<0.05), the slope was used in calculating fluxes without modification.

2. Occasionally, there were plots which indicated a clear increasing or decreasing trend in

concentrations over time but had one observation which diverged strongly (either higher

or lower concentration) from the trend. We consider these divergent data to represent

contaminated samples (either by addition of the compound or addition of water having a

much lower concentration of the compound) and they were not used. The slope was
recalculated using lower degrees of freedom and a higher “r”” value as a criteria for
significance. If the slope is statistically significant, it was used in calculating fluxes.

3. If the concentration vs. time plots were erratic (i.e. no statistically significant increasing
or decreasing trend in concentration over time), and if the difference in concentration
among variables was greater than twice the detection limit for that variable, the data for
that variable were considered to be non-interpretable. The slope was not calculated and

the entry for that variable was recorded as "NI".

4. If the concentration vs. time plots were erratic (i.e. no statistically significant increasing
or decreasing trend in concentration over time), and if the difference in concentration
among variables was less than twice the detection limit for that variable, then the slope

was taken to be zero and the net sediment-water flux was reported as zero. Occasionally,

statistically significant slopes have been found for some variables (mostly nitrite and
dissolved inorganic phosphorus) where concentration differences over the incubation

period do not exceed twice the reported detection limit. These slopes were used to
calculate net sediment-water exchanges.

D. Indices of N transformation
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To quantify metrics of nitrogen cycling associated with the media, we derived a series of
indices of nitrogen transformations. First, we computed the nitrification needed to support
denitrification using the following equation:

Apparent Nitrification = N, + NO, .3
where N2 is the net N2 fluxes and NOz+3 is the nitrate fluxes. This metric assumes that any N that
was denitrified in excess of the NO2+3 influx was generated through nitrification. We also
calculated the denitrification efficiency using the following equation:

N,
)

where N> is the denitrification rate and ). N is the summation of the NHa, N2, and NO2+3 fluxes

x100

Denitrification Ef ficiency (%) =

multiplied by 100 to obtain a percentage. Lastly, we calculated the ammonium recycling index

using the following equation:

Ammonium recycling index = 4 $100

YN
where NHs is the ammonium flux and ), N is the summation of N2, NHs and NO2+3 fluxes,

multiplied by 100 to obtain a percentage.
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Section 2: Results
Environmental characteristics of the mesocosms

Temperature, dissolved oxygen, chlorophyll-a, and salinity variation for 2019 and 2021
mesocosm experiments are shown in Table S1. The 2019 experiments were conducted in the
summer months while the 2021 experiments were conducted in the spring months.
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Table S1. Environmental characteristics for the mesocosm tanks in summer 2019, and spring
2021. These values represent the minimum, maximum and average values for the length of the
experiments. pH data not shown due to the sensor experiencing a malfunction halfway through

the experiment.

Parameter 2019 Control 2019 Experimental 2021 Control 2021 Experimental
Min | Mean | Max | Min | Mean | Max | Min | Mean | Max | Min | Mean | Max

Dissolved 14 |41 743 | 1.5 |41 6.7 |26 |68 102 |33 |69 10.1
Oxygen (mg L)
Oxygen 18.3 | 54.5 103.8 | 20.5 | 544 | 89.1 | 34.8 | 77.8 107.4 | 449 | 78.4 105.1
Saturation (%)
Salinity (PSU) 8.0 | 10.5 10.5 |79 | 12.7 10.5 | 103 | 11.8 132 | 104 | 11.8 13.2
Temperature 139 1 17.8 | 214 (139|179 |213 | 175|217 |27.0 | 165 |21.6 |265
)
Active 04 | 3.1 9.5 02 |22 9.3 0.7 | 6.8 20.6 | 0.68 | 6.6 20.1
Chlorophyll-a
(ngL™
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The inflowing waters contained a higher concentration in chlorophyll-a than in the tanks (fig.

S1), suggesting that algal cells in the inflowing water settled within the mesocosms.
Active Chlorophyll-a

2019 2021
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Figure S1. Active chlorophyll-a, total chlorophyll-a, and phaeophytin collected from the inflow
and treatment tanks. Experimental and control data represent the average of the three tanks for
each treatment. The error bars represent the standard deviation from the mean. Spikes observed
in the active and total chlorophyll-a plots indicate that the sample was collected shortly after
tanks were cleaned.
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The inflowing waters contained a higher PN concentration than in the tanks and outflow (fig.
S2), suggesting that PN in the inflowing water settled within the mesocosms. NO2+3~ was
elevated in the outflowing water relative to the inflow, while NH4" and DON differences were
less clear.
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Figure S2. (from the top) NO2 + NOs, NH4", DON and PN concentrations within different
environments in the mesocosm experiments in 2021 (Day 0 is April 16, 2021).
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B. Periphyton

Periphyton was collected on a weekly basis and analyzed for total mass and nitrogen
content. The control tanks accumulated less periphyton when compared to the experimental tanks
(fig. S3). Interestingly, when plotting the periphyton biomass (fig. S3) and the periphyton nitrogen
content (fig. S3) for the control and experimental tanks, it is clear that although the control tanks
accumulated less periphyton, the nitrogen percent contained in that periphyton is actually 0.8
percent N higher than in the experimental tanks, although not statistically significant (p>0.05) (fig.
S3). The weight of periphyton also declined over time in the experimental tanks, but not in the
control tanks (fig S3). This behavior can be observed on both experiments in 2019 and 2021.
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Figure S3. Periphyton weekly accumulation in the control and experimental tanks, including total
weight (top panels) and % N (by weight) of collected tissue (bottom panels). Periphyton was
collected during weekly cleaning utilizing a plankton net. Error bars indicate the standard deviation

from the mean of the three tanks.
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Appendix B

Supplemental Material for Chapter 3: Partitioning nitrogen removal potential in floating
wetlands using mass balance budgets

Estimating Error Propagation

To estimate the error propagation of the budget we estimated the weekly uncertainty for each of
the individual analytes that compose TN (NO2+3", NH4*, DON and PN), as well denitrification
and periphyton using the following equations:

— _SD
ox = ~ (1)
where SD is the standard deviation of the N measurements. This quantity, SD/\N, is called the
standard error of the mean or just the standard error (SE). The we estimate the fractional
uncertainty using equation 2:

. , )
fractional uncertaity = ﬁ (2)

Where fractional uncertainty, defined as the uncertainty divided by (the best-guess value of) the
quantity x itself. Then we estimated the error propagation of the budget by using the standard
error and the fractional uncertainty using the following equation:

5Q = /(8a)? + (6b)2 + -+ (6x)2 + (6y)? 3)

We used this equation since the estimation of the nitrogen budget was a summation of all the
weekly rates of from all the nitrogen forms. I estimated the weekly uncertainty of the flow rates
for each of the tanks and then estimated the overall error propagation for weekly TN rates
(g/week) using eq 3. All weekly errors were added together to indicate the overall uncertainty of
the weekly rates. To estimate the error propagation of denitrification we estimated the
uncertainty of monthly denitrification rates then added them together to represent the uncertainty
of all the measurements added together.
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Diagenesis Results
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Figure S1. Time-series of NH4 accumulation rates in 12-day diagenesis experiments. 50
represents 50% submerged and 100 is 100% submerged.
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Figure S2. Time-series of NO23 concentration in 12-day diagenesis experiments. 50 represents
50% submerged and 100 is 100% submerged. The declines in these concentrations confirm that

oxygen levels were maintained at anoxia during the experiment, and concentrations were

extremely low.
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Appendix C

Supplemental material for Chapter 4: Modeling nitrogen cycling and removal pathways in

a temperate Spartina patens floating wetland

Model Variables
Table 1. Model variables
Parameter Description Units

Bsy Above ground biomass g DW m?

Psu Plant growth rate day!

Rsu Decay rate of shoots day”!

Bro Below ground biomass g DW m?

Rro Decay rates of roots day"!

PAR Photosynthetic Active -
Radiation

PARmax Maximum photosynthetic -
active radiation

KTRgy and KTRgq Effects of temperature on the °C!
shoots and root decay rates

RMsu Shoot death rate at reference day!
temperature

RMRro Root death rate at reference day!
temperature

TRgy and TRyq Reference temperatures for °C
shoots and roots

PMsu Maximum growth rate of plant | day™!
shoot

T Temperature °C

KTl1p Effect of temperature below °C?
TP1P on shoot growth rate

KT2p Effect of temperature above °C?
TP2P on shoot growth rate

TP1p Minimal range of growth °C
temperature

TP2p Maximum range of growth °C
temperature

KTRsu Effect of temperature on shoot | °C-!
respiration rate

KTRro Effect of temperature on root °C-!
respiration rate

kFSTR Reaction coefficient of the -

fraction of shoot
photosynthetic products
directly transferred to root
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FSTRmax Maximum fraction of shoot -
photosynthetic products
directly transferred to root

KHNpL Half-saturation constant for mg L-!
nitrogen uptake

LPLNM Ratio of nitrogen to plant mgN g'!
biomass

KNSED Sedimentation rate of OrgN day!

NMIM Mineralization rate of OrgN in | day™!
reference temperature

KNMI Effect of temperature on °C!
mineralization rate of OrgN

Nitm Maximum nitrification rate day!

Denm Maximum denitrification rate day!

KNit Effect of temperature on °C?
nitrification rate

KDenit Effect of temperature on °C?
denitrification rate

KHNit Nitrification half-saturation mg L-!
constant for ammonium

KHDenit Denitrification half-saturation | mg L-!
constant for nitrate

Kmedia Media amplifier m? m?

OrgN Organic Nitrogen mg m

SkTw Water surface area m?

Vw Water volume m3 day’!

FNOpy, Fractions of nitrogen | -
metabolized by plants as
organic nitrogen

NMI Mineralization rate of organic | day!
nitrogen

Q;n and Qoyr Inflow and outflow of water m? day

xNyy and xNgyr Nitrogen concentration mg m
inflowing and outflowing

NH, Ammonium mg m

FNIpy, Fractions of nitrogen -
metabolized by plants as
ammonium

PNp, Ammonium uptake preference | -
factor for plants

NMIM Mineralization rate of OrgN at | day™!
reference temperature

KNMI Effect of temperature on OrgN | °C
mineralization

Nit Nitrification Mg m? d'!
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Denit Denitrification
KNitl effect of temperatures below (°C?)
TNit
KNit2 effect of temperatures above °C2
TNit on the nitrification rate
KDenitl Effect of temperature
KDenit2 Effect of temperature
TNit Optimum temperature for °C
Nitrification
TDenit Optimum temperature for °C
denitrification
KHNpL Half-saturation coefficient for | -
nitrogen uptake in plants
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Figure S1. Forcing data for NO2;3" and DON, water temperature (°C) and Photosynthetic active
Radiation (PAR). NH4" values are not included as they are close to 10% of the NO23 values.
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Sensitivity Analysis
Table S2. Sensitivity values used for all the parameters tested in the model. TP1p is the
minimum temperature plant growth, KFSTR is the reaction coefficient for the allocation of
biomass from the shoots to the roots, FSTRmax is the maximum allocation of biomass from the
shoots to the roots, and PMsh is the maximum plant growth rate of the plant shoots. Each run
represents the model run using each parameter value. Values used in initial run (Run 1) represent

the baseline values for each parameter.

Simulation TPl1p kFSTR FSTRmax PMsh
Run 1 22 0.1 0.05 0.16
Run 2 22.75 0.2 0.1625 0.1725
Run 3 23.5 0.3 0.275 0.185
Run 4 24.25 0.4 0.3875 0.1975
Run 5 25 0.5 0.5 0.21
Final % 13 5 10 31
change from

baseline value
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Figure S2. Sensitivity Analysis for FSTRmax on above and below ground biomass. (Top) above
ground biomass (bottom) below ground biomass.
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Figure S4. Sensitivity plot for FSTRmax on denitrification. Lines represent the average modeled
value the grey area represent the deviation from the mean for each of the sensitivities tested.
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Figure S5. Sensitivity plot for kKFSTR on above and below ground biomass. (Top) above ground
biomass (bottom) below ground biomass.
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Figure S7. Sensitivity plot for kKFSTR on denitrification. Lines represent the average modeled
value the grey area represent the deviation from the mean for each of the sensitivities tested.
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Figure S8. Sensitivity plot for TP1p on above and below ground biomass
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value the grey area represent the deviation from the mean for each of the sensitivities tested.
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