ABSTRACT

Title of Document: COMPARATIVE SUB-LETHAL EFFECTS OF
POLYBROMINATED DIPHENYL ETHERS
FOLLOWING SIMULATED MATERNAL
TRANSFER AND DIETARY EXPOSURE IN
TWO SPECIES OF TURTLE
Karen Marie Eisenreich, Ph.D., 2011
Directed By: Associate Professor Christopher Rowe, Marine
Estuarine and Environmental Science
Polybrominated diphenyl ethers (PBDES) are contaminants of concernras thei
concentrations have been increasing in the environment in recent years. T@us proj
sought to determine the effects of embryonic and dietary exposure to two PBDE
congeners (BDE-47 and BDE-99) on a suite of endpoints including development,
growth, metabolic rate, behavior and thyroid function of embryonic, hatchling and
juvenile red-eared slider turtleSrachemys scripta eleganand snapping turtles
(Chelydra serpentina Topical egg dosing was employed for embryonic exposures;
transfer efficiencies across the red-eared slider eggshe|28e82 % and 9.87 % for
BDE-47 and -99 respectively whereas they were 31.30 % and 12.53 % across the
snapping turtle eggshell. These transfer efficiencies were taken iotondedchen

topically dosing eggs in a subsequent exposure-response study of embryonic exposure

to BDE-47. Sodium perchlorate was included as a positive control for thyroid



disruption in the embryonic exposure study. Embryonic exposure to five
concentrations of BDE-47 (target exposure range from 40 ng/g - 1000 ng/g ww) led
to patterns of elevated standard metabolic rate in hatchlings of both speties a
increased liver weights in snapping turtles. No impacts were found on incubation
time, hatching success or total glandular thyroxing ¢ the hatchlings.

Embryonically exposed red-eared slider juveniles displayed delay@thg response
behavior and both species showed patterns of reduced thyroid sizefatidwing
exposure. Sodium perchlorate had significant impacts on survival, incubation time,
volume of the external yolk and, in the red-eared slider hatchlings. In snapping
turtles, sodium perchlorate exposures led to impacts on hatching success, standard
metabolic rate, liver and thyroid sizes, and A separate study of dietary exposure

to BDE-47 and BDE-99 (2055 ng/g and 1425 ng/g respectively) over a six month
period in both species revealed altered behavior and decregiseced-eared sliders
and elevated standard metabolic rate in snapping turtles. Embryonic and dietary
exposures to BDE-47 and -99 can elicit a suite of impacts potentiallgdetat

thyroid system function and are cause for concern, but the observed species specifi

differences in response require further investigation.
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Chapter 1: Introduction

Polybrominated diphenyl ethers (PBDES) are a group of organic compounds used
as flame retardants and historically employed in a wide varietyrfuener products
including flame-resistant polystyrene and polyurethane foams, treatgelstesdectronics
and plastics (de Wit 2002; Alaee et al. 2003). Their widespread use as an additive
chemical and global distribution has resulted in PBDEs being ubiquitous imenaeual
freshwater systems (de Wit et al. 2002; Hale et al. 2003; Law et al. 2003 EsRBe
been readily identified in environmental matrices and human tissues and hale rapi
spurred concern worldwide in scientific and regulatory communities (eetis B001).

PBDEs have been commercially produced in three distinct formulations- Pent
bromodiphenyl ether (penta-BDE; dominated by congeners having 4 or 5 bromine [Br]
atoms; see Figure 1-1), octa-bromodiphenyl ether (octa-BDE; dominatehfgners
having 7 or 8 Br atoms; see Figure 1-1), and deca-bromodiphenyl ether (dega-BDE
primarily composed of the fully brominated BDE-209; see Figure 1-1). Deéai8ihe
most commonly employed group of PBDEs worldwide, accounting for approxymate
80% of total use, but has traditionally been considered not to be bioavailable due to its
large size (959 g/mol) and logly (10; Hardy 2002) despite its very high concentrations
in sediments. However, deca-BDE can be assimilated and metabolized tay seve
organisms, producing lesser-brominated congeners such as penta-BDEsg#aed et
al. 1999; Stapleton et al. 2004a, 2004b and 2006; Chen et al. 2007, 2008; Chen and Hale
2010) that may be much more toxic and hormonally active than the parent compounds
(Meerts et al. 2001). Penta-BDE comprised about 12 % of PBDEs used worldwide,

although the United States was responsible for 98% of its use (Hale et al. 2003).



Due to the increasing environmental concentrations of PBDEs, in particular the
lower brominated mixtures, and the well documented bioaccumulative and toxic
properties, both the Penta-BDE and Octa-BDE are no longer on the market in Europe and
North America (Directive 2003/11/EC; Tullo 2003; Ward et al. 2008). Deca-BDE is
largely unregulated, however, and although it was banned in 2008 in Europe from use in
electronic equipment it remains in use in the U.S. Use in the U.S. will soon be
voluntarily phased out of production and use by 2012 due to an increasing body of
evidence demonstrating that BDE-209 can be assimilated and metabolized in the
environment to form the more toxic lower-brominated congeners (Kierkegaatd et
1999; Stapleton et al. 2004a, 2006; Van den Steen et al. 2007; BSEF 2010). Even with
regulations in place for PBDEs, environmental concentrations are continuinggasacr
and continue to pose a threat to wildlife health.

PBDEs are globally distributed in freshwater, estuarine, and marine system
Wit 2002). Recent studies demonstrate that BDEs are accumulated by agjuadis a
and magnified through food webs much like the well-studied PCBs (Hale et al. 2003;
Stapleton and Baker 2003; Burreau et al. 2004), ultimately reaching reldighbl
concentrations in higher trophic level consumers, including humans (Boon et al. 2002;
Law et al. 2003; Sormo et al. 2006). The propensity for bioaccumulation of BDEs is due
in part to their lipophilicity. The octanol-water coefficient (| of lesser-brominated
congeners such as tetra- and penta-BDEs are within the range of valineshin w
accumulation potential is maximal (logt = 5.9 - 7.0 for tetra- and penta-BDEs;
Darnerud et al. 2001). On the other hand, higher brominated forms (octa- and deca-

BDES) display higher values ofd (log Kow = 8.4 - 10; Darnerud et al. 2001) reflecting



their large molecular size which impedes diffusion and reduces bioaccumulationgbote
through steric hindrance.

Studies suggest that PBDEs may act as endocrine disrupting compounds (EDCs),
potentially affecting thyroid hormone homeostasis (McDonald 2002; Branchi2&Q4;
Darnerud 2003; Legler and Brouwer 2003; Fernie et al. 2005a; Skarman et al. 2005;
Mikula and Svobodova 2006; Costa and Giordano 2007; Talsness 2008). Of most
concern are the PBDEs that comprise the penta-BDE mixture as they tend to have a
greater potential to be bioaccumulated and are more commonly found in biological
matrices, even though they are no longer in commercial use. PBDEs cay difectl
thyroid function via hyperplasia and tumor formation in thyroid tissues (NTP 1986;
Darnerud 2003) as well as operate through hormonal pathways to affect thyroionfunct

As a result of structural similarity to the thyroid hormones thyroxinggid
triiodothyronine (E; Figure 1-2), PBDEmay compete with Jfor binding sites on the
transport protein transthyretireducing transport of4Ito sites of activity (Meerts et al.
1998 and 2000; Hallgren and Darnerud 2002; Morgado et al. 2007). RB&Ealso
bind to thyroid hormone receptors, reducaamversion of Tto Ts at the target site
(Marsh et al. 1998). In addition, increased metabolism, tia§ been observedthe
presence of PBDEs, especially the lower brominated congeners such as BE-47 a
BDE-99 (Zhou et al. 2001 and 2002; Hallgren and Darnerud 2002; Richardson et al.
2008). Reductions of plasma dnd increases in hepatic enzymatic levels due increased
metabolism of T indicate that increased hepatic glucuronidation,agTaking place,
subsequently leading to increased biliary elimination,ads ;-glucuronide (Zhou et al.

2001 and 2002). Thus, PBDEs appear to operate not only to reduce the amqunt of T



transported in the blood, but also to reduce the activity at the target site. Reducti
thyroid hormone activity ahe target site can lead to a decrease in thyroid hormone
mediated regulation of cellular proteins andmbrane pumps, thereby affecting
metabolismgrowth, development, and behavior.

Many studies have demonstrated inverse relationships between plasn thyroi
hormone concentrations and whole body or treatment concentrations of penta-BDEs
(Fernie et al. 2005a; Costa and Giordano 2007; Talsness 2008). In addition to changes in
thyroid hormone homeostasis, exposure to PBDESs can lead to substantial developmental
and neurotoxic effects. Several studies have verified that PBDESs can cause
developmental and behavioral effects including reduced motor skills, learninigsbil
memory and hyperactivity in rats and mice (Eriksson et al. 1998, 1999, 2002; Viberg et
al. 2003; Branchi et al. 2002, 2003, 2005; Kuriyama et al. 2005; Costa and Giordano
2007; Driscoll et al. 2009). Changes in development and behavior after exposure to
penta-BDEs have also been documented in a variety of non-mammalian vertebrates
Juvenile zebrafishianio rerio) exposed to BDE-47 through their diet exhibited early
impacts to growth after exposure as well as reduced activity and swanatighat were
negatively correlated with tissue concentrations of BDE-47 viRalea pipiensadpoles
exposed to a commercial mixture of penta-BDEs showed reduced growth and delayed
development (Chen et al. 2010; Chou et al. 2010; Coyle and Karasov 2010). In addition,
adult American kestrelg=@lco sparveriusexposed through their diet to a penta-BDE
technical mixture exhibited changes in reproductive courtship behavior (Featie e
2008; Marteinson et al. 2010). Embryonic exposures to PBDEs in birds have also led to

impacts on growth, development, immunological parameters, and reproductive behaviors



(Fernie et al. 2005a, 2005b, 2006; McKernan et al. 2009; Marteinson et al. 2010). When
considered in an environmental context, such cognitive and behavioral deficits might be
predicted to reduce fitness of affected individuals thus potentially leading tcagiopul

level effects (see Figure 1-3).

A significant gap in the understanding of the influence of PBDESs on thyroid
dynamics exists in the role that altered thyroid activity may have in ymogliprocesses
other than neurological development (Darnerud 2003; see Figure 1-3). While thé thyr
plays a major role in neurological development, it also tightly regulategiyend
metabolic processes. The role of thyroid homeostasis in regulation of metabolism
suggests that significant alteration of the thyroid system may havedanging
consequences by modifying bioenergetic processes. Metabolic rate governs
developmental and growth patterns by determining the proportion of energy in yolk tha
can be allocated to tissue formation after respiratory demands are nedl as tie rate
at which this occurs. Thus, cellular and sub-cellular irregularities, sunbdifed
thyroid dynamics, can lead to overall metabolic anomalies which can theaéfre
bioenergetic processes regulating survival, energy storage, developnaegitoath
during embryonic and juvenile growth periods (Rowe et al. 1998, 2001a, and 2001b;
Congdon et al. 2001; Steyermark 2002; see Figure 1-3). Contaminant-induced reductions
in metabolic rates (Newman and Unger 2003) may modify rates of conversion of energ
stores to somatic tissues, influencing rates of differentiation and extahdieghbryonic
period, increasing the risks of mortality due to nest predators or microclivaaiations.
Conversely, a sustained elevation in metabolic rate can reflect inefficrentetabolism

translating to reductions in growth per unit energy metabolized (Rowe et al. 2001a,



2001b). Either an increase or decrease in metabolic rate via modified thyroidrfuorct
induction of damage repair mechanisms (Calow 1991) is potentially deleterious to the
affected individuals.

A lack of information on PBDE effects on a variety of long-lived speciesepts
a critical data gap hindering understanding of the importance of chronic actamula
and effects of PBDEs in many natural systems. Thus, development of models that
represent the types of processes that occur under natural exposure regiitieal ifor
evaluating long-term ecological implications of PBDEs. Many veatebrhaving long
lifespans, delayed maturation, and a high trophic position accumulate contaminants over
exceptionally long periods of time. Over an extended pre-reproductive period, high bod
burdens of BDEs may accumulate and, upon maturation and reproduction, the
accumulated compounds may be transferred to developing offspring via milk and
placenta (mammals) or yolk (oviparous vertebrates), ultimately produsswgtburdens
that may result in toxic effects. Thus, to examine environmental risks of PR BidiEels
should reflect species that possess life history traits that confer thkera high potential
for bioaccumulation and maternal transfer (e.g., Rowe 2008).

The common snapping turtl€ljelydra serpentineand the red-eared slider
(Trachemys scripta eleganisoth possess life history and ecological traits that make them
exceptionally well suited to studies of persistent, bioaccumulative compounds. The
shapping turtle does not reach sexual maturity until 11 to 16 years of age (Congdon et al.
1994) and the red-eared slider 2 to 10 years (Cagle 1950) after hatching with average
clutch size ranging from 26 to 55 eggs for the snapping turtles (Congdon et al. 2008) and

from 6 to 12 for the red-eared sliders (Gibbons and Greene 1990). In addition, as



juveniles, both species have carnivorous diets while as adults the snapping tudies re
carnivorous and the red-eared sliders switch to a more omnivorous diet, consuming high
amounts of protein when available (Gibbons 1990; Parmenter and Avery 1990; Spotila
and Bell 2008). These characteristics may lead to accumulation of periphilic
compounds for long periods prior to reproduction, potentially resulting in maternal
transfer of high concentrations to offspring. While the snapping turtle and ret-eare
slider have different phylogeny belonging to different families (Chedggriand
Emydidae respectively) they and other turtles are known to accumulatesRB®Eolla
et al. 2007, 2008; Moss et al. 2009; van de Merwe et al. 2010), but resultant effects on
embryonic, hatchling and juvenile health and fitness are unknown.

To date there have not been controlled laboratory studies conducted to determine
specific effects of PBDE exposure in embryonic or juvenile turtles. Howetrear
research studying contaminant effects on turtles have focused on both environmental
(typically snapping turtles) and laboratory embryonic exposures (typrealteared
sliders) to various contaminants and resultant hatchling effects (Bishop et al. 1991, 1998;
Crews et al. 1995; Willingham and Crews 1999, 2000; Willingham et al. 2000; Bell et al.
2006). The likelihood of adverse effects in wild populations seems great for toatles
can accumulate high concentrations of PBDEs. This is due to their high tropinsc stat
and propensity to accumulate and subsequently transfer persistent lipophilicinoantam
to developing offspring [for example; (Stone et al. 1980; Burger and Garber 1995;
Pagano et al. 1999; de Solla et al. 2007; Kelly et al. 2008)] asserting the impoftance

using turtles as models for PBDE-induced hormone disruption.



The widespread occurrence of PBDEs in the environment, their bioaccumulative
properties, propensity for maternal transfer to offspring, and potential itce@liocrine
effects on developmental processes suggests that significant ecolagidedations of
PBDEs could occur. Most laboratory models currently in use (laboratory ratssand
fish) do not capture environmentally-relevant exposures representative difvkohg-
organisms that accumulate PBDEs over decades of exposure. Therefore long-lived
model species such as turtles, having life spans approaching those of humans and many
other vertebrates, provide excellent sentinel species for use in examirenggotsks
to environmental quality.

While there is strong evidence that PBDEs can disrupt the thyroid system, the
exact mechanism by which the disruption occurs is less clear. This is notdlveittas
perchlorate, another contaminant of concern, which is a known thyroid inhibitor with the
mechanism of disruption well characterized. Increasingly, perchloratesssalt# have
become contaminants of concern due to their stability and persistence in ground and
surface water as well as widespread use in explosives, pyrotechnics fuetkeiissiles
and some fertilizers (Urbansky, 1998; Sridhar et al. 1999). The extensive use of
perchlorate in the aerospace, defense and chemical industries has led tasignifi
contamination of water, soil, sediment and biota (vegetation, aquatic insects, fish,
amphibians, and mammals) throughout the United States (Urbansky, 1998; Smith et al.
2001, 2004; Mayer 2006).

Perchlorate salts, such as ammonium perchlorate@i¥4) and sodium
perchlorate (NaClg), are highly soluble in water and once released into an aquatic

system they readily dissociate producing the salt and perchlorate ions {yrHEI8S3).



In vertebrates, ionic perchlorate competitively inhibits the thyroid gland fa&ing up

iodide, ultimately reducing thyroid hormone production leading to reduction of glandular
thyroxine as well serum concentrations of thyroxing @nd triiodothyronine (3}

Stanbury and Wyngaarden 1952; Saito et al. 1983; Wolff 1998). Alterations of thyroid
hormone homeostatis have serious implications for animal health because the hormones
play a role in regulating growth, embryonic and neurological development, and
metabolism of lipids and proteins (Clark 2000).

In this dissertation the impacts of controlled embryonic exposure to BDE-47 and
perchlorate on hatchlings, embryonic exposure to BDE-47 on juveniles as wetbag die
exposure to BDE-47 and BDE-99 in juveniles of red-eared sliders and snappiegy turtl
were assessed. The overall goal was to provide a comprehensive examination of the
effects of common PBDEs based upon a suite of developmental, physiological,
endocrinological and behavioral traits in order to make stronger inferesgaasling the
multiple processes that may be altered by PBDEs and the overall effeftspimg
performance and quality. Specifically, the individual studies addressedtsgqb&DE-

47 and perchlorate on thyroid-mediated processes including embryonic and hatchling
development and metabolic efficiency, as well as direct measuremenysand t

function, behavior, metabolic efficiency, growth, and development in juveniles. In
addition, an initial, key project for elucidating these impacts was ansassetsof the
relative transfer efficiency of the two PBDE congeners among the ®aiesp Data

from these studies were also intended to assess the relative utility of thettergpecies
as sensitive models for examining long-term effects of embryonic exposubtd B

and dietary exposure of juveniles to BDE-47 and BDE-99.
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Figure 1.1. Examples of PBDE congeners representing the penta-BDE (BDitt47)
BDE (BDE-183), and deca-BDE (BDE-209) mixtures.
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Chapter 2: Embryonic exposure to polybrominated difhenyl
ethers BDE-47 and BDE-99 in red-eared slidersl(achemys
scripta elegans) and snapping turtles Chelydra serpentina) via
topical dosing of eggs

Abstract

Polybrominated diphenyl ethers (PBDES) are a class of flame retatdansse
bioaccumulative, persistent and toxic. These characteristics make PBiIEsmants

of concern, thus requiring the development of models to determine the effectagesult
from exposure to the compounds. An important mechanism of exposure is through
maternal transfer, which has been documented in reptiles in natural habitatsatiSgnul
maternal exposure in a controlled and replicated manner to examine exposureerespons
relationships in turtles is challenging, as the rigid eggshell providesiartiardelivery

of contaminants to the embryo. However, topical dosing studies in which compounds
were applied to the egg surface and allowed to diffuse into the egg have been shown to be
an effective method of exposing embryos to some contaminants. This study
demonstrates transfer of two PBDE congeners (BDE-47 and BDE-99), across the
eggshell into the egg contents of the red-eared slidacliemys scripta eleganand

snapping turtleChelydra serpentina After 22 days of exposure to either BDE-47 or
BDE-99 it was found that BDE-47 had higher transfer efficiency than BDE-%@ iret-

eared sliders (25.82 % £+ 1.86 % vs. 9.87 % £ 1.08 %) and snapping turtles (31.30 % +
1.57 % vs. 12.53 % + 1.37 %) with transfer being greatest in the snapping turtles for both

compounds. It appears that BDE-99 was debrominated to BDE-47 in red-eared slider
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eggs, but not in snapping turtle eggs. This was evidenced by increased BDE-47
concentrations in the egg contents of the red-eared slider eggs topically dosedywith onl
BDE-99. The efficacy of topical dosing for administering desired embryopasexes

is clearly affected by the chemical properties of the individual compounds, andava

successful for BDE-47 in both species.

Introduction

Polybrominated diphenyl ethers (PBDEs) are compounds that are added to a
variety of products to reduce flammability, but due to their extensive use,laswiedir
bioaccumulative and toxic properties the two lower brominated penta-BDE and octa-
BDE mixtures have been banned from use and production (Directive 2003/11/EC; Tullo
2003; Ward et al. 2008). The only mixture currently remaining in use is the dd€a-BD
mixture which is primarily composed of the fully brominated BDE-209. This mixture,
however, is scheduled to be phased out of use and production due to similar concerns of
bioaccumulative properties and toxicity (BSEF 2010). While use of PBDEs Hasedec
they are still widely being detected in aquatic and wildlife samples.loWer
brominated congeners, including BDE-47, -99, -100 and -153, are most widely detected
and usually in the greatest quantity with this potentially attributed to metabofithe
higher brominated congeners through debromination (Law et al. 2003; Hites 2004;
Letcher et al. 2010). There is evidence in several different species mcfigd, rats,
and birds that reductive debromination is a potential pathway for metabolism olSPBDE
(Stapleton et al. 2004a, 2004b, 2004c; Huwe and Smith 2007; van den Steen et al. 2007;

Browne et al. 2009; McKernan et al. 2010; Noyes et al. 2010; Roberts et al. 2011). The
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environmental persistence of PBDEs as well as metabolism to the moreuboiettve
and toxic congeners suggests that they are likely to remain contaminants ohconce
despite the recently imposed restrictions on use. Therefore, there is a neediforadddi
animal models that can provide information on potential effects resulting fegar m
pathways of exposure to bioaccumulative and persistent compounds such as PBDEs.
The common snapping turtl€ljelydra serpentineand the red-eared slider
(Trachemys scripta elegangossess life history and ecological traits that make them
exceptionally well suited to studies of persistent, bioaccumulative compounds. The
shapping turtle does not reach sexual maturity until 11 to 16 years of age (Congdon et al
1994) while the red-eared slider can require up to 10 years to reach m&aglg (
1950), providing both species the potential to accumulate persistent lipophilic compounds
for long periods prior to reproduction. This chronic bioaccumulation can result in the
maternal transfer of those compounds to their offspring during embryogenessal Se
studies have documented maternal transfer of contaminants to eggs in turédsaas w
resultant effects on embryonic, hatchling and juvenile health and developmdmap(Bis
al. 1991, 1998; Bell et al. 2006; de Solla et al. 2008; Kelly et al. 2008; Eisenreich et al.
2009). Exposure and effects of contaminants resulting from maternal tramesfer a
important to characterize since the embryonic stages of development represesiti\aes
and key life stage that, if altered, could have impacts of hatchling and juventle dnedl
development.
Quantifying impacts of specific contaminants on embryos is difficult in
environmental settings as natural habitats often contain complex chenxtales To

overcome such complexities, controlled exposures in replicated laborator strelie
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required. In some cases, exposures of captive adults to contaminants and subsequent
assessment of their offspring has been used to provide a more controlled but natural
maternal transfer. Typically these types of studies use species withegroductive

cycles or are conducted where there is access to captive populations or coltrees of
organisms (Hammerschmidt et al. 2002; Rauschenberger et al. 2004; Fernie et al. 2005Db,
2006; Albers et al. 2007). However, individual variations in physiological traits among
adults can bring about considerable variability in transfer of contaminants poiodf,

making establishment of exposure-response relationships tenuous.

Alternatives to natural maternal transfer studies that can eliminatatipbtdutch
affects have been to provide controlled doses to the eggs directly via injection or to
employ topical egg dosing techniques in which the compound is applied directly to the
egg surface and allowed to passively diffuse through the shell. Egg injectionsceave
successfully employed in avian embryonic exposure studies with various cosrtésni
(e.g., Hill and Hoffman 1990; Hoffman et al. 1996; Fernie et al. 2005b, 2006; Heinz et al.
2009; McKernan et al. 2009, 2010). In contrast, injection of reptilian eggs has frequently
resulted in very high embryonic mortality rates ranging from approrisndét % - 79 %
(Gutzke and Bull 1986; Bull et al. 1988; Crews et al. 1991; Muller et al. 2007a),
suggesting that the reptilian egg is far more sensitive to the physicajjel@associated
with injection relative to the avian egg. Schnars and colleagues (2011) reported the
highest hatching success after injection at 61 % in snapping turtle eggstéadudieectly
from the oviducts of adult females, which is much lower than studies employind topica
dosing techniques. Compared to reptile egg injection techniques, topical dosing methods

do not have such a negative impact on hatching success as shown in several studies
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reporting greater than 85% hatching success of the controls (Wibbels avel X0l ;
Muller et al. 2007a, 2007b; Chapter 3).

While topical dosing has been shown to be less detrimental to reptile embryos
than egg injections, only a few studies have verified the percentage of théyopica
applied dose (transfer efficiency) that ultimately is incorporated integgeontents, an
issue that needs to be addressed to determine exposure and effect relatiaeships (s
Muller et al. 2007b). This study sought to quantify transfer of two polybrominated
diphenyl ethers of different molecular weights and leg/&(BDE-47 and BDE-99,

485.8 g/mol and 6.81 and 564.7 g/mol and 7.32 respectively) from the eggshell into the
egg contents of red-eared sliders and snapping turtles to validate the method for
embryonic exposure and effect studies of PBDESs. In addition, the concentratioas of t
two congeners on the eggshells and in the egg contents analyzed with and without the
chorioallantoic membrane were determined in an attempt to determine thenatdahe

topically applied dose and to determine species and congener differences.

Methods

Red-eared sliders and snapping turtle eggs were collected from Concortéa Turt
Farm in Wildsville, LA. All eggs for both species were laid on Ma¥§ @&h 41 eggs
from 15 red-eared slider clutches and 53 eggs from seven snapping turtle cluechies us
this study. Upon collection, each egg was given a number, written on the upper surface
of the egg in number 2 pencil, in order to identify each individual. Eggs were also
weighed, measured for diameter (snapping turtle eggs) and length andreddéaled

slider eggs) after which they were immediately placed in shallow bins cogg@iamp
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vermiculite, mixed with water in a 1:1 ratio. The eggs were maintainedaat a
temperature (approximately 18 °C) until Jun& ahen incubation at 26 °C, a

temperature known to produce only males (Yntema 1976; Wibbles et al. 1991), began.
Moisture and humidity were maintained by misting the eggs and nest substhateateit

at two to three day intervals. Previous research has found that within-clutowain
contaminant concentrations in the egg contents is very low (Bishop et al. 1994) thus,
prior to incubation two eggs from each clutch were randomly selected and egg contents
homogenized for contaminant analysis of background concentrations of PBDEs. All
procedures were approved by the University of Maryland Center for Environmental
Science Institutional Animal Care and Use Committee (S-CBL-07-04).

Dimethyl sulfoxide (DMSO; Fisher Scientific, Pittsburg, PA, USA) wasduss a
vehicle for the topical application of BDE-47 and -99 to the upper surface of the
eggshells for both species, as it has been widely employed in reptile topical dosing
studies and repeatedly shown to have very little toxicity to reptilian em{Cyews et al.
1991; Wibbels and Crews 1992; Wibbels et al. 1993; Bergeron et al. 1994; Crain et al.
1997; Prodreka et al. 1998; Willingham and Crews 1999, 2000; Willingham et al. 2000;
Gale et al. 2002). Working stock solutions for both BDE congeners were prepared by
adding neat BDE-47 or -99 (Accustandard Inc., New Haven, CT, USA) to DMSO
followed by further dilution of the working stock in DMSO to prepare the topical dosing
solutions for both congeners and species to achieve a target embryonic exposure of 40
ng/g for each egg. The concentrations of the doses for each species weresdalculat
based on a 20 % transfer rate of BDE-47 and -99 across the eggshell and chtmioalla

membrane into the embryo as determined in a previously conducted pilot study
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(Eisenreich, unpublished data). Doses for each species were furthercafdjugte
average egg mass (red-eared sliders-11.56 g and snhapping turtles-14.45ig3ingl
solutions were analytically verified (see below). Prior to the start of iticmh&ggs
from each clutch were randomly assigned to either the BDE-47 or -99 treatordsahf
species. Initial sample sizes for dosed eggs were 20 and 21 red-eared slidede?igs
and 26 snhapping turtle eggs topically dosed with BDE-47 and -99 respectively.

Solutions were topically applied to the vascularized upper surface of the eggshell
in 5 ul volumes over a period of 8 days to avoid an acutely toxic embryonic exposure
starting on the first day of incubation for a total applied solution volume pf A0 he
range in egg masses for the red-eared sliders and snappers was wide (7.93 g -16.26 g and
10.72 g -18.55 g respectively) thus the dose applied to each egg was adjusted for
individual egg mass to prevent drastically under- or over-exposing the embryggsonhe
a given treatment. To account for the variation in mass, the eggs were catbguaz
one gram mass classes and dosing solution volumes were adjusted accordiraglly for e
class. The dosing solution was then administered each day in 5 pl volumes until the
entire dose was applied. For the largest egg mass class, 8 days of dosirepwieed to
administer the entire dose resulting in a total applied volume of 40 pl, and allrsmalle
mass classes received an equal volume, but of a more dilute BDE solution.

After 8 days of dosing, eggs were incubated for 14 days after which they wer
frozen (approximately 55 days from hatching) for analysis of BDE-47 and -3&on t
eggshell and in the contents (yolk and albumin). Prior to extraction, eggs werd thawe
and contents removed from the shell. For 10 eggs from each treatment andtkpecies

chorioallantoic membrane was extracted along with the shell and for amaaldiO
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eggs the chorioallantoic membrane was extracted along with the egg sorftbrst was

done to estimate the concentration of the two BDE congeners in the chorioallantoic
membrane, as the membrane alone did not contain enough tissue mass to extract on its
own for each egg.

Total PBDEs (34 congeners) were analyzed in two homogenized eggs collected
prior to incubation for background concentrations of PBDES, representing each clutch of
eggs from each species. In addition, eggshells and contents were analyeg-#r
and -99 for estimation of transfer efficiency of the two congeners atsgtjshell and
chorioallantoic membrane for both species. Individual egg contents were homogenized
and the eggshells cut into small pieces using a small surgical scigsokghach water
from the samples was removed by adding sodium sulfate and grinding to further
homogenize the samples using a ceramic mortar and pestle. All sampléisemere
extracted using accelerated solvent extraction (ASE 300; Dionex) with dicttlwane.
Samples were packed atop deactivated alumina in stainless stegti@xiralls to
remove potential interfering lipids and other polar compounds. Prior to extrdé@en,
BDE-15 and"*C-BDE-118, surrogate standards were added to each extraction cell for
calculation of analyte recoveries. Extracts were then concentrated aectatilbp
purification using deactivated Flori&itolumn chromatography for removal of nonpolar
interferences. A sodium sulfate blank sample was run concurrently with each set of
extractions as a measure of quality assurance for measurement alb@raydry
contamination during the extraction and purification procedures.

Dosing solutions were diluted in hexane with BDE-47 and -99 concentrations

directly determined along with all extracted egg contents and shell sBgle
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concentrations using a gas chromatograph (Agilent 6890N) coupled to a neatisesel
detector (Agilent 5973N) operated in negative chemical ionization mode. Prior to
analysis*C-CDE-86 (2,2',3,4,5-pentachlordiphenyl ether) &f@+BDE-209 were

added as internal standards to all samples and calibration standards. AlcBD& d$

were purchased from Cambridge Isotope Laboratories (Andover, MA, USA), Weiling
Labs (Guelph, Ontario, Cananda), and Accustandard (New Haven, CT, USA) or received
from the U.S. National Institute of Standards and Technology (NIST; GitlnersMD,

USA). The programmable temperature vaporization (PTV) injector veasinpulsed
splittess mode with 5 pl injections and a 15 m DB-5MS column (J&W Scientific,
Folsom, CA, USA) having an inner diameter of 0.25 mm and 0.1 pum film thickness.
Instrument program specifications follow those methods routinely used in our talgorat
(see Klosterhaus and Baker 2010). The mass fragmentg9 and -81 were monitored

for di- to octa-BDEs, -487 and -409 for the nona-BDEs and BDE-209, -318 and -316 for
13C-CDE-86, and -495 and -415 f6C-BDE-209 for quantitative and qualitative ions,
respectively.

Three times the analyte mass in the laboratory blanks divided by the mass of the
sample extracted was determined to be the method detection limit (MDdl) &ralytes.
Mean recoveries (+ 1 standard error) for BDE surrogate stantf@-®&DE-15 and>C-
BDE-118 in red-eared slider (n=15) and snapping turtle (n=7) eggs used for background
concentrations were 120.67 % + 4.48 % and 118.50 % * 5.33 % as well as 117.53 % +
6.72 % and 102.35 % + 6.32 % respectively, all of which were abnormally high. Mean
recoveries for eggshells were 86.98 % + 2.51 % and 95.59 % + 2.61 % for the red-eared

slider and 86.83 % * 2.28 % and 92.82 % + 2.10 % for the snapping turtle. Lastly,
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recoveries for the red-eared slider contents of dosed eggs were 89.17 % + 1.97 % and
99.36 % £ 2.21 % as well as 86.14 % + 1.94 % and 95.34 % + 2.17 % for the snapping
turtle dosed egg contents.

All data were analyzed using MinitaMinitab Inc., version 15). BDE-47 and -
99 concentrations on the eggshell and in the contents of eggs for both species as well as
the transfer efficiencies defined as the percent ng in the egg contensnakzed using
analysis of variance (ANOVA) followed by Tukey’s pairwise compams. Analysis of
the chorioallantoic membrane BDE-47 and -99 content was completed using 2 sampl
tests to comparing differences in membrane contributions to egg content and shell
concentrations for each species and congener. Statistical signifwasg¢edged based
upon a type | error rate af 10.05. Prior to statistical analyses, data were tested and
verified that they met the assumptions of the statistical model using Levesefor
homogeneity of variance and Shapiro—WM) (statistic for normality in distribution
employing log transformations as necessary with the exception of BD&Rd4BD@

content in the shell for which the data were rank transformed (Conover and Iman 1981).

Results

Background Concentrations and Dosing Solutions

Background concentrations of total PBDEs detected in the eggs were extremely
low with the snapping turtle eggs having a greater number of detectable ecnged
higher concentrations than the red-eared slider eggs. A total of 15 clutches arfereéd-e
slider eggs were analyzed for background concentrations with total PBDE %48

concentration of 0.324 £+ 0.073 ng/g wet weight (ww). Only BDE congeners -100, -153,
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and -154 were detected in all red-eared slider eggs. Additional congenersdietee -
183 in 12 eggs, -99 in three eggs while -47, -196, -197, -198/203, and -204 were detected
in one egg. In the seven clutches of snapping turtle eggs analyzed for background
PBDEs, total PBDEs was 4.614 + 1.124 ng/g ww with congeners -47, -99, -100, -153, -
154, and -155/85 detected in all eggs. Congeners -28/33 and -183 were detected in two
eggs while -138 was only detected in one egg. The single red-eared slitleategg
contained BDE-47 had a concentration of 0.137 ng/g ww whereas the mean background
concentration of BDE-47 in snapping turtle eggs was 1.354 + 0.338 ng/g ww, 10 times
higher than contained in the single red-eared slider egg. Similarly, meai®BDEhe
three red-eared slider eggs it was detected in was 0.069 = 0.002 ng/g ww compared to
0.769 £ 0.386 ng/g ww in the snapping turtle eggs. Overall, the background
concentrations of both BDE-47 and -99 in egg contents for both species were much lower
than the target concentrations in the contents of dosed eggs (40 ng/qg).

Red-eared slider BDE-47 and -99 dosing concentrations were analyvieatigd
to be 63.67 ng/ul and 70.39 ng/ul respectively, lower than the calculated concentrations
(77.07 ng/ul) needed to achieve the target 40 ng/g in the egg contents over the 8 day
dosing period. BDE-47 and -99 dosing concentrations for the snapping turtle were
verified to be 104.31 ng/ul and 111.10 ng/pul respectively, higher than the calculated
concentrations (96.33 ng/ul). There were no other PBDE congeners detected in the

dosing solutions.
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BDE-47 and BDE-99 in Egg Contents and Eggshells

Overall, regardless of dose, the egg contents contained higher concentrations of
BDE-47 than BDE-99 in both species. Specifically, BDE-47 concentrations in egg
contents of snapping turtle eggs dosed with BDE-47 were significantly igtieaneBDE-

47 in egg contents of red-eared slider egg contents (p<0.0001; Figure 2-1). In addition,
BDE-47 concentrations in snapping turtle eggs dosed with BDE-47 were sighyficant
greater than the BDE-99 in red-eared slider and snapping turtle eggs dibsBiD#i99

(all comparisons p<0.0001; Figure 2-1). Similarly, BDE-47 concentrations-eared

slider eggs dosed with BDE-47 were significantly greater than BDE-99 coattbemsrin
contents of eggs from both the red-eared slider and snapping turtle dosed with BDE-99
(p<0.0001 and p=0.0069 respectively; Figure 2-1). While not significant, BDE-99
concentrations in red-eared slider egg contents seemed lower than BDE-99 ingnappi
turtle egg contents in eggs dosed with BDE-99 (p=0.0546; Figure 2-1).

Concentrations of BDE-47 and -99 on the eggshells of both species were reversed
from differences found in the egg contents. Across species and congeners, BDE-47
concentrations were lowest on red-eared slider eggshells and signifioarghthan
BDE-47 dosed snapping turtle eggs (p=0.0412; Figure 2-1) and BDE-99 dosed eggs of
both species (both comparisons p<0.0001; Figure 2-1). Likewise, snapping turtle eggs
dosed with BDE-47 had significantly lower concentrations than BDE-99 on eggshells
both species dosed with BDE-99 (both comparisons p<0.0001; Figure 2-1). Finally,
concentrations of BDE-99 on red-eared slider eggshells were significaunty than
BDE-99 on eggshells of snapping turtles dosed with the same congener (p=0.0004;

Figure 2-1).

24



Transfer Efficiency Comparisons

Transfer efficiency, calculated as the percent of administered compountkdetec
in the egg contents was compared across treatments and species. Pasfenbfra
BDE-47 across the eggshell was similar for both the red-eared slidensaguing
turtles as was the case for the transfer of BDE-99 (BDE-47: 25.82 + 1.86 % vs. 31.30
+1.57 %; BDE-99: 9.87 + 1.08 % vs. 12.53 + 1.37 %, slider vs. snapping turtle
respectively). However, transfer of BDE-47 was lower in the red-eadedssthan the
shapping turtles, but not statistically significant (p=0.0536; Figure 2-)ortrast, there
was significantly greater transfer of BDE-47 over the eggshell than®D& the red-

eared sliders (p<0.0001), and in the snapping turtles (p<0.0001; Figure 2-2).

I mpacts of the Chorioallantoic Membrane

The chorioallantoic membrane did not appear to act as an accumulator of BDE-47
or BDE-99 or a barrier to transfer from the shell to the egg contents aof eitigener.
Only red-eared slider eggs dosed with BDE-47 showed a significant difference i
concentrations when comparing samples of egg contents with the chorioallantoic
membrane included to the samples without the chorioallantoic membrane (443.93 +
39.70 ng/g ww and 536.73 £ 63.90 ng/g ww, respectively). The contents analyzed with
the chorioallantoic membrane included in eggs dosed with BDE-47 had signyficantl
lower concentrations of BDE-47 than contents without the chorioallantoic membrane
possibly indicating that the membrane is diluting the BDE-47 concentrationsegghe

contents (p=0.042). Similar comparisons were made with the eggshells and it was found
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that snapping turtle eggshells dosed with BDE-47 and-99 had significantly lower
concentrations of both congeners when the chorioallantoic membrane wagdnétiz

the shell compared to the shell alone (p=0.002 and p=0.007 respectively). This finding
also suggests dilution of BDE-47 and BDE-99 in the tissue when the chorioallantoic

membrane was added.

Total Dose Accounting

The entire eggshell was analyzed for BDE concentrations, while 3 g egg sliquot
of egg contents were analyzed. To gain an estimation of the total egg conterthmas
shell mass was subtracted from the total egg mass and this was used to con\it the B
concentrations in the egg contents to total ng of BDE in the contents (ng/content). With
this estimation of total ng of BDE in or on the egg, it was determined that for both
compounds and species, less than 45 % of the total dose topically applied to the eggs
could be accounted for. Specifically, only 30.63 % * 2.43 % of the total dose of BDE-47
could be accounted for in the red-eared slider eggs and shells. This was not stgnifica
different from the 28.44 % + 1.81 % accounted for of the total BDE-99 dose applied to
red-eared slider eggs (p=0.7685). However, the percent of BDE-47 accounted for in the
red-eared slider eggs was significantly less than the amount accounted for BDiot
47 and -99 dosed snapping turtle eggs (37.16 % £ 1.29 %, p=0.0293; 43.75 % + 1.92 %,
p<0.0001). The percent of BDE-99 accounted for in red-eared slider eggs was also
significantly less than the two congeners in snapping turtle eggs (p=0.0013 and

p<0.0001). There was no statistical difference in the percent of BDE-47 and -99
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accounted for in snapping turtles eggs topically dosed with the two congeners
(p=0.1842).

The red-eared sliders dosed with BDE-99 had the lowest percentage of the total
dose accounted for. There were also substantial concentrations of BDE-4&ddietect
the egg contents of these eggs dosed with BDE-99 (2.699 + 0.650 ng/g ww). The BDE-
47 detected cannot be accounted for by the background concentrations as BDE-47 was
non-detectable in the contents of eggs analyzed for background concentrations. In
addition, the BDE-99 concentrations in the egg contents showed a positive and
significant relationship with the concentrations of BDE-47, although only 25.7 % of
variation was explained by the model (p=0.0220r257; Figure 2-3). In contrast, the
BDE-47 concentrations in the egg contents of snapping turtles dosed with BDE-99 were
lower than the concentrations recorded in the background eggs (0.722 £ 0.093 ng/g ww
vs. 1.354 + 0.338 ng/g ww) and there was no relationship in BDE-99 and BDE-47

concentrations in the egg contents (p=0.366).

Discussion

Studies using topical egg dosing techniques for exposing reptile embryos to
chemicals have often either not quantified transfer across the eggsh#iieirgg
contents, or have done so in too few samples to achieve good characterization of
variability. However, topical dosing techniques serve as a viable option for cahtrolle
embryonic exposure studies of dose-response relationships so long as exposure is
verified. While it is known that a low percentage of the total compound placed on top of

the eqgg is transferred to the contents, the total dosing concentration applied can be
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calibrated to achieve an amount in the egg contents at concentrations found in
environmental samples and/or those suspected to cause adverse effecka @adre
1998; Portelli et al. 1999; Gale et al. 2002).

Egg injections are a common embryonic exposure technique employed in studies
of avian species, but these techniques have resulted in high incidences of embryonic
mortality in crocodilian or chelonian eggs (Gutzke and Bull 1986; Bull et al. 1988; Crews
et al. 1991; Muller et al. 2007a). Mortality in reptilian eggs following injectsdikely
due to fungal or bacterial infections as well as physical damage to the iyersrdathe
eggshell that may not re-seal following injection (reviewed in Mullet. 2097b).

Schnars et al. (2011) employed an injection technique in snapping turtle eggs that
resulted in the highest reported hatching success after injection (61 %) wheveeggs
injected shortly following removal from the oviducts of the female. While tbhimigue
improved hatching success relative to other injection studies with reptile eiggsili

much lower than hatching success (typically above 85 %) achieved when using topical
dosing techniques (see Chapter 3). In addition, the technique employed by Schnars and
co-workers (2011) requires the sacrifice of adult female snapping tuvtiesh can be
problematic due to the large number of females that could be required for siétistic
adequate sample sizes.

Findings from this study indicate that PBDE congeners -47 and -99 aretradsf
across the eggshell and chorioallantoic membrane into the egg contents following our
protocol. Transfer efficiency was higher for BDE-47 than BDE-99 in both species, but
generally low (BDE-47: slider-25.85 %, snapping turtle-31.30 %; BDE-99: slider-9.87 %,

snapping turtle-12.53 %). These transfer efficiencies are within the reyngged for
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the few other reptilian topical dosing studies in which transfer of other compousds wa
quantified. Gale and co-workers (2002) reported 4 % of total 2,3,7,8-
Tetrachlorodibenzodioxin (TCDD) and 10 % of total PCB-126 topically applied to the
egg crossing the eggshell into the egg contents over a 16 day period during the middle of
incubation in red-eared slider eggs. A shorter time period for transfer (72 hcutgde
in 1.6-20 % transfer gf,p-DDE across the eggshell of snapping turtles (Portelli et al.
1999), whereas a longer time period (49 days) resulted in approximately 33 fértohns
p,p-DDE across the eggshell of the green sea tuCthelponia mydasPodreka et al.
1998). Similarly, less than 2 % transfer occurred in alliga&bigator mississippiens)s
eggs topically exposed to DDE, dieldrin and chlordane for 14 days (Muller et al. 2007a).
Interestingly, in several species of birds, eggs injected with a penta-BikEe(DE-
71) that includes both BDE-47 and -99 only 18.8-29.6 % of the total injected amount was
absorbed into the egg contents by date of pipping (26 days of incubation; McKernan et al
2010).

Transfer efficiency was higher for BDE-47 than for BDE-99 in both spgebig
there also appeared to be a difference in transfer between the two spdttiesgh not
statistically different, the observed pattern of greater transieregity of BDE-47
compared to BDE-99 is likely due to the greater molecular size of BDE-99 (564bV g/
vs. 485.8 g/mol) or larger logdt (7.32 vs. 6.81) preventing it from being as readily
transferred through the eggshell pores. Lower absorption of the higher brominated
congeners was also described by McKernan and co-workers (2010) who injecdked chic
mallard and American kestrel eggs with either a penta-BDE mixture/{Bf an octa-

BDE mixture (DE-79) and found significantly less DE-79 in the egg contents. In
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addition, they observed preferential uptake of the lower brominated congenssther
incubation period in the eggs injected with DE-71 (McKernan et al. 2010).

Differences in transfer of the same congener between speciessazadidg
explained. The eggshells and chorioallantoic membranes of both species have simila
compositions with eggshells having similar distributions and sizes of poresijddsar
Packard et al. 1982), thus it is unlikely that species differences in shells imatlaatoic
membranes would explain transfer efficiency differences. The red-glater egg, due
to its oval shape, has a larger surface area to spread out the multiple topical doses
compared to the round snapping turtle egg suggesting potential for higher taansésr
the eggshell of the red-eared slider. However, it is unclear why transféighas
across the snapping turtle egg, especially for BDE-47.

The chorioallantoic membrane did not seem to retain either BDE-47 or BDE-99.
In this study, chorioallantoic membranes were analyzed either with thieeigysegg
contents to obtain an estimate of how much BDE may be retained in the membrane. Egg
contents analyzed without the chorioallantoic membrane had slightly higher
concentrations of the two BDE congeners than egg contents analyzed with the membrane
for both species. This suggests that inclusion of the chorioallantoic membrahawvea
diluted the concentrations of the congeners in the egg contents. Of the priortsiatdies
measured transfer across the eggshell after topical application, nonedeport
concentrations in the membrane or indicate if the membrane was analyzeldeNitr s
egg contents. However, McKernan and colleagues (2010) analyzed pooled air cell
membranes collected from chicken eggs injected with DE-71 and determined that 4.3 %

of the injected dose was associated with the membrane. They also estirabéed t
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additional 32 % of the administered dose could potentially be associated with the inner
membrane of the chicken egg (McKernan et al. 2010). These observations shwaggest t
large concentration of the injected dose remains associated with the mesabra
However, results from the present study suggest otherwise for PBDasareia the

turtle chorioallantoic membrane.

For both congeners in both species, less than 45 % of dose applied to the egg was
accounted for. There are several possible explanations for the loss of therrgbai?i
of the dose. It was observed that during the eight days of dosing that the DMSO
absorbed moisture from the air in the incubation chamber. This absorption of water
caused the total volume of liquid on the egg to increase and occasionally roll off the egg
In these instances, a portion of the dose was potentially lost from the eggshell. In
addition, it is possible over the 22 days of incubation that the PBDE remaining on the
eggshell volatilized. A third possibility for PBDE loss from the eggshell isaue t
handling of the egg and eggshell for storage and analysis, potentially remgartgpa
of the dried dose off the eggshell.

An additional mode of loss, metabolism of the parent compound, cannot be ruled
out as a potential mechanism of loss in red-eared slider eggs. While it washnothe
scope of this study to characterize metabolites of BDE-47 and -99 suchhaxyteded
or hydroxylated compounds, it was observed that egg contents of red-eared(lslitler
not snapping turtles) that had been dosed only with BDE-99 contained a significant
concentration of BDE-47 above the background concentration, suggestive of reductive
debromination of BDE-99 to BDE-47 ova McKernan et al. (2010) reported the

presence of several PBDE congeners in the egg contents of several speciestwtbirds t
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were injected with DE-71 but were not detected in the dosing solution or control eggs.
While early embryonic development processes of red-eared sliders anchgrtapjes

are similar (Yntema 1968; Greenbaum 2002), there are likely species diéigianc
enzymatic systems potentially responsible for differential capadir debromination, as
has been shown in fish exposed to BDE-99 (Browne et al. 2009; Roberts et al. 2011).
While several studies have shown debromination of BDE-99 to BDE-47 in carp, other
species such as Chinook salmon and rainbow trout do not possess the same route of
metabolism (Stapleton et al. 2004a, 2004b; Browne et al. 2009; Roberts et al. 2011;
Noyes et al. 2010). Deiodinase enzymes (DIs), which are responsible twaterh

iodine atoms from thyroid hormones resulting in activation or deactivation of the
hormones, have been implicated as the primary enzymatic system for debmmmuhati
BDE-99 to BDE-47 in fish, particularly in carp (Stapleton et al. 2004c; Bendditt e
2007; Browne et al. 2009; Noyes et al. 2010; Roberts et al. 2011). There is preliminary
data suggesting higher DI activity in red-eared sliders than in snappies foroviding
evidence for a greater capacity for reductive debromination in red-eatexs sl
(Hugenberger 1997). Glutathione-s-transferase (GST) which is respoosipleate II
conjugation processes through dehalogenation reactions, have also been reported to
debrominate PBDEs (Hakk and Letcher 2003), but are less likely to be involved in
debromination in fish (Noyes et al. 2010; Roberts et al. 2011). While it is possible that
there could be differences in the enzymatic systems of the embryonic eedskder and
snapping turtle that would result in differential debromination capacities, fustindy is
required to specifically assess the extent of debromination in the two spetibea

mechanisms by which it occurs.

32



Conclusion

Topical dosing techniques used in this study were successful in achieving target
concentrations of BDE-47 in the egg contents of both red-eared sliders and snapping
turtle. However, topical dosing of BDE-99 resulted in lower than predicted
concentrations in the egg contents, likely due to the larger molecular size of the
compound relative to BDE-47. BDE-99 concentrations were lower in the red-eared
sliders compared to snapping turtles, perhaps due to metabolism of the parent compound
by the red-eared slider embryos. It cannot be assumed that the dose topicaititappl
the shell is equal to the exposure to the embryo. Natural maternal transfer of
contaminants occurs through different timing and mechanisms from embryoniciexpos
through the use of topical dosing techniques, but a controlled study employing eeplicat
concentrations through natural maternal transfer would be extremelyliif6achieve
in turtles. While topical dosing studies cannot replicate the timing and meauoisanfis
exposure that would naturally occur via maternal transfer, such studies can foovide
controlled and repeatable exposures necessary for establishing dose-response

relationships for studies of contaminant effects on embryonic turtles.
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Figure 2-1. Concentrations of BDE-47 and BDE-99 (ng/g ww) in egg contents and shells
of red-eared sliders and snapping turtles (mean = 1 SE; n=20). Comparisons were done
across the two congeners and species for the contents and eggshells sepatfatelpt D
letters signify significant differences within the egg contents and elifferumbers

indicate significance within the eggshells.
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Figure 2-2. Percent transfer of BDE-47 and BDE-99 across the eggshell ietggthe
contents represented by the ng in the egg contents as a percentage of the totalllyg topic
applied to each egg (mean + 1 SE; n=20). Different letters signify signifidféerences.
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Figure 2-3. Relationship between BDE-99 concentrations (ng/g ww) in redi-smier
eggs topically dosed with BDE-99 and BDE-47 concentrations (ng/g ww) in the same
egg contents. Dotted lines indicate 95 % confidence interval (n=20).
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Chapter 3: Effects of embryonic exposure to BDE-4ih
hatchling and juvenile red-eared sliders {rachemys scripta
elegans) and common snapping turtles Chelydra serpentina)

Abstract

Red-eared slideiffachemys scripta eleganand snapping turtleChelydra serpentina
embryos were exposéa ovoto five concentrations of BDE-47 (40 ng/g-1000 ng/g) to
assess impacts on embryonic, hatchling and juvenile development, growth, metabolis
behavior, and impacts on glandular thyroxing)(TTopical application of BDE-47 led to
higher concentrations 6 months post exposure (MPE) in snapping turtle whole body
tissues compared to red-eared sliders and in both species the whole body dantentra
increased with increased applied dose. Hatching success, incubation tim@daizé)
and external yolk size at hatching were not affected by the treatmeitemnspecies.

No significant differences in standard metabolic rate (SMR) were detiecteither
species at 3 MPE, but there were patterns of elevated SMR in both species\sigfesti
a biological response. Liver weights were significantly increased in edpospping
turtles while there were no differences on thyroid weights or total glandiuin

hatchlings of either species. While growth was unaffected in the juvenilssesnaf
snapping turtles were significantly reduced in the treated animals cednjpathe

controls following overwintering. Other measurements of development and health of
juveniles such as size at necropsy (16 MPE), standard metabolic rate, anddivid siz
not suggest impacts on either species. While behavioral response to the presence of a

simulated predator was not affected in either species, the righting regpoes®
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recover from an inverted position) was delayed in exposed red-eared sliders w&her
also patterns suggesting reduced thyroid size and glandylantTstatistical differences
were not found in these data for either species. These results suggesbtigahem
exposure to BDE-47, at the levels used in this study, may have subtle impacts on the
thyroid endocrine system, metabolism, and neurological development. However, the
observed patterns require further investigation to determine their potemiéitaigce to

overall health or performance.

Introduction

Polybrominated diphenyl ethers (PBDES) are a class of persistent, modile, a
bioaccumulative compounds that are used as additive flame retardants in a igkye var
of commercial products. Their widespread use and global distribution hasdasult
PBDESs being ubiquitous in marine and freshwater systems (de Wit 2002; ldhle et
2003; Law et al. 2003). Although produced in many forms, PBDE congeners most
commonly detected in wildlife are those of the penta-BDE technical mixtwiesling
BDEs -47, -99, -100 and -153 (Law et al. 2003; Hites 2004). Due to the increasing
environmental concentrations of these common PBDEs, as well as their well documente
bioaccumulative and toxic properties, the penta-BDE mixtures are no longereuddrket
Europe and North America (Directive 2003/11/EC; Tullo 2003; Ward et al. 2008).
Despite the recently imposed restrictions on use, however, the environmensitpees
of these compounds and continued leaching from consumer products suggests that

PBDEs are likely to remain contaminants of concern over the foreseealnke fut
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Based upon studies to date, the thyroid endocrine system appears to be
particularly sensitive to PBDEs. Penta-BDEs, through impacts on sevésadlif
processes resulting in reduced hormone concentrations, can impact thyroittdhedia
processes such as neurological development, growth, metabolic processes, aond behavi
PBDEs have the potential to compete with thyroxing {@r transthyretin binding
(Meerts et al. 1998, 2000), compete with binding at thyroid hormone receptors (Marsh et
al. 1998), and increase metabolism gidading to increased excretion (Zhou et al. 2001,
2002; Richardson et al. 2008). These impacts to the thyroid system can have downstream
impacts on development, growth and behavior as has been evidenced in a variety of
studies of rats and mice orally exposed to penta-BDE mixtures and single @@ngen
(reviewed in Costa and Giordono 2007). Non-mammalian studies have also documented
changes in behavior in response to PBDE exposure as well as impacts on growth and
development. For example, locomotion behavior and growth were impacted by dietary
exposure to BDE-47 in juvenile zebrafidbafio rerio; Chou et al. 2010; Chen et al.

2010). As well, survival, growth and developmenRena pipiengadpoles (Coyle and
Karasov 2010), and reproductive behaviors in adult American kedtedto(sparveriuy
were impacted by dietary exposure to penta-BDE (Fernie et al. 2008).

With the majority of effects of PBDE exposure having been documented in
dietary exposure studies, there has been relatively little researctetl on embryonic
exposures and effects. Embryonic stages of development are typically highliyseasi
contaminants and, with evidence of maternal transfer of PBDEs to embryos (de Solla e
al. 2007), it is important to understand potential effects during the embryonic period.

Furthermore, very few studies have addressed how maternal exposure affattsamy
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over from early developmental stages to potentially impact growth, develbpmd
behavior in later life stages. One study focusing on embryonic exposures ohdicate
impacts on pipping and hatching success in American kestrels (McKernan et al. 2009)
An additional study of American kestrels, using a combination of embryonic and oral
exposures, provided evidence of effects on immune and thyroid function as well as
growth in hatchlings (Fernie et al. 2005a, 2005b, 2006). There is only one study that
examined long-term effects on reproduction resulting from an embryonic eggosur
PBDEs; Marteinson et al. (2010) reported that embryonic exposure of Amersteziske
had lasting impacts on reproductive success and behaviors of adults.

To date there have been no controlled laboratory studies of effects of embryonic
exposure to PBDEs in reptiles. Very little information regarding PBQi6®xe in
reptilian models is readily available and even less information on the pbéffacis of
those exposures exists. de Solla and colleagues (2007) have shown that common
snapping turtlesGhelydra serpentinamaternally transferred PBDES to their eggs under
natural conditions, but the effects of those concentrations as well as the paential f
additive effects from other contaminants, such as PCBs which were alsat pmetbe
eggs, are unknown.

The red-eared slidemlfachemys scripta eleganisas routinely been used as
reptilian model species to address laboratory conducted embryonic exposurdheavhile
snapping turtle has been used as a model to study natural maternal tramsfey of
classes of contaminants in wild populations. In this study, we assessegacesiof
controlled embryonic exposure to BDE-47 on hatchlings and juveniles of red-eared

sliders and snapping turtles. Specifically, we sought to elucidate impactsdial thy
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mediated processes including embryonic and hatchling development and metabolic
efficiency, as well as direct measurements of thyroid function, behaviabaiiet
efficiency, growth, and development in juveniles over a period of 16 months post
exposure. Data from this study were also intended to assess the relativeftittie two
turtle species as sensitive models for examining long-term effectsboy@nic exposure

to BDE-47.

Methods

Egg Collection

Twenty-three clutches of red-eared slider eggs (laid on M3ya2d seven
clutches of snapping turtle eggs (laid on Ma{/)2@ere collected and purchased from
Concordia Turtle Farm in Wildsville, LA and RR Aquafarms LLC in Preston, MD
respectively. At the point of collection, eggs were weighed, measured fioetéia
(snapping turtle eggs) and length and width (red-eared slider eggs) anc gingue
identifying number written on the upper surface of the egg in number two pencil. The
eggs were immediately placed in shallow bins with lids and damp substratéc(uiem
mixed with water in a 1:1 mass ratio), and maintained at a cool temperature
(approximately 18 °C) until Juné' vhen incubation at 26 °C, a temperature known to
produce only males (Yntema 1976; Wibbles et al. 1991) began. Moisture and humidity
were maintained by misting the eggs and nest substrate with water at 2q8dess.
Previous research has found that within-clutch variation in contaminant cotioastra
the egg contents is very low (Bishop et al. 1994) thus, prior to incubation two eggs from

each clutch were randomly selected and egg contents homogenized for contaminant
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analysis of background concentrations of PBDEs. All procedures were approved by the
University of Maryland Center for Environmental Science Institutional AhiGare and

Use Committee (S-CBL-07-04).

Embryonic Exposure Protocol

Dimethyl sulfoxide (DMSO; Fisher Scientific, Pittsburg, PA, USA) wasduss a
vehicle for the topical application of BDE-47 to the upper surface of the eggshells f
both species as it has been widely employed in reptile topical dosing studies and
repeatedly shown to have very little toxicity to reptilian embryos (Cedvas 1991;
Wibbels and Crews 1992; Wibbels et al. 1993; Bergeron et al. 1994; Crain et al. 1997;
Prodreka et al. 1998; Willingham and Crews 1999, 2000; Willingham et al. 2000; Gale et
al. 2002). One working stock solution for the two species was prepared by adding neat
BDE-47 (Accustandard Inc., New Haven, CT, USA) to DMSO followed by further
dilution of the working stock in DMSO to prepare five different concentrations for eac
species to be used for topical dosing. The dosing concentrations for each species we
calculated based on a 20 % transfer rate of BDE-47 across the eggshelhacmee
into the embryo as determined in a previous pilot study in our laboratory (Chapter 2). In
addition, doses for each species were further adjusted for the average eggdiaased
sliders-9.79 g and snapping turtles-11.89 g). All dosing solutions were anbjytical
verified (see below). Prior to the start of incubation, eggs from each clutch were
randomly assigned to one of eight treatment groups). Treatment groups doofsiste

control, vehicle control, positive control for thyroid disruption (perchlorate; see €hapt
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4), and five concentrations of BDE-47 for each species (see Table 3-1; n=43 for al
treatments in both species).

Egg sizes of the red-eared sliders and snappers varied greatly (7.61 g -1#177 g a
9.99 g -13.70 g respectively) requiring that the dose for each egg be adjusted by
individual egg mass in order to prevent substantial under or over exposing the embryos of
eggs in the same treatment. To account for the variation in mass, eggs wenezeateg
into one gram mass classes and dosing solution volumes were adjusted accondingly fo
each class. To avoid an acutely toxic embryonic exposure and to ensure safibility
BDE-47 in DMSO, dosing solution were topically applied to the vascularized upper
surface of the eggshell daily over multiple days in 5 pl volumes until the ¢atiet
dose had been applied. The largest egg size class required 14 days of dosingan orde
administer the total required dose, resulting in a total administered volume of 70 pl
Smaller mass classes received an equal volume of solution (70 pl), but propggriessal
BDE-47 solution and increased pure DMSO. True controls were handled identically to
the treated eggs, although no solutions were applied, while vehicle controlsaexdive
DMSO in the same volume as BDE-47 treated eggs. Survival was monitored throughout
the incubation period by candling and any eggs showing arrested development were
removed and dissected to determine embryonic stage at mortality and to doawnent a

gross deformities.

Hatchling Maintenance

Eggs were inspected daily after approximately 50 days of incubation, and eggs

showing signs of hatching (sloughing of outer shell layers) or pipping (iniéieking of
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the eggshell) were subsequently transferred to individual 0.5 L polyethylpae ¢
containing a bed of damp sphagnum moss. Within 24 hours after complete emergence
from the shell, hatchlings were measured to determine wet weight amdnexd for
morphological abnormalities. In addition, the length, width and height of the external
yolk sac were measured using digital calipers to calculate amalkyetk sac volume as
an indication of overall health. Time to hatch was measured as the number of incubation
days from the start of incubation until complete emergence from the shellextenad
hatching success was measured as a proportion of individuals that succpggbeltly
and hatched.

Approximately 6 months post-exposure (MPE), 7 to 10 individuals of each
species from each treatment were euthanized by inhalation of isofloreSeAfNmal
Health, Owings Mills, MD, USA) followed by decapitation. At the time of opsy,
livers and thyroids were collected and weighed for calculation of organinuhsss
([(liver or thyroid gland weight / body weight)*100]) and preserved for chainaicd
hormone analyses. Ten to 13 hatchlings from each treatment were not sacrificed and
were maintained to assess effects of embryonic exposure on juvenile develtgraant

additional 10 months.

Juvenile Maintenance

Individuals used to assess juvenile traits were maintained in 0.5 L polyethylene
cups filled with approximately 1-3 cm of well water. They were held at 20 “Wéor
weeks and the temperature was lowered by 5 °C every two weeks thereafterinaitil a f

temperature of 5 °C was reached to simulate natural over-wintering conditions
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experienced by temperate species. Approximately 9 MPE the temperatumgcveased

by 5 °C every two weeks until a final temperature of 20 °C was reached. Athis ti
turtles were placed individually into 4.8 L flow-through tanks providing a continuous
source of fresh well water (approximately 3 cm depth). The water turndegreiatank

was approximately 230 mL/min. Turtles were fed Fluker's aquatic tuetg@ort Allen,

LA, USA) ad libitumevery 2 days and tanks were cleaned every 3 weeks coinciding with
size and growth measurements. Approximately 16 MPE all juveniles were eathamiz

the same manner as had been used with the hatchlings.

Biological Endpoints

Size/Growth and Standard Metabolic Rate

Wet weight was measured at hatching and every 2 weeks thereafter until
overwintering began. Following overwintering, juveniles were measured evergk3.we
Juvenile growth rate (k) was measured for each 3 week measuremedt(gehn(\W\.)-
In(Wy)/(t); where W is size at end of the 3 week period; M/size at the start of
measurements after overwintering, and t is the number of days between meassire

Microrespirometry (MicroOxy-maX'; Columbus Instruments, Columbus, OH)
was used to measure standard metabolic rate ("SMR'; pdi@3umed/min) of a subset
of 10 to 13 hatchlings at 3 MPE (prior to over-wintering) for all treatments and et subs
of 9to 11 juveniles at 12, 13 and 14 MPE from the control, DMSO and 3 highest BDE-47
treatments. The MicroOxy- m&8% was calibrated against a standard oxygen, carbon
dioxide, and nitrogen mixture. The turtles were acclimated and fasted for 24ohite pr

being placed into the respiration chambers. Immediately following acmimat
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respiration measurements were taken over a period of approximately 18 hrs taensure
minimum of 8 measurements were obtained for each individual for calculation of mean
rate of oxygen consumption over the assay period (Nagle et al. 2001). Wet weight and
carapace length measurements were made following the micro-respiydnals.

Behavioral Assays

Potential changes to neurological development or function were assessed using
two behavioral assays on juveniles. Assays were repeated in three conseonth&e m
(12, 13 and 14 MPE) with all individuals from the three highest treatments as well as
those from the untreated and vehicle controls (n=7-14). The first behaviaptesed
the ability of juveniles to recognize and respond to a visual stimulus. The techngjue wa
adapted from Winkelman (1996) where a simulated avian predator was used to cast a
shadow on or near the test animal. Individuals were placed in a 38 L aquarium with
approximately 2-5 cm of water, covered on all sides and lighted by an overhead
unidirectional light source. Individuals were allowed to acclimate for 20 nsiraiter
which an avian-shaped silhouette was passed through the light path in a standardized
fashion to cast a shadow over the turtle. The type of response was rg0eregobnse
did not occur or 1-response occurred) and categorized over three trials per individual.
Responses were categorized as moving away from the shadow, flinch, head bob, no
response, any combination of responses, or movement not listed.

The second behavioral response assessed was the righting response in which the
time required for the individual to invert itself from a ventrally-exposediposivas
measured (Steyermark and Spotila 2001). Using replicated tests on repiresenta

animals (as above), individuals were placed on their back on a packed sand substrate and
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the time to initiate righting, time to compete righting, and any other movemengs
recorded. Measurements took place at 20 °C under indirect light with obsesvaiade
from behind a blind.

Glandular Thyroxine

For glandular T measurements, thyroids were removed from individuals at
necropsy, snap frozen in liquid nitrogen, and stored in -80 °C conditions for future
analysis by enzyme immunoassay (EIA). Digestion of the thyroid glands &allow
methods of McNabb et al. 2004a and detailed in Chapter 4. Whole glands were digested
for 24 hours at 37 °C in a mixture of 99.88 mM TRIS, 5.00 mM L-Glutathione reduced,
2.50 mM 6-n-propyl-2-thiouracil, and 1 % Triton X-100 and stored at -20 °C until time of
assay.

As detailed in Chapter 4, competitive EIA kits, purchased from Calbiotech
(Spring Valley, CA), were used to measure total glanduylarThe kit has a sensitivity of
4 ng/ml using standards ranging from 20-250 ng/ml in human serum. An identical
standard curve was prepared using L-thyroxine (Sigma-Aldrich) in 0.5 M HCI, 75 %
ethanol and diluted in 1 % sheep serum (Innovative Research in Southfield, Ml) to ensure
turtle glandular T could be accurately assayed using this kit. The standard curve
prepared in sheep serum was also used to verify parallelism in each assay.

To prepare the digested samples for assay, 20 ul of 1.0 M perchloric acid was
added to 100 pl of each sample and incubated for 40 min at room temperature, spun at
5000 rpm and diluted in 1 % sheep serum. Red-eared slider hatchling samples were

diluted from 1:5 to 1:40, while the juvenile samples were diluted from 1:10 to 1:100. The
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snapping turtle hatchling samples were diluted from 1:5 to 1:10 and juvenile samples
from 1:10 to 1:100. Final sample and standard volumes were 25 pl for the assay.

As reported in Chapter 4, intra-assay variation was measured as thaeraesf
variation for both species and was minimal (2.87 % + 0.11 and 2.80 % + 0.15 for
snapping turtles and red-eared sliders respectively; + 1 SE as a percenheétt)e
Similarly, inter-assay variation was satisfactory (7.94 % = 1.63 and 6.33 % 00.90 f
snapping turtles, n=34, and red-eared sliders, n=24, respectively; £ 1 SE as a percent of
the mean). Accuracy was determined to be 5.84 % = 0.51 (mean = 1 SE) for a snapping
turtle thyroid composite that was charcoal stripped and spiked with 10 pgantT
diluted 1:100 with a recovery of 101.51 ng/ml £ 0.91 (mean recovery £ 1 SE).
Background interference for the charcoal stripped and composited snapping turtle
thyroids was determined to be 15.46 ng/ml £ 0.30 (mean £ 1 SE) and samples were
corrected accordingly. Finally, kit cross-reactivity was <1 % wkthndI-

triiodothryonine.

Chemical Analyses

Chemical analyses on eggs, hatchlings, juveniles and food for background and
post-treatment concentrations of total PBDEs were conducted. Briefbl] fmota
samples, 3 g of homogenized wet tissue were ground with 10 times sodium(&yifate
mass) using a ceramic motar and pestel to remove water. Two eggs frortutedch ¢
were homogenized for background PBDE concentrations, while individual whole bodies
of hatchlings and juveniles were homogenized by first freezing the body (wikleout t

carapace or plastron) in liquid nitrogen immediately followed by crushingedfozen
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tissue using a steel hammer. PBDEs from the tissue and food samplextnaated
using accelerated solvent extraction (ASE 300; Dionex) with dichloromethane. The
samples were packed on top of 18 g deactivated alumina in 35 ml stainless stee
extraction cells to remove lipids and other polar compounds that could cause intetferenc
Each sample was spiked directly in each extraction cell with two steretgndards,
13c-BDE-15 and*C-BDE-118 prior to extraction for calculation of analyte recoveries.
Recovered extracts were concentrated and removal of non-polar intezferes
completed using deactivated Floffsdolumn chromatography. With each set of
extractions a sodium sulfate blank was extracted to assess any labooataryination
during the extraction process as a measure of quality assurance. In additicetedpl
samples were analyzed providing information on precision and variance iniertract
processes.

Analytical methods used were consistent with those routinely used in our
laboratory as outlined by Klosterhaus and Baker (2010). Briefly, 34 PBDE congeners
were quantified using a gas chromatograph (Agilent 6890N) coupled to a mass
spectrometer (Agilent 5973N) operated in negative chemical ionizatide.mihe
programmable temperature vaporization (PTV) injector was used in pulgégssphode
(5 plinjections). A 15 m DB-5MS column (J&W Scientific, Folsom, CA, USA) with an
inner diameter of 0.25 mm and 0.1 pum film thickness was used. Two slightly different
oven temperature programs, injector and detector temperatures as wiell asd
column flows were used due to method improvements. For the egg and food samples the
oven temperature program consisted of an initial hold at 40 °C for 1 min, a 20 °C/min

ramp to 250 °C with no hold, a 1.5 °C/min ramp to 260 °C held for 1 min, and a 25
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°C/min ramp to 320 °C and held for 20 min. The injector and detector temperatures were
45 °C and 320 °C, respectively, while inlet and column flow were 100 ml/min and 1.5
ml/min, respectively. However, for the hatchling and juvenile whole body asélyse
oven temperature program consisted of an initial hold at 80 °C for 2 min, a 20 °C/min
ramp to 250 °C with no hold, a 1.5 °C/min ramp to 260 °C with no hold, and a 25 °C/min
ramp to 300 °C and held for 27 min. The injector and detector temperatures were 80 °C
and 280 °C, respectively. Inlet and column flow were 100 ml/min and 1.3 ml/min,
respectively. Prior to instrumental analysf§-CDE-86 (2,2',3,4,5-pentachlorodiphenyl
ether) and>C-BDE-209 (decabromodiphenyl ether) were added as internal standards to
all samples and calibration standards. Mass fragnmefat§’9 and -81 were monitored
for di- to octa-BDEs, -487 and -409 for the nona-BDEs and BDE-209, -318 and -316 for
13C-CDE-86, and -495 and -415 f6C-BDE-209 for quantitative and qualitative ions,
respectively. BDE standards were purchased from Cambridge Idatbpeatories
(Andover, MA, USA), Wellington Labs (Guelph, Ontario, Cananda), and Accustandard
(New Haven, CT, USA) or received from the U.S. National Institute of Standards and
Technology (NIST; Githersburg, MD, USA).

Three times the analyte mass in the laboratory blanks divided by the mass of the
sample extracted was the method detection limit (MDL). Mean recoyeriestandard
error) for BDE surrogate standard€-BDE-15 and°*C-BDE-118 in red-eared slider and
shapping turtle eggs were 76.21 % £+ 1.81 % and 81.73 % %= 2.60 % as well as 78.76 % +
1.45% and 77.74 % + 1.62 % respectively. Mean recoveries of surrogate standards in
red-eared slider hatchlings were 66.84 % + 1.54 % and 83.35 % + 2.46 % while for the

juveniles, recoveries were 73.46 % = 2.61 % and 82.00 % + 2.29 %. In the snapping
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turtle hatchlings mean recoveries of surrogate standards were 61.77 % + 3.81 % and
70.38 % + 3.72 % and recoveries in the juveniles were 89.46 % * 4.88 % and 85.24 % +

3.60 %.

Statistical Analyses

All data were analyzed using MinitafMinitab Inc., version 15). Dosing
solution concentrations and tissue concentrations were analyzed using aalysis
variance (ANOVA) followed by Tukey’s pairwise comparisons. Binary logist
regression was used to analyze hatching success while other hatchling endpoint
including size at hatch and necropsy, time to hatch, volume of external yolk, standard
metabolic rate (SMR), organ to body weight ratios and total glandular thyr@gne
were analyzed using ANOVA. Juvenile measurements of growth, final size, SMR,
righting time, organ to body weight ratios, and total glandujawvdre analyzed using
ANOVA while measures of predator avoidance and the number of respondents in the
righting response and were analyzed using contingency analysis follgvigahferroni
correction to conduct pairwise comparisons. When analyzing growth data of the
juveniles, initial size was defined as the size immediately following omegring.
Standard metabolic rate (oxygen consumption as{uhi@) varies allometrically with
body size, and thus was corrected for mass following methods employed by adyin
Rowe (2006). Statistical significance was judged based upon a type | exrofae0.05
anda(]0.017 for all contingency table analyses that were subject to the Bonferroni
correction. Prior to statistical analyses, data were tested to \eifthey met the

assumptions of the statistical models using Levene’s test for homogenetyamce and
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Shapiro—Wilk §V) statistic for normality in distribution. Log or square root

transformations were employed as necessary. As there were nccatatifferences

found between the true control and vehicle control (DMSO) eggs for any endpoints, these
two treatments were combined to create a single control group. Variation thi¢

continuous data for each endpoint was calculated as the coefficient of variatentpde

as percent variation.

Results

BDE-47 in Dosing Solutions, Eggs, Whole Body Tissue and Food

Background concentrations of total PBDESs in the red-eared sliders and snapping
turtle eggs were 0.135 £ 0.022 ng/g wet weight (ng/g ww; n=23) and 1.13 + 0.724 ng/g
ww respectively (n=7). In the red-eared slider eggs, no single PBDE conggsner
consistently detected in all eggs. PBDE congeners -100 and -153 were detevbed i
than 50 % of the eggs (19 and 17 eggs respectively) with congeners -183, -99, and -47
detected in 10, 9 and 8 eggs respectively. BDE-154 was detected infrequently (3 eggs)
and BDE-49 and -71 (co-elutants) were only found in 1 egg. In the snapping turtle eggs,
PBDE congeners -100, -153, and -154 were detected in all 7 eggs whereas BDE-99 and
co-eluting congeners -49 and -71 were found in 3 eggs. Less commonly deteed w
BDE-47 and -183 which were found in 2 eggs while BDE-75 and co-eluting congeners -
28 and -33 were detected only in 1 egg. The average concentration of BDE-47 in red-
eared slider eggs was 0.058 + 0.006 ng/g ww in contrast to 0.238 + 0107 ng/g ww found
in the snapping turtle eggs. However, BDE-47 was above detection levels in only 35 %

of the red-eared slider eggs and 29 % of the snapping turtle eggs.
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Although whole body concentrations of BDE-47 in red-eared slider hatchlings at

6 months post-exposure (MPE) increased with increasing concentration, the only
significant differences in body burden detected among treatments wasbéteee
highest (1000 ng/g) and the lowest (40 ng/g) treatment (p=0.0175). However, all BDE-
47 treatments except the lowest were significantly higher than the cdistel3able 3-
1). Whole body concentrations of BDE-47 in the snapping turtles at 6 MPE were
significantly greater in all treatments from the control with the jgtxae of the lowest
(40 ng/g) treatment. Concentrations increased with increasing dose in thengriapfs
whole body tissue with the exception of the highest (1000 ng/g) treatment which was
statistically lower than the 700 ng/g treatment (p=0.0043) and equal to the two middle
treatments (see Table 3-1). Concentrations of BDE-47 in the whole body tissue of
animals in the second highest (700 ng/g) treatment were significantly higherlthan al
other treatments. Whole body concentrations between species of the samentreat
groups were not significantly different from each other with the exception settend
highest (700 ng/g) treatment and controls of the red-eared slider beirfgcargty lower
than the same treatments of the snapping turtle (p=0.0333 and p=0.0324 respectively).

Concentrations of BDE-47 in whole body tissue of red-eared sliders
approximately 16 MPE were below detection limits in all treatments. TBREP
concentrations for all individuals were very low (mean: 1.833 + 0.404 ng/g ww;
minimum-maximum: 0.0347-6.210 ng/g ww) with PBDE congeners -100, -154, and -153
dominating the total concentration. Snapping turtle juvenile (16 MPE) BDE-47
concentrations were not significantly different among treatments with tdepton of

the second highest (700 ng/g) treatment being significantly greater thiaighlest (1000
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ng/g; p=0.0276), lowest (40 ng/g; p=0.0028) and control (p=0.0018) treatments (see
Table 3-1). However, BDE-47 concentrations were generally low for athtients

(mean: 0.289 £ 0.215 ng/g ww; range: 0.0062-4.547 ng/g ww). The highest individual
concentration (4.547 ng/g ww) from the second highest treatment (700 ng/g) wag/the onl
juvenile snapping turtle with a whole body concentration over 0.50 ng/g ww, and the next
2 highest concentrations also belonged to individuals in the 700 ng/g treatment. The total
PBDE concentration in the diet for both species of juveniles was 3.146 ng/g ww with a

BDE-47 concentration of 0.216 ng/g ww.

Hatchlings

Hatching Success, I ncubation Time, and External Yolk Size

Topical egg dosing did not affect hatching success, incubation time or external
yolk size at hatching in either species (Table 3-2). The control treatmaththatching
success above 90 % while the lowest BDE-47 (40 ng/g) treatment in the redlebees
and the middle (400 ng/g) treatment in the snapping turtles showed less than 80 %
hatching success. However there was no overall exposure-dependent relationship i
hatching success for either species. The number of incubation days did nonalifey a
treatments for the red-eared sliders with incubation lasting from a 79 to 9@ittayise
mean falling between 83 and 84 days of incubation for all treatments (Table 3-2). The
average number of incubation days for all red-eared sliders regardlesgrotttewas
83.75 £ 0.212. Incubation for the snapping turtles lasted from of 73 to 86 days with mean
falling between 79 and 81 days for all treatments with no significant diffesearoong

treatments (Table 3-2). The average number of incubation days for all snapéasgy tur
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was 80.01 £ 0.217. There was no significant difference in external yolk volume among
treatments in the red-eared sliders with an average size, regardiesgroént, of 1170 +
62.99 mmi, much larger than the average external yolk size across all treatmtrs
snapping turtle (380.5 + 18.75 m)n Similarly, there were no significant differences in
external yolk size among treatments in the snapping turtle.

Size at Hatching and 6 MPE and Standard Metabolic Rate at 4 MPE

Size measured as wet weight was not significantly different amonméets for
either the red-eared sliders or snapping turtles at hatching or 6 MPE Bfabl&here
were no significant differences in SMR measured after 4 MPE among thelBDE
treatments for either species (red-eared slider: p=0.091; snappingauétleé88; Table
3-2). Despite lack of statistical differences based upon a critical hjre).05,
inspection of the data reveals elevated SMR in several individuals from thelBDE-
treatments in both species (Figure 3-1). There were individuals from athématwith
the exception of the lowest (40 ng/g) treatment that showed elevated SMR rmegEsre
above the highest SMR observed in the control treatment for the red-eared Blglaes (
3-1). A similar pattern can be seen for the snapping turtles, although there was one
individual in the control treatment with an unusually high value making the pattern les
clear. The high variation and the low sample size and power in the SMR data mreclude
detecting significant differences among the treatments for both spgsti¢ise observed
pattern and nearly significant overall p-values for both species is suggestigelate

biological response (Tables 3-3 and 3-4).
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Organ Indicesand Total Glandular T4

Analysis of the red-eared slider liver mass to body mass ratio (H&Blesl no
significant differences or consistent patterns among treatments. lastpstrapping
turtle HSI was significantly greater in the lowest (40 ng/g) and the tgleekt treatments
(700 ng/g and 1000 ng/g) compared to the control (p=0.0124, 0.0147, and 0.0485
respectively). All individuals from the middle (400 ng/g) treatment had HSIsahev
mean of the control group suggesting that these individuals also may have responded to
the BDE-47 treatment to a lesser degree (Figure 3-2). Statisticgsiaratlthe thyroid
mass to body mass ratio (TSI) suggested no significant differences anaingetrtss in
either species (Table 3-2). However, when all thyroid mass data were poolédeover
BDE-47 treatments and compared to the control, the red-eared sliders exposed4d BDE-
had a significantly larger TSI than the controls (p=0.017). Wide variation in individual
measurements of glandulay ds well as low sample size and power precluded detecting

significant difference among treatments in either species (Tables 3&h@34).

Juveniles

Size, Growth and Standard Metabolic Rates

Sizes following over-wintering (10 MPE) or at time of necropsy (16 MPE),
measured as wet weight, were not significantly different among tea&rof the red-
eared sliders. In contrast, size following over-wintering (10 MPE) in the snajopiles
was significantly different among treatments (p=0.038; Table 3-5). Sgakifithe 220
ng/g treatment had significantly lower mass than the controls (p=0.050) wéale sizes

in other treatments (400 ng/g, 700 ng/g and 1000 ng/g) were less than controls, but the
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differences were not significant. The majority of individuals in the lattertteatments
(700 ng/g and 1000 ng/g) had lower masses than the mean mass of the individuals from
the control treatments (Figure 3-3). These differences in size were no éonggmt 6
months later (16 MPE). Growth rate did not differ among treatments for anyaftite
measurement periods for either species. In general, the snapping adtpehter
growth rates than the red-eared sliders with growth rate peaking at iapgiedy 12
MPH for the snapping turtles (Figure 3-4). Growth rate was relativelyaurestross
measurement periods for the red-eared sliders (Figure 3-4).

Standard metabolic rates of juvenile red-eared sliders did not significiaifeely
among treatments at any time point (12, 13, or 14 MPE) and remained relativedy stabl
over this 3 month period, corresponding with stable growth rates. Snapping turtle SMR
was significantly increased at 13 MPE (p=0.007) with the 700 ng/g treatmestiexge
the control treatment (p=0.0138; Table 3-6). This increase may be the result of
anomalously high SMRs (approximately 3x higher) in two individuals of the 700 ng/g
treatment for that assay period.

Behavior

There was no evidence of effects of BDE-47 on predator avoidance behavior in
either species. However, there did appear to be some impacts of BDE-47 og rightin
response behavior in both species. Several individuals of both species did not make any
movements when placed on their back, and were therefore classified as non-respondent
Pooled across the three assay periods (12, 13, and 14 MPE), red-eared sliders exposed to
the two highest BDE-47 treatments (700 ng/g and 1000 ng/g) had a significantly highe

proportion of non-respondent individuals compared to the controls (p=0.013). In
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contrast, snapping turtles in the control treatment had a higher proportion of non-
respondent individuals compared to all other treatments (p<0.0001). In the control
treatment, 80 % of snapping turtles responded compared to 97 %, 93 % and 92 % in the
400 ng/g, 700 ng/g and 1000 ng/g treatments, respectively.

When all data were pooled across assay periods for the red-eared slider
individuals that did attempt a righting response, individuals exposed to the highest
concentration (1000 ng/g) displayed a significantly greater righting tinmethieacontrol
treatment (p=0.0121). This difference was also found in first assay period (12 MPE;
p=0.027; Table 3-6), but not in the second (13 MPE) or third (14 MPE) assay periods.
When righting times of respondent snapping turtles were analyzed from afi¢nnés
combined, those individuals exposed to the second to highest concentration (700 ng/g)
had a significantly reduced time to right compared to the controls (p=0.0214). This
overall difference was also evident in the first assay period (12 MPE; p=0.00®1& ;3fa
6) while no differences found in righting times among treatments in the second or third
assay periods (13 and 14 MPE).

Organ Indices and Glandular Thyroxine

There were no differences in the HSI among treatments of either specids. Whi
there were no significant differences in the TSI among treatments fierdteared slider,
all the BDE-47 treatment means were below that of the control. In addition, each
treatment contained only two to four individuals having TSIs above the mean TSI of the
control, possibly driving the insignificant differences (Figure 3-5). ThEfdr the
highest (1000 ng/g) treatment in the snapping turtles was significantly loaretre two

treatments below it (400 ng/g, p=0.0246; 700 ng/g, p=0.0191) as well as the control
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(p=0.0167; Table 3-5). There were no significant differences in total glanidudanong
treatments in either species. However, there does appear to be a pattereaskedec
glandular T, in the BDE-47 treatments compared to the controls for both species, but
individual variation and low sample size as well as low power precluded detection of

differences (Figure 3-6; Tables 3-7 and 3-8).

Discussion

The purpose of this study was to determine if embryonic exposure to BDE-47
would affect embryonic and hatchling growth and development and/or lead to latent
impacts on juvenile traits in red-eared slider and snapping turtles. Exposurergbem
via a topical exposure along with egg injection methods typically used in avian
embryonic studies have been used extensively to evaluate embryonic toxicigrietya
of compounds, although their biological similarity to true maternal transfienited.

Natural maternal transfer occurs during vitellogenesis as lipophiliammants
bioaccumulated by the mother are transferred to the egg. However, in laboratory
exposures, the injected or topically administered contaminants are incodpatatthe

yolk or albumin long after vitellogenesis has ceased, leading to non-natirey of

initial exposure. Although there are differences in the mechanisms by \wkielmibryos

are exposed between natural maternal transfer and laboratory embryonic @xposur
through injections or topical dosing, the laboratory methods allow for a controlled setting
to replicate a range of exposures over several clutches of eggs.

In this study topical dosing appeared to be an effective tool for exposing embryos
to BDE-47 and assessing effects resulting from multiple exposure conicerstradoses

applied to the eggs over a 16-day period were calculated and verified to attakh/BDE-
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concentrations in the embryo ranging from 40 ng/g to a 1000 ng/g thus all eggs were
exposed to appropriate concentrations under the assumptions of 20 % transfer efficienc
of BDE-47 across the eggshell (Chapter 2). Further, hatchling body burdens of BDE-47
at 6 MPE suggest that the topical dosing technique was effective in exposing&tobry
different and increasing concentrations.

Hatchling whole body concentrations measured at 6 MPE were elevated
compared to background concentrations and with no additional source of PBDEsS
available. However, reduced BDE-47 concentrations in red-eared slidérereda
shapping turtles at 6 MPE suggest inter-species differences in eithé&nteffisiency or
metabolism of the compound. Eggshell structure for both species is characterzed by
calcareous layer with abundant and well defined pores attached to a membiané of a
the same thickness (Packard et al. 1982). Previous research examining tae transf
efficiency of BDE-47 across the eggshell and membrane of both red-edesd ald
snapping turtles suggests that there is reduced transfer efficiensyg #we red-eared
slider shell and membrane (Chapter 2). This supports the findings that that daeaed-
slider hatchlings contain lower concentrations of BDE-47.

There could also be species differences in embryonic and hatchling metatfolism
BDE-47. For example, embryonic red-eared sliders appeared to have tlyd@bilit
debrominate BDE-99 to BDE-47 while the snapping turtles did not show the same
capability (Chapter 2), suggesting that red-eared sliders may havelityet@bi
metabolize BDE-47 where the snapping turtles cannot metabolize any PBpé&tsesS
differences in embryonic metabolism of PBDEs have been suggested in American

kestrels and chickens where the former had significantly reduced pippingtahth@pa
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success in response to a penta-BDE while the chickens did not. These differerces we
attributed to kestrels having a lower ability to metabolize PBDEs compared to othe
species, possibly due to lower activity of some of their metabolic enzymediiioa to

their kidneys and livers being less developed during incubation compared to th@ghicke
(Walker 1980; McKernan et al. 2009). Differential metabolism and elimination oEPBD
congeners has also been shown in rats and mice as well as different spedies of fis
more advanced life stages than studied here (Haak and Letcher 2003). These studies
suggest that there could be metabolic differences between the two tuctésspkhough
this would require additional studies to specifically assess embryonic adirgat
metabolism of PBDEs. Species differences in uptake, metabolism and ebmicatid

also explain why concentrations of BDE-47 were detectable in the juvenile snapping
turtles at 16 MPE but not the red-eared sliders.

Despite accumulating and retaining BDE-47 after embryonic exposure in both
species, there was a general lack of significant responses by hatelimghough
penta-BDE compounds have been shown to have minor impacts after embryonic
exposure in American kestrels (McKernan et al. 2009, Fernie et al. 2005a, 2005b, 2006).
Hatchling endpoints that appeared to be impacted, although to a limited degree, were
SMR and organ size. Although not statistically different, there appeared torirease
in SMR for individuals of both species exposed to BDE-47, but a dose-dependent
response was not evident. Based upon the sample sizes and the variability among
observations within treatments the power to detect differeneed5 was as low as
0.1934 for the red-eared slider SMR and 0.0782 for the snapping turtle (Tables 3-9 and 3-

10). The treatments which resulted in elevated SMRs were the same titsatraehad
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significantly elevated whole body concentrations of BDE-47 (6 MPE). Thesatipbte
elevations in energy expenditure for maintenance can represent costatadswith
metabolism and elimination mechanisms for dealing with the contaminant exposure as
seen in several other studies (Calow 1991; Rowe et al. 1998; Hopkins et al. 1999; Manyin
and Rowe 2006).

Increased liver weights have been documented in rats and mice exposed to penta-
BDE mixtures with exposure times much longer and concentrations much higher than
used in this study (Dunnick and Nyska 2009; Albina et al. 2010; Bruchajzer et al. 2010).
Increased hepatic enzyme activity in the liver associated with the mstalmflPBDES
can lead to liver toxicity and increased liver size (Zhou et al. 2001; Sander2@a5|
Stapleton et al. 2009; Bruchajzer et al. 2010). Although not measured in this study,
increased hepatic enzyme activity may in part explain the increasedifiesrin the
snapping turtles exposed to BDE-47. In addition, increased liver size and enzyme
activity would be expected to elevate metabolic energetic requirememéasimg SMR
as we observed.

The thyroid mass of the hatchling red-eared sliders was the only otheirizatchl
endpoint potentially impacted by the embryonic exposure. There was no dose-dependent
pattern in thyroid size and no significant differences were found among theam¢stm
but when the BDE-47 treatment data were pooled across all doses and compared to the
control, those exposed to BDE-47 had a significantly greater thyroid size sudgests
an overall effect of BDE-47 on the thyroid at low concentrations. It is possilbieliiia
the effect occurred at low concentrations there was not a great enough differémce

exposure treatments to have greater impacts at higher exposures. A lagersize
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would be needed to overcome individual variation as well as the low power when looking
at individual treatment comparisons as well as a wider range in exposure catrment
(Tables 3-6 and 3-7). While thyroid size was increased, there was no eff&EefB
on the total glandulariconcentrations for the red-eared sliders even when the BDE-47
treatment data were pooled. It is well documented that exposure to the lower brdmina
PBDEs can have impacts on thyroid hormone concentrations with impaci®iowlifg
to transthyretin, binding to the thyroid hormone receptors, as well as in iedreas
metabolism of T (Meerts et al. 1998, 2000; Marsh et al. 1998; Zhou et al. 2001, 2002,
Hallgren and Darnerud 2002; Morgado et al. 2007; Richardson et al. 2008; Talsness
2008). However, these studies focused on responses in rats and mice and thus may not be
applicable to investigations of reptilel ovoexposures to lower brominated mixtures of
PBDEs in American kestrels resulted in no morphological changes to thelt{fyeonie
et al. 2005a, McKernan et al. 2009), and while there were no significant differences in
plasma T, concentrations, these @doncentrations were negatively correlated with BDE-
47 concentrations (Fernie et al. 2005a). The lack of effects on the glangular T
concentrations in the current study, but potential impacts on thyroid weight in the red-
eared slider and no impacts in the snapping turtle suggest that thyroid function may not
be sensitive to embryonic exposure to BDE-47 at concentrations used in this study.
There was an overall lack of significant effects from the embryonic exposure of
BDE-47 in juveniles ranging from 7 to 14 months post-hatch, although subtle effects did
appear to be present. While hatchling snapping turtles exposed to BDE-47 displayed
lower size after overwintering (10 MPE) compared to controls, suggestiegaad use

of energy from internal yolk stores over the hatchling and over-wintering period,
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differences in size (growth) were not sustained throughout the ensuing juveraté peri
This apparent "catch-up growth" may reflect #aelibitumdiet provided to the juveniles,
supplying surplus energy to compensate for deficits that the (non-feedioklrigg had
experienced. Under more natural conditions in which food may be a limiting natural
variable, size differences between exposed and unexposed individuals might pedustai
later in life.

There were potential long-term impacts of embryonic exposure on the righting
response behavior. In snapping turtles there were more non-respondents in the control
treatment compared to the BDE-47 treatments and in the first assay comtralsamad
an increased time to right compared to the animals in the 700 ng/g BDE-47 treatment
These results may be an artifact of the variation within the data as tfieienebf
variation was over 100 % for the snapping turtles for all treatments with the ierceipt
the control in that first assay period (Table 3-9). In addition, time to right fiezseal
only in the first assay period and showed no consistent pattern in the data across the 3
assay periods. Furthermore, results from a dietary exposure study {&asmg eggs
and turtles from the same clutches incubated and housed under the same conditions
indicated no differences in the righting response endpoints in the snapping turtles. In
contrast the red-eared sliders exposed to BDE-47 showed an increased frequeney of
response relative to controls, suggesting that neurological development in tlyer@mbr
and hatchling stages could have been impacted. Although the control treatment of the
shapping turtle suggests an opposite response from the red-eared sliderigiatias
been shown in several studies with rats and mice that BDE-47 and other lower

brominated PBDEs have impacts on neurological development resulting in behaviora
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changes and deficits (reviewed in Costa and Giordano 2007, Branchi et al. 2002, 2003;
Viberg et al. 2003). In addition, male American kestrels showed alterations to
reproductive behaviors one year following direct maternal exposure to agi2hata

mixture, indicating long-term effects on behavior (Marteinson et al. 2010).

While there were no significant differences in total glandulan&ither species
there were discernable patterns of decreagen BDE-47 treated individuals for both
species (Figure 3-5). At=0.05 the power for detection of significant differences in total
glandular T, for both species was below 0.2 requiring a larger sample size for the patterns
seen in T to be significant (Table 3-8). For the snapping turtle there was also a
significant decrease in thyroid gland size in the highest treatment, apdnextisliders
displayed a similar pattern, however differences were not statistsegtificant (Figure
3-5). Potential impacts to the thyroid system resulting from embryonic expisBDE-

47 might explain the minor changes and patterns observed in juvenile size, SMR and

behavior as these processes are regulated by thyroid activity.

Conclusion

Although there were limited observed impacts resulting from embryonic exposure
to BDE-47 at the concentrations tested in this study, results are mixed and their
significance to long term health or fithess is questionable. It is tiabithie exposure
methodology did provide measureable concentrations to the embryos up to 6 MPE, but
exposure induced few toxicological responses. Several studies have documeeted turtl
maternally exposed to multiple organic contaminants such as PCBs, pesticides,

polycyclic aromatic hydrocarbons, and PBDEs have had impacts to several blologica
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endpoints such as sexual development, hatching success, morphological development,
metabolic efficiency, and survival (Bishop et al. 1998; de Solla et al. 2002, 2008; Bell et
al. 2006; Eisenreich et al. 2009). Embryonic development may therefore be more
sensitive to natural maternal transfer and more obvious indications of toxicity from
PBDEs may become evident if exposure took place through a natural process. However,
in natural populations, exposure is rarely limited to a single compound and cannot be
controlled, thus, the method of embryonic exposure employed in this study is an
important option for attempting to gain some insights into effects resulting from

embryonic exposures to specific concentrations of compounds.
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Tables

Table 3-1. Concentrations of BDE-47 dosing solutions and BDE-47 in hatchling (6 MPE) antej{d@mMPE) whole body tissues
of the red-eared slider and snapping turtle.

Red-eared Slider Snapping Turtle
Nominal Hatchling Juvenile Nominal Hatchling Juvenile

BDnE-/47eDose Dose D“(fg:?gr?dl) Whole Body = Whole Body Dose DI\(;lsee(’jl?rzjr?dl) Whole Body =~ Whole Body

9/g €99 (ng/pl) 9l (6 MPE)* (16 MPE)*  (ng/ul) gl (6 MPE)* (16 MPE)*
Control 1002+45.47 0.073+0.019 ND 1000 1002+45.47 0.661+0.198 0.014+0.0058
40 32.63 41.56+0.449 0.393+0.17%° ND 39.63 52.52+0976 2.766+0.034° ND*
220 179.48  199.09+7.081 0.739+0.128&° ND 217.98  188.40+14.34 7.108+2.79B° 0.108+0.067°
400 326.33  269.74+7.545 2.316+1.58% ND 396.33  400.58+28.f9 15.264+2.009 0.063+0.044%
700 571.08  542.58+28.88 2.142+0.528° ND 693.58  674.96+83.70 33.905+6.3217 1.748+1.40%
1000 815.85  665.28+45.47 4.373+1.75%° ND 990.83  999.89+10.34 12.461+1.963 0.066+0.057

*Concentration units of whole body analyses are ng/g animal wet weight.

The stock concentration was 1002+45.47 ng/ul which was used to prepare treatment suhltiessare means = 1SE. n=3 for all
treatments and measurements. Different superscripts representargrdffferences following multiple comparisons tests (p<0.05).
MPE=months post exposure; ND=below detection limit.
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Table 3-2. Biological responses of red-eared slider and snapping turtleriggcbli
BDE-47 exposures.

BDE-47 Dose (ng/g egg)

Control 40 220 400 700 1000
Red-eared Slider
Hatching Success 42/46 18/23 19/23 20/23 20/23 20/23
(91.3%) (78.3%) (82.6%) (87.0%) (87.0%) (87.0%)
Incubation Time 83.98+0.410 83.56+0.627 83.89+0.567 83.40+0.387 83.45+0.705 83.95+0.484
(d) (42) (18) 19) (20) (20) (20)
Vol. of External 1148+125.1 900.7+185.5 1383+158.0  1090+138.8 1227+156.1  1279+169.4
Yolk (mm®) (42) (18) (29) (20) (20) (20)
Size at Hatch 8.719+0.127 8.417+0.157 8.563+0.229 8.595+0.171 8.475+0.240 8.350+0.155
(2 MPE; @) (42) (18) (29) (20) (20) (20)
Size at Necropsy 7.500+0.203 7.357+0.284 7.256+0.302 7.280+0.270 6.850+0.217 6.911+0.210
(6 MPE; ) (18) 7 9) (10) (10) ©)
SMR 0.458+0.019 0.515+0.024 0.843+0.262 0.637+0.074 0.523+0.038 0.518+0.094
(4 MPE; (31) (20) (11) (20) (20) (20)
pl Ox/min/g)
HSI 4.900+0.167 4.966+0.251 4.855+0.175 5.142+0.195 4.789+0.167 5.046+0.118
(6 MPE; %) (18) ) 9) (10) (10) ©)
TSI 0.033+£0.0021 0.036+0.0051 0.041+0.0039 0.036+0.0039 0.041+0.0058 0.045+0.0043
(6 MPE; %) (18) (7) 9) (10) (10) ©)
Total Glandular T 1079+216.7 851.3+160.0 1567+224.2  1737+458.3 970.6+155.3  1472+227.4
(6 MPE; ng/ml) (18) @) (8) (20) (20) 9
Snapping Turtle
Hatching Success 43/46 20/23 23/23 18/23 20/23 19/23
(93.5%) (87.0%) (100%) (78.3%) (87.0%) (82.6%)
Incubation Time 79.91+0.432 80.10+0.507 79.91+0.412 80.53+0.607 79.95+0.672 80.11+0.648
(d) (43) (20) (23) (18) (20) 19)
Vol. of External 431.6+40.55 352.4+40.60 310.0+23.11 397.1459.46 373.0+59.26 372.0+42.08
Yolk (mm®) (43) (20) (23) (18) (20) (29)
Size at Hatch 10.42+0.088 10.33#0.117 10.33+0.105 10.43+0.104 10.40+0.122 10.32+0.106
(2 MPE; g) (43) (20) (23) (18) (20) (29)
Size at Necropsy 9.965+0.093 10.01+0.219 10.19+0.243 10.20+0.226 10.19+0.148 10.07+0.191
(6 MPE; 9) (20) (10) (10) ) (10) ©)
SMR 0.429+0.025 0.447+0.032 0.546+0.042 0.504+0.045 0.472+0.028 0.402+0.020
(4 MPE; (31) (20) (13) (20) (20) (20)
pl O,/min/g)
HSI 1.900+0.057 2.152+0.053 2.013+0.040 2.099+0.039 2.148+0.040 2.123+0.64
(6 MPE; %) (20) (20)* (20) @) (10)* 9)*
TSI 0.013+0.0013 0.014+0.0016 0.011+0.0010 0.014+0.0022 0.012+0.0012 0.011+0.0008
(6 MPE; %) (20) (20) (20) @) (20) 9
Total Glandular T  381.44#58.11 588.4+104.4 387.7£79.38 529.9+206.2 572.84107.0 469.7+97.29
(6 MPE; ng/ml) (20) (20) (20) @ (20) 9

Values are means * standard error with sample sizes listed below eatimrparentheses. *
indicates significant difference from control only after multiple panson tests (p<0.05).

SMR=standard metabolic rate; MPE=months post exposure; HSI=hepatasioahaxi
TSI=thyrosomatic index.
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Table 3-3. Coefficient of variation calculated as a percentage for eachuougidata
hatchling endpoint.

BDE-47 Dose (ng/g egg)

Control 40 220 400 700 1000
Red-eared Slider
'&;”ba“on Time 5160  319% 2.94 % 2.07 % 3.78 % 2.58 %
Volume of
External Yolk 70.60%  87.37%  49.78%  56.93%  56.91%  59.22 %
(mn)
Size at Hatch o 0 o o o o
 MPE: 9.43 % 7.93 % 11.68 % 8.92 % 12.64 % 8.30 %
Size at Necropsy 44 ¢ 6.91 % 7.55 % 5.86 % 4.59 % 5.68 %
(6 MPE; g)
SMR
(4 MPE: 2288%  14.67%  102.92%  36.87%  23.00%  57.51%
pl Oo/min/g)
HSI 0, 0, 0, 0, 0, 0,
(6 MPE: %) 14.44%  1337%  10.80%  11.98%  11.00% 7.01 %
TSt 2645%  37.44%  28.08%  33.78% = 4455%  28.76 %
(6 MPE; %)
Total Glandular T o0 57 of 497206  4047%  8344%  5058%  46.34 %
(6 MPE; ng/ml)
Snapping Turtle
'&;”ba“on Time 5550, 283% 2.47 % 3.11 % 377 % 3.53 %
Volume of
External Yolk 61.60% 5153%  3575%  6352%  71.06%  49.31%
(mnt)
Size at Hatch o 0 o o o o
2 MPE: 0) 5.52 % 5.06 % 4.89 % 4.11 % 5.26 % 4.49 %
Size at Necropsy 4 14 o, 6.91 % 7.55 % 5.86 % 4.59 % 5.68 %
(6 MPE; g)
SMR
(4 MPE; pl 32.01%  2242%  27.76%  28.49%  18.87%  16.04%
O,/min/g)
HSI 0, 0, 0, 0] 0, 0,
(6 MPE: %) 1338%  7.76 % 6.28 % 4.96 % 5.90 % 9.01 %
(TesllleE; %) 46.84%  36.13%  27.83%  4230%  30.19%  22.00 %
Total Glandular T oo 1100 56009  64.75%  102.98%  59.07%  62.14 %

(6 MPE; ng/ml)
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Table 3-4. Observed power and sample size needed to achieve a power of 0.8 for
hatchling endpoints.

Sample Sample Size
mp Observed Power  Needed for a
Size
Power of 0.8
Red-eared Slider
'(g‘):“ba“o” Time  1g.42 0.0706 484
Volume of
External Yolk 18-42 0.2639 62
(mnt)
Size at Hatch
(2 MPE: g) 18-42 0.1349 135
Size at Necropsy i
(6 MPE: g) 7-18 0.1546 41
SMR
(4 MPE; 10-31 0.3704 24
pl Ox/min/g)
HSI
(6 MPE: %) 7-18 0.6799 9
TSI
(6 MPE: %) 7-18 0.2060 30
Total Glandular T
(6 MPE: ng/ml) 7-18 0.2185 28
Snapping Turtle
'&;”ba“o” Time 1843 0.0843 284
Volume of
External Yolk 18-43 0.1987 89
(mnt)
Size at Hatch
(2 MPE: g) 18-43 0.0634 686
Size at Necropsy i
(6 MPE: g) 7-20 0.0746 147
SMR
(4 MPE; 10-31 0.4002 22
pl Ox/min/g)
HSI
(6 MPE; %) 7-20 0.3176 19
TSI
(6 MPE; %) 7-20 0.1113 64
Total Glandular T 7-20 01115 64

(6 MPE; ng/ml)
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Table 3-5. Biological responses of red-eared slider and snapping turtle ggvenil
embryonic BDE-47 exposures.

BDE-47 Dose (ng/g egg)

Control 40 220 400 700 1000

Red-eared Slider

EJ/Zeervafrﬁféring 7.605+0.128 6.833+0.166 7.400+0.323 7.310+0.294 7.660+0.243 7.130+0.229
O MPE. o (19) (©) (10) (10) (10) (10)
Size at Necropsy ~ 10.71+0.407 11.45+1.007 11.54+0.930 11.0940.722 10.96+0.940 9.860+0.776
(16 MPE; g) (16) (8) (8) (10) (8) (10)

HSI 5.642+40.290 5.070+0.355 5.601+0.263 5.737+0.284 4.908+0.371 5.169+0.279
(16 MPE; %) (16) (8 8 (10) (8) (10)

TSI 0.032+0.0027 0.027+0.0048 0.025+0.0038 0.024+0.0026 0.028+0.0046 0.032+0.0037
(16 MPE; %) (16) (8) (8 (10) (8) (10)
F’ta' Glandular  pacs.5708  41564007.4 423348263 376241070 202443790 395641258

4
{6 MPE: ngimi 3) (5) (4) (5) (4) (5)

Snapping Turtle

EJ/Zeervafrﬁféring (10 10700127 1045:0.160 10.11:0.156* 1031:0238 10.36:0.173 10090172

MPE: 0) (23) (10) (13) (10) (10) (10)

Size at Necropsy ~ 26.37+2.20  23.68+2.74 29.80+2.63 25144252 24.68+3.14  29.47+2.63

(16 MPE: g) (23) (10) (13) (10) (10) (10)

HSI 4.835+0.317 4.276+0.378 5.544+0.373 4.990+0.391 4.957+0.515 5.320+0.391

(16 MPE; %) (23) (10) (13) (10) (10) (10)

TSI 0.014+0.0008 0.013+0.0013 0.012+0.0014 0.015+0.0011 0.015+0.0018 0.0093+0.006

(16 MPE; %) (23)4 (10)%8 (13)%8 (10)A (10)A (10§

F’ta' Glandular 419846517 33774490.6 317647939 2453:3342 3325:1044  4300+616.4
4

(16 MPE; ng/ml) (12) (5) ) (5) (5) 5)

Values are means * standard error with sample sizes listed below eacimmean i
parentheses. Different superscripts represent significant difeesdolbowing multiple
comparisons tests (p<0.05). * indicates significant difference from contsohtiat

multiple comparison tests (p<0.05). MPE=months post exposure; HSI=hepatosomatic
index; TSI=thyrosomatic index.
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Table 3-6. Standard metabolic rate and times to right of juvenile red-éde¥d and
snapping turtles at three different time periods embryonically exposed tetBDE

BDE-47 Dose (ng/g egg)

SMR (1l G/min/g)

Time to Right (s)

Red-eared Sliders

SnappimtleT Red-eared Sliders

Snapping Turtle

Control
Assay 1 (12 MPE)
Assay 2 (13 MPE)
Assay 3 (14 MPE)
400
Assay 1 (12 MPE)
Assay 2 (13 MPE)
Assay 3 (14 MPE)
700
Assay 1 (12 MPE)
Assay 2 (13 MPE)
Assay 3 (14 MPE)
1000
Assay 1 (12 MPE)
Assay 2 (13 MPE)
Assay 3 (14 MPE)

0.636+0.029 (20)
0.801+0.054 (20)
0.789+0.055 (20)

0.739+0.048 (10)
0.889+0.044 (10)
0.857+0.032 (10)

0.697+0.055 (10)
0.761+0.074 (10)
0.692+0.041 (10)

0.734+0.038 (9)
1.05520.136 (9)
0.901+0.046 (9)

0.743+0.032 (23)89.3+35.81 (11)
0.937+0.045 (23p98.2+53.31 (11)
0.766+0.036 (22287.9+51.65 (14)

0.871+0.089 (10)309.8+70.68 (6)
0.944+0.069 (10)376.1+49.24 (9)
0.774+0.029 (10)273.6+91.35 (6)

0.715+0.041 (10)288.8+91.07 (5)
1.284+0.159* (10)389.8+96.37 (5)
0.747+0.049 (10)351.2+145.9 (4)

0.776+0.057 (10) 95.4+75.88 (6)
1.305+0.176 (10) 12.2+85.45 (5)
0.792+0.032 (10) 51.8+103.9 (5)

199.9+43.14 (20)
228.4+42.54 (22)
125.6+27.23 (19)

72.67+25.15 (10)
94.27+33.79 (10)
189.9+59.24 (10)

36.32+21.09* (8)
94.52+35.07 (10)
126.1+47.02 (10)

78.20+38.60 (10)
100.7+26.70 (10)
210.5+72.45 (9)

Values are means + standard error with sample sizes listed attameaa in parentheses.
* indicates significant difference from control only after multiple congmaritests

(p<0.05).
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Table 3-7. Coefficient of variation calculated as a percentage for eachuougidata
juvenile endpoint.

BDE-47 Dose (ng/g egg)
Control 40 220 400 700 1000

Red-eared Slider
Size after
overwintering 734% 7.28% 13.81% 12.71% 10.02% 10.14%
(10 MPE; g)

Size at Necropsy
(16 MPE; g)

HSI
(16 MPE; %)
TSI
(16 MPE; %)

Total Glandular T
(16 MPE; ng/ml)

1520% 2487% 2281% 2059% 2425% 24.90%
2054% 19.79% 13.30% 1564% 21.36% 17.07%
33.08% 4981% 4269% 3537% 47.26% 36.70 %

1876 % 48.82% 39.04% 63.61% 3746% 71.10%

Snapping Turtle

Size after

overwintering 571% 484% 557% 1193% 529% 5.38 %
(10 MPE; g)

Size at Necropsy
(16 MPE; g)

HSI
(16 MPE; %)
TSI

(16 MPE; %)

Total Glandular T
(16 MPE; ng/ml)

40.07% 33.05% 31.78% 31.75% 40.24% 28.22%

3144% 27.95% 2425% 2478% 3286% 23.23%

26.88% 3169% 4036% 2512% 37.09% 21.41%

53.78% 3249% 66.13% 3047% 70.21% 32.06%
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Table 3-8. Observed power and sample size needed to achieve a power of 0.8 for
juvenile endpoints.

Sample Sample Size
Sizg Observed Power Needed for a
Power of 0.8
Red-eared Slider
Size after
overwintering 9-19 0.3357 24
(10 MPE; g)
Size at Necropsy i
(16 MPE: g) 8-16 0.1489 50
HSI
(16 MPE: %) 8-16 0.1846 39
TSI
(16 MPE: %) 8-16 0.1591 46
Total Glandular T
(16 MPE; ng/ml) 3-5 0.1987 11
Snapping Turtle
Size after
overwintering 10-23 0.7043 28
(10 MPE; g)
Size at Necropsy .
(16 MPE: g) 10-23 0.1538 61
HSI
(16 MPE: %) 10-23 0.2705 33
TSI
(16 MPE: %) 10-23 1.00 NA
Total Glandular T 512 0.0628 181

(16 MPE; ng/ml)
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Table 3-9. Coefficient of variation calculated as a percentage for juveamidasd
metabolic rate (SMR) and time to right for each of the three assay periods.

SMR (ul Q/min/g) Time to Right (s)
Red-eared Snapping Red-eared Snapping
Sliders Turtle Sliders Turtle
BDE-47 Dose (ng/g egg)
Control
Assay 1 (12 MPE) 20.50 % 20.70 % 62.74 % 96.53 %
Assay 2 (13 MPE) 38.64 % 23.09 % 59.30 % 87.37 %
Assay 3 (14 MPE) 30.95 % 22.23% 67.12 % 94.51 %
400
Assay 1 (12 MPE) 20.63 % 30.59 % 55.89 % 109.46 %

Assay 2 (13 MPE)  15.74 % 23.08 % 39.28%  113.35 %

Assay 3 (14 MPE)  11.95 % 12.01 % 81.78%  98.65%
700

Assay 1 (12 MPE)  24.80 % 17.96 % 7052%  164.20 %

Assay 2 (13 MPE) 30.79 % 39.19 % 55.28 % 117.32 %

Assay 3 (14 MPE) 18.73 % 20.62 % 83.09 % 117.88 %
1000

Assay 1 (12 MPE) 15.66 % 23.29% 40.48 % 156.09 %

Assay 2 (13 MPE)  30.33 % 42.73 % 46.35%  83.86 %
Assay 3 (14 MPE)  15.30 % 12.59 % 51.44%  103.26 %
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Table 3-10. Observed power and sample size needed to achieve a power of 0.8 for
juvenile standard metabolic rate (SMR) and time to right for each of the #a&g a
periods.

Red-eared Slider Snapping Turtle

Sample Size Sample Size
Needed for a Needed for a

Sample Observed Sample Observed

Size Power Power of 0.8 Size Power Power of 0.8

SMR (ul O2/min/g)

Assay 1 (12 MPE)  9-20 0.1934 45 10-23 0.2740 31

Assay 2 (13 MPE)  9-20 0.4049 21 10-23 0.3676 27

Assay 3 (14 MPE)  9-20 0.7431 11 10-22 0.0782 217
Time to Right (s)

Assay 1 (12 MPE)  5-11 0.3777 12 8-20 0.3437 21

Assay 2 (13 MPE) 5-11 0.1049 52 10-22 0.2819 33

Assay 3 (14 MPE) 4-14 0.1147 34 9-19 0.1242 79
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Figure 3-1. Hatchling red-eared slider and snapping standard metalmhca@sured 4
months post exposure for BDE-47 (ng/g egg) embryonic treatments. The agsshai
represent treatment means.
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Figure 3-2. Snapping turtle hatchling hepatosomatic index (HSI) measurewtidsm
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Chapter 4: Comparative effects ofin ovo exposure to sodium
perchlorate on the development, growth, metabolismand
thyroid function in the common snapping turtle (Chelydra
serpentina) and red-eared slider Trachemys scripta elegans)

Abstract

Perchlorate is a surface and groundwater contaminant frequently preaesds

associated with munitions and rocket manufacturing and use. It is known to be a thyroid-
inhibiting compound, preventing uptake of iodide by the thyroid gland, ultimately
reducing thyroid hormone production. Thyroid hormones play key roles in regulating
growth and development, and thus perchlorate exposure during the embryonic period
may impact embryonic traits that ultimately influence performancereivaill In this

study, eggs of red-eared slidefsgchemys scripfeand snapping turtle€pelydra

serpentind were exposed to a total of 200 pg/g and 177 pg/g respectively of perchlorate
as NacClQ early in the incubation period to determine impacts on glandular thyroxine
concentrations, embryonic growth and development, and metabolic rates of hatchlings for
a period of two months post-hatchinign ovoperchlorate exposure resulted in increased
incubation time, external yolk size, and hatchling mortality while decrgdsitchling

total glandular thyroxine concentrations in the red-eared sliders. In therspapies,
hatching success and standard metabolic rates were reduced, liver arttisizgowvere
increased, and hatchling total glandular thyroxine concentrations were refteced a

exposure to perchlorate. While both species were negatively affected byrexiaos
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perchlorate, impacts on red-eared sliders were most severe, suggesting sfider may

be a more sensitive sentinel species for studying effects of perehdsyatisure to turtles.

Introduction

Increasingly, perchlorate and its salts have become contaminants of concern due
to their stability and persistence in ground and surface water as wetlespread use in
explosives, pyrotechnics, rocket fuel, missiles and some fertilizelbsuigky, 1998;

Sridhar et al. 1999). The extensive use of perchlorate in the aerospace, defense and
chemical industries has led to significant contamination of water, soil, secamebiota
(vegetation, aquatic insects, fish, amphibians, and mammals) throughout the United
States (Urbansky, 1998; Smith et al. 2001, 2004; Mayer et al. 2006).

Perchlorate salts, such as ammonium perchlorate@N}j) and sodium
perchlorate (NaClg), are highly soluble in water and once released into an aquatic
system they readily dissociate producing the salt and perchlorate ions ¢yrk988).
In vertebrates, ionic perchlorate competitively inhibits the thyroid gland famg up
iodide, ultimately reducing thyroid hormone production leading to reduction of glandular
thyroxine as well serum concentrations of thyroxing @nd triiodothyronine (3;
Stanbury and Wyngaarden 1952; Saito et al. 1983; Wolff 1998). Alterations of thyroid
hormone homeostatis have serious implications for animal health because the hormones
play a role in regulating growth, embryonic and neurological development, and
metabolism of lipids and proteins (Clark 2000).

The majority of studies that have evaluated the effects of perchlorate on

vertebrates focused on amphibians, birds and mammals, whereas to our knowledge there
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has been only one study that has examined effects on reptiles (Redick-Harris 2006)
Redick-Harris (2006) studied the impacts of perchlorate on embryonic development of
fence lizards$celoporus sphby exposing the eggs to perchlorate in the incubation
substrate. At extremely high concentrations of perchlorate in the sulf$t&&and

15,852 pg Cl@/g substrate), exposure resulted in embryonic mortality and decreased
total embryonic oxygen consumption. At lower concentrations, mortality and oxygen
consumption were not significantly altered, but duration of embryonic development wa
increased and whole body Was significantly reduced (158 ug GI@ substrate).

Like the fence lizard, freshwater turtles nest in habitats potent@atifaminated
by perchlorate. Turtle embryos are quite sensitive to water soluble, loMecutar
weight contaminants (such as perchlorate) since the eggs are laid in nhgistisdeing
in direct contact with contaminants present in soil and water. This study domous$eo
species of freshwater turtle, the common snapping t@tielydra serpentineand red-
eared sliderf{rachemys scripa both of which have flexible, porous shells allowing for
absorption of water from the nest substrate (Packard et al. 1982), thus exposirasembry
to water-soluble contaminants that diffuse across the eggshell.

The primary purpose of this study was to determine whether thyroid processes can
be disrupted by perchlorate exposure during the embryonic stages of freshwlater tur
and whether there are subsequent implications for the health and survival of the
hatchlings. Secondly, this study compared species-specific response to pierechlora
determine which species may be best suited for use as a sensitive maesl|fgpec
impacts of perchlorate on embryonic and hatchling traits. To these ends, we exposed

eggs of snapping turtles and red-eared sliders a concentration of peecpteticted to
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disrupt thyroid function and quantified effects on endocrinological, developmental, and

physiological functions in hatchlings.

Methods

Egg Collection

Red-eared slider eggs were collected from Concordia Turtle Farm in Wadsuvil
LA. All slider eggs were laid on May 21 Snapping turtle eggs were purchased from
RR Aquafarms LLC in Preston, MD. All snapping turtle eggs were laid on My 27
Upon laying eggs were measured for diameter and wet weight, given a uniafifgirce
number written on the upper surface of the eggshell with a number two pencil, and
immediately placed in shallow bins half submerged in vermiculite mixed witr iwea
1:1 mass ratio. One egg from each of 23 different red-eared slider clutchesdaaslya
assigned to either the perchlorate treatment (n=23) or to the control group (n=23) whi
only seven different snapping turtle clutches were needed with three to fsvér@uyg
each clutch randomly selected for each treatment (n=23 for each treatiggs)were
kept at approximately 18 °C until Jun&(Day 1) when incubation temperatures were
raised to 26 °C, a temperature known to produce only males in both species (Yntema
1976; Wibbles et al., 1991). Moisture and humidity were maintained by misting the eggs

and nest substrate with water at 2-3 day intervals.
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Dosing

The dosing protocol was established for use in a larger study to determine
sublethal effects of polybrominated diphenyl ether embryonic exposure on turtles
(Chapter 2). One of the key endpoints in the larger study was thyroid function, thus
perchlorate was chosen for use as a positive control for this endpoint, due to its known
effects on thyroid function (Stanbury and Wyngaarden 1952; Saito et al. 1983; Wolff
1998). Sodium perchlorate was purchased from Sig®& % purity) and prepared in 5
ml of nanopure water. All eggs (n=23) were topically dosed with a total of 70 ul over 14
days with verified concentrations of 28 mg/ml for red-eared sliders and 30 fog/ml
snapping turtles. The dosing solutions were analyzed by Summit Environmental
Technologies, Inc. (Cuyahoga Falls, OH) using ion chromatography andl btitees
Environmental Protection Agency methods for determination of perchlorate in drinking
water (Hautman et al. 1999) with a limit of quantitation of 0.5 mg/L. The eggs were
dosed over 14 days to avoid an acutely toxic dose of perchlorate reaching the embryo in
addition to allowing for use of a smaller volume of solution per day to prevent the
solution from rolling off the surface of the eggshell. Concentrations were athesed
on the average egg mass for both species due to egg size differences (sliders 9.79 g,
snapping turtles 11.89 g). Exposure regime was based on a study of fencerizards i
which eggs were exposed to perchlorate-laced substrate, where exposure to 195 ug
NaClQ, /g of substrate was observed to reduce whole body tgtgeTdid not
significantly elevate mortality relative to controls (Redick-Ha2f€6). Control eggs
(n=23) were handled in the same manner as the perchlorate treated eggs (n=23) but

received no applications of fluid to the surface of the egg.
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Hatchlings

Each week, during incubation, random eggs from each treatment were candled to
determine viability and developmental stage. Eggs showing signs of arrested
development or mortality were removed and dissected to identify the stage of
development at which mortality occurred and to document any gross deformities.
Approximately 50 days after the start of incubation we began inspectingla@gand
removing individuals that had pipped (e.g., split the egg shell but had not yet emerged).
These individuals were held on moist sphagnum moss until having emerged from the
shell. Hatching of red-eared slider controls occurred from Augist®28ugust 28 (91
to 97 days of incubation) whereas hatching of the perchlorate treated eggsdoftounnre
August 22% to September 2793 to 98 days of incubation). Hatching of snapping turtle
controls occurred from August 120 August 24' (77 to 89 days of incubation) whereas
the perchlorate treated snapping turtle eggs occurred from Audust Migust 27 (79
to 92 days of incubation).

Hatching success was measured as a proportion of individuals that successfull
pipped and hatched. Since all eggs for each species were collected and incubated on the
same days, time to hatch was measured as the number of incubation days frorhdhe sta
incubation until complete hatch occurred. Upon hatching the turtles were ntefsure
size and weight (carapace length-CL, carapace width-CW, plastrah-lebhy and
examined for gross abnormalities of the eyes, jaws, limbs, tail, bridge, and scutes.

Finally, the volume of external yolk at hatch was also used as a measurememnalbf ove
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health. The length, width, and height of the residual, external yolk were measuged usin

digital calipers to estimate the volume of the external yolk present atratchi

Metabolic Rate and Organosomatic I ndices

Resting metabolic rate (20 °C) was measured as oxygen consumption of resting
and fasted animals, four weeks post-hatch, at 2.5 h intervals over a period of
approximately 18 h by microrespirometry (MicroOxy-maxColumbus Instruments,
Columbus, OH) following a 24 h acclimation period (Nagle et al. 2001). The MicroOxy-
max'™ was calibrated against a standard oxygen, carbon dioxide, and nitrogen mixture.
After metabolic measurements were made, approximately two months past-hat
individuals were weighed, measured, and euthanized by inhalation of isoflurane (NLS
Animal Health, Owings Mills, MD, USA) followed by decapitation. Livarsd thyroids
were removed and weighed to calculate organosomatic indices. We ealculat
hepatosomatic and thyrosomatic indices (HSI and TSI) as [(liver or thyleoid weight
/ body weight)*100]. Individuals that died prior to measurements of metabolic rege we
excluded. All procedures were approved by the University of Maryland Center f

Environmental Science Institutional Animal Care and Use Committee (S6ZEL4).

Glandular Thyroxine

Upon being euthanized thyroid glands were removed from each turtle, snap frozen
in liquid nitrogen and stored in —80 °C conditions until analysis of thyroxif)ecfhtent.

Thyroid glands were digested according to McNabb et al. (2004a). Briethgsgleere
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incubated in 350 pl of a digestion mixture (99.88 mM TRIS, 5.00 mM L-Glutathione
reduced, 2.50 mM 6-n-propyl-2-thiouracil, and 1 % Triton X-100) containing 25 mg
pronase (protease fro8treptomyces griseuor 24 hours at 37 °C. L-Glutathione
reduced, 6-n-propyl-2-thiouracil and Triton X-100 were supplied by Sigma-Aldrich and
the pronase by EMD chemicals. After digestion, samples were sto2@i%t until later
dilution and analysis by enzyme immunoassay (EIA).

Total glandular T concentrations were measured using a competitive EIA kit
purchased from Calbiotech (Spring Valley, CA) with a standard curve r&2§e250
ng/ml. This kit has a sensitivity of 4 ng/ml using standards prepared in hurnan SEo
ensure that glandular, Tould be accurately measured using this system, standard curves
were also prepared in dilution buffer, §tandards were prepared by dilutions from a
stock solution containing 0.5 mg/mThyroxine (Sigma-Aldrich) in 0.5 M HCI, 75 %
ethanol. Further Jiworking stock solutions were prepared in 50 mM Tris buffered saline
(0.9 % NaCl). The final standard solutions were prepared in the same conmentat
the serum standards (0 ng/ml, 20 ng/ml, 50 ng/ml, 100 ng/ml, 150 ng/ml and 250 ng/ml)
provided in the kit, in 1 % sheep serum (Innovative Research in Southfield, Ml) and 50
mM Tris buffered saline, 0.9 % NaCl. Standard curves prepared in sheep serunmwere r
along with the standard curve supplied by the manufacturer to verify panalfeligach
assay.

Twenty microliters of 1.0 M perchloric acid was added to 100 ul of digested
sample and incubated at room temperature for 40 minutes to precipitate proteins. The
samples were spun at 5000 rpm for 10 min and then diluted in 1 % sheep serum to run for

assay. Perchlorate samples from both species were diluted 1:5 whilegediaar
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controls were diluted from 1:5 to 1:40 and all snapping turtle controls were diluted 1:5 in
1 % sheep serum buffer (50 mM Tris buffered saline, 0.9 % NaCl). Final assay volumes
were 25 pl for all samples and standards.

The EIA was validated for use on thyroid extracts of both species. Samples were
run in duplicate to determine intra-assay variation using the coefficieatiation for
both species (2.87 % + 0.11 % and 2.80 % + 0.15 %) for snapping turtles and red-eared
sliders respectively; £ 1 SE as a percent of the mean). One snapping yuoit® th
sample digested, treated with perchloric acid and diluted 1:100 was run in eachsaas
measure of inter-assay variation for both species (7.94 % + 1.63 % and 6.33 % + 0.90 %)
for snapping turtles and red-eared sliders respectively; + 1 SE asatpsrthe mean)
for 34 snapping turtle and 24 red-eared slider replicates. A composite of snappeng turt
thyroids digested, charcoal stripped, precipitated with perchloric ackedspith 10
pa/ml Ty standard and diluted 1:100 was run in each assay along with the 10 pg/mi
spiking standard diluted 1:100 to determine accuracy (5.84 % = 0.51 %; mean £ 1 SE).
Recovery in the spiked samples was also determined (101.51 ng/ml £ 0.91; mean
recovery = 1 SE). Finally, a composite of snapping turtle thyroids digestedpaharc
stripped, precipitated with perchloric acid and diluted 1:10 was run as a blank to
determine background interference (15.46 ng/ml £ 0.30; mean £ 1SE). Each sample was
corrected for background interference in each assay. Cross-readititrigykit is <1 %

with d- andl-triiodothryonine.
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Statistics

Contingency tables were used to analyze hatching success and posighatchin
mortality for both species. One-way analysis of variance (ANOVA) wed to analyze
all other data with the exception of the red-eared slider thyrosomatic in88xwfiere
an unequal variance t-test was used because variances were heterogenstiass e
transformation (Ruxton, 2006). Statistical significance was judged based uppe & Ty
error rate otx[10.05. The rate of oxygen consumption (nan.), which varies
allometrically with body size, was corrected for mass following metkeagsoyed by
Manyin and Rowe (2006). These data were log transformed to meet assumptions of
normality and homogeneity of variances. Data for time to hatching and total glamgdul
concentrations in red-eared sliders were rank-transformed (Conover and Iman, 1981)
Data for organosomatic indices for both species and the totalnEentrations in the

snapping turtles were log transformed.

Results

Hatching success was reduced in the perchlorate exposure treatment for both
species (snapping turtle: control-100 %, perchlorate-73.9 %; red-eared iakeol-
95.7 %, perchlorate-78.3 %). This reduction was statistically significartidamapping
turtles (p=0.009), but not for the red-eared sliders (p=0.080; Table 4-1). Of the snapping
turtles that hatched, only two from the perchlorate treatment died within two motth pos
hatch duration of the study. In contrast, five red-eared sliders exposed tozectied
within two months after hatching, which was significantly greater than htpita

controls (p=0.008; Table 4-1). The number of incubation days prior to hatching was
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significantly greater in the perchlorate treated red-eared slielats/e to controls
(p<0.0001), but this was not the case for snapping turtles (p=0.196).

For perchlorate-exposed snapping turtles, hatchling sizes did not differ from
controls, whereas carapace width of exposed sliders was significantlgde@lative to
controls (p=0.050). The volume of the external yolk did not vary significantly between
treatments for the snapping turtles, but was significantly larger in theared slider
hatchlings exposed to perchlorate and on observation took a longer time to be absorbed
(p<0.001; Table 4-1).

Standard metabolic rates were significantly decreased in the snapfimg tur
hatchlings exposed to perchlorate relative to controls (p=0.025; Figure 4-1). However,
standard metabolic rates did not differ between treatments for red-adezd §=0.987;
Figure 4-1). Standard metabolic rates in the controls differed betwesasspeach that
red-eared sliders had significantly lower standard metabolic rates dyapirsm turtles
(p<0.0001), indicating species-specific differences in respiration, despitetcamréor
size differences. Hepatosomatic index (HSI) was significantlydamgle snapping
turtle hatchlings exposed to perchlorate compared to the control (p=0.012; Table 4-1).
This was not the case in the red-eared sliders (p=0.657). Thyrosomatic indefofTSI
the snapping turtles exposed to perchlorate was significantly larger theonthels
(p=0.001); however, there was no significant difference in red-eared slidérd §ps
Table 4-1). Both species exposed to perchlorate had significantly reduceglaotailar
T, concentrations compared to the controls. This was true for the total glangular T
concentrations either when corrected or uncorrected for thyroid n&&8Qp1 for both

species; Figure 4-2).
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Discussion

Embryonic exposure to perchlorate had significant impacts on survival and
indicators of physiological and thyroid health in both snapping turtles and reti-eare
slider. However, the only response common to both species was a decrease in glandular
thyroxine (Ty) concentrations. It is well known that perchlorate inhibits iodide uptake
into the thyroid, preventing the synthesis of thyroid hormones (Stanbury and
Wyngaarden, 1952; Wolff, 1998). The significant decrease in glandular T
concentrations in both species was therefore expected.

It is known that thyroid hormones have important roles in regulation of several
processes in vertebrates including growth, embryonic development, metaboliigitisof
and proteins, and neurological development (Clark, 2000). Thus the perchlorate-driven
decrease in total glandulag Goncentrations may explain the physiological disruptions
that were found in embryonic development and hatchling health. In this study, both the
control and perchlorate-exposed snapping turtle hatchlings were able to sulgcessf
utilize their external residual yolk sacs by two weeks after hatchmgoritrast, red-
eared sliders exposed to perchlorate not only had significantly larger gsllatsa
hatching than the controls, but were unable to completely utilize their exyetkafter
hatching.

Although the snapping turtles exposed to perchlorate absorbed their yolk sac, they
also displayed an increased hepatosomatic index, suggesting that they may bethave
able to metabolize the yolk for energy and rather may have allocated tgg enlkgpid

stores in the liver (however we did not quantify hepatic lipid content). Hepatlosipi
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is not an uncommon response of vertebrates to exposure to contaminants; in fact, several
studies have documented increased lipid content in livers in response to PCBs (Heaton et
al. 1995; Kuzyk et al. 2003). Although the mechanism of toxicity of perchlorate is
different from that of PCBs, both inhibit thyroid function (Webb and McNabb 2008;
McNabb and Fox, 2003; Klaassen and Hood, 2001) linking impacts on the liver to

thyroid function and contaminant exposure.

The reduced glandular, Toncentrations in the perchlorate treated snapping
turtles led to hypothyroidism as evidenced by the significantly increagemdlsize
which potentially led to systemic downstream effects. For example, the lagk of T
present in the hatchlings could have led to a decrease in metabolism meashe=d by
standard metabolic rate since thyroid hormones control metabolic processes. s, w
thyroid function is compromised, metabolism of lipids and proteins for energy could be
impacted (Clark, 2000), leading to increased liver size found in the snapping turtles.

In contrast to the snapping turtles, the red-eared sliders did not show increased
thyroid or liver size, nor did they have a reduced standard metabolic rate wherdexpose
the same concentration of perchlorate that induced these effects in snappesg turtl
However, embryonic perchlorate exposure reduced glandy@mnEentrations in red-
eared sliders. Similar to our results whole boggdncentrations were significantly
decreased in fence lizards at a similar embryonic exposure concentraok(Rarris,
2006). Other studies have examined exposure of juvenile and adult vertebrates to
perchlorate in drinking water and reported reducedohcentrations (McNabb et al.

2004a; Goleman et al. 2002; Tietge et al. 2005). However, it is difficult to interpret our
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results in comparison to these studies of other species due to differences in routes of
exposure and life stages of the exposed individuals.

Despite reduced glandulay ih the red-eared slider, they responded differently to
hypothyroidism than the snapping turtles. Unlike snapping turtles, red-ea@ed sli
showed a marked response to perchlorate in that they possessed significamtly large
external yolk reserves at hatching as well as significantly isecemortality after
hatching relative to unexposed individuals. Redick-Harris (2006) exposed westsn fe
lizards eggs to perchlorate in the incubation substrate and found that at an exposure of
1,950 and 19,500 ug NaCGJ@Q substrate hatching success was significantly impaired. In
contrast, we observed reduced hatching success of red-eared slidershatiaveau
concentration (200 ug NaCi@ egg weight). However, we applied perchlorate directly
to the surface of the egg whereas exposures in the study by Redick-22063 \(ere
more indirect (via incubation substrate), perhaps accounting for great@tytoxour
study. Embryonic exposure to perchlorate appeared to have greater lethad iompact
hatchling red-eared sliders compared to the snapping turtle suggesting itimbe a
sensitive species under embryonic exposure conditions. On inspection of redidared sl
individuals at hatching it was clear that the individuals exposed to perchloratenoes
severely impacted than the snapping turtles. For example, in the five casbsafa@
sliders that did not survive to two months post hatch, their external yolk sacs had not
been fully absorbed prior to death. Compared to the snapping turtles, some red-eared
sliders were not able to utilize their energy stores from their yolk tigguh mortality.

Based on the significantly larger size of the external yolk it was &egbétat the

standard metabolic rate of the red-eared sliders from the perchloedteent would
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have been significantly lower than the controls, however, this was not the caseanThis c
be explained by the generally low standard metabolic rate of the controlsorithel
red-eared sliders had a significantly lower standard metabolic rate @hipahe
snapping turtle controls and since hatchling turtles in general have a lowdtanda
metabolic rate immediately following hatching there was not enough differa the
oxygen consumption of the perchlorate and control treatments of the red-eeesitsl
elicit a significant difference (Figure 4-1). Itis possible withrgdasample size the
separation between treatments would have been more pronounced.

This is the first study to quantify impacts of perchlorate on embryonic and
hatchling traits of turtles. Turtle embryos can easily be exposed to pereldasato
their porous egg shells and presence of nests in moist soils, providing for diffusion of
dissolved perchlorate into the egg during incubation. The common snhapping turtle and
red-eared slider could potentially be useful reptilian models for identifyfagte of
embryonic exposure to perchlorate. Our results demonstrate that, even at a single
concentration, both red-eared sliders and snapping turtles are affecteg &ttall
sublethally by perchlorate exposumeova In addition, the red-eared slider was more
sensitive to am ovoperchlorate exposure as evidenced by its greater lethal response.
With little information available for impacts of perchlorate on reptiles,tehdil work is
required to further determine turtle embryonic and hatchling sensitivity ¢blpeste. In
particular, further studies of species-specific responses acrasgeof environmentally
relevant concentrations and during different portions of the embryonic period would

provide information for assessing the risks of perchlorate exposure to turtlesaunder
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variety of conditions similar to those that the animals may experience enuoated

habitats.
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Tables

Table 4-1. Endpoint measures of embryonic exposure to perchlorate in both species.
Mean + standard error followed by the minimum and maximum points and the sample

size. * indicate significant difference from the control of the same sp@oysficance

at p<0.05).
Common Snapping Turtle Red-eared Slider
Endpoint Control Perchlorate Control Perchlorate
Hatching Success 100 % 73.91 %* 95.65 % 78.26 %
(%) (23/23) (17/23) (22/23) (18/23)
Post Hatching 0% 11.76 % 0% 27.78 %*
Mortality (%) (0/23) (2/117) (0/22) (5/18)
Incubation Lenath 79.83+0.57 81.06+0.77 83.55+0.47 96.53+2.35*
(Days) g 73-85 75-88 80-88 83-118
y n=23 n=17 n=22 n=18

External Yolk 439.06+41.86

548.02+68.07 1207.36+138.15 2415.29+242.46*
136.72-921.26 193.86-1313.86 103.37-2329.07 621.55-4627.96

Volume (mnf) n=23 n=17 n=22 n=18
Carapace Width 27.60+0.18 27.77+0.30 26.58+0.33 25.42+0.49*
(mm) 26.37-29.21 25.86-30.00 23.99-30.17 22.22-28.34
n=23 n=17 n=22 n=18
1.82+0.086 2.42+0.20* 4.77+0.22 5.23+0.40
HSI (%) 1.44-2.56 1.75-4.78 3.85-5.88 2.78-7.48
n=10 n=17 n=10 n=16
0.014+.0025 0.028+0.0044* 0.034+0.0021 0.044+0.0068
TSI (%) 0.0075-0.035 0.0067-0.078 0.024-0.044 0.017-0.094
n=10 n=17 n=10 n=16
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Figure 4-1: Standard metabolic rate corrected for mass. * IndicgteBcsint
differences from the control of the same species. # Indicates signifitfanténites
between the same treatments of the two species. Significane@.@bpmean + 1 SE.
Sample sizes in parentheses.
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Chapter 5: Dietary exposure of BDE-47 and BDE-99rad
effects on behavior, bioenergetics and thyroid furion in
juvenile red-eared sliders {rachemys scripta elegans) and
common snapping turtles Chelydra serpentina)

Abstract

In this study, red-eared slidefBr@chemys scripta eleganand snapping turtles

(Chelydra serpentinawere fed food dosed with BDE-47 or BDE-99 for six months
beginning approximately nine months post-hatch. During the exposure period,
measurements of growth, bioenergetics and behavior were made while thyrawmhfunct
and accumulation were quantified post-exposure. Whole body concentrations of both
congeners were lower in red-eared sliders compared to the snapping twetlesaft

months of exposure. BDE-47 and -99 did not impact growth in either species but
snapping turtles receiving a diet containing BDE-47 had significantly eldessndard
metabolic rates after three and four months of exposure. Behavior was modifigd in re
eared sliders exposed to both congeners. When exposed to BDE-47 there was increased
activity in response to a simulated predator in the red-eared sliders. In Gaviters

they were exposed to BDE-99, the red-eared sliders were slower to righéesrafter
having been inverted. Snapping turtle behavior was not affected by dietary exposure to
either congener. No apparent effect on liver or thyroid masses was obsegitbei

species, but total glandulag €oncentrations were significantly reduced in the red-eared

sliders exposed to BDE-47. These results demonstrate that dietary expodDEe43@ B
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and -99 can elicit a suite of responses and effects in two species of tuitlbe ted-
eared slider appeared to be a more sensitive species across endpoints than tlge snappin
turtle. This suggests that the snapping turtle may not be the best surrogefatifoy

concentrations to effects.

Introduction

Polybrominated diphenyl ethers (PBDES) are flame retardants that hawe bee
historically used in a wide variety of consumer products including flamstaesi
polystyrene and polyurethane foams, treated textiles, electronics andspldstiVit
2002; Alaee et al. 2003). PBDEs have been commercially produced in thred distinc
formulations including the lower brominated Penta-bromodiphenyl ether, Octa-
bromodiphenyl ether, and the Deca-bromodiphenyl ether primarily containingjlthe f
brominated congener BDE-209. As a result of their widespread use and global
distribution of consumer products incorporating these compounds, PBDESs are ubiquitous
in marine and freshwater organisms (Hale et al. 2001, 2003; Law et al., 2003; d& Solla e
al. 2007; Chen and Hale 2010). Due to the increasing environmental concentrations of
PBDEs, in particular the lower brominated mixtures, in addition to the well docedhent
bioaccumulative and toxic properties, both the Penta-BDE and Octa-BDE are no longe
on the market in Europe and North America (Directive 2003/11/EC; Tullo 2003; Ward et
al. 2008). Deca-BDE is still largely unregulated, however, and although hamaed in
2008 in Europe from use in electronic equipment it remains in use in the U.S. Use in the
U.S. will soon be voluntarily phased out of production and use by 2012 due to the

increasing evidence that BDE-209 can be assimilated and metabolihedeinvironment
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to form the more toxic lower-brominated congeners (Kierkegaard et al. $38g8eton et

al. 2004c, 2006; Van den Steen et al. 2007; BSEF 2010). Even with regulations in place
for PBDES, environmental concentrations are continuing to increase and continue to pos
a threat to wildlife health.

Of most concern are the PBDEs that make up the Penta-BDE mixture as they tend
to have a greater potential to be bioaccumulated and are more commonly found in
biological matrices even though they are no longer in use. Impacts of pentaeBDE
developmental and behavioral processes have been documented in a wide variety of
vertebrate species. Of particular concern are indications that PBDEdisnayt the
thyroid system potentially affecting thyroid hormone homeostasis bpetmg with
thyroxine (Ty) for binding sites on the transport protein transthyretin, binding to the
thyroid hormone receptors, as well as increasing metabolismle&ding higher
excretion (Meerts et al. 1998 and 2000; Marsh et al. 1998; Zhou et al. 2001, 2002;
Hallgren and Darnerud 2002; Morgado et al. 2007; Richardson et al. 2008). Many
studies have demonstrated inverse relationships between plasma thyroid hormone
concentrations and whole body or treatment concentrations of Penta-BDEs @Fainie
2005a; Costa and Giordano 2007; Talsness 2008).

In addition to changes in thyroid hormone homeostasis, exposure to PBDEs can
lead to substantial developmental and neurotoxic effects. Several studies ifaade ver
that PBDEs can cause developmental and behavioral effects including reciioed m
skills, learning abilities, memory and hyperactivity in rats and mickggon et al. 1998,
1999, 2002; Viberg et al. 2003; Branchi et al. 2002, 2003, 2005; Kuriyama et al. 2005;

Costa and Giordano 2007; Driscoll et al. 2009). Changes in development and behavior
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after exposure to Penta-BDEs have also been documented in a variety of normamm
vertebrates. Juvenile zebrafidbafio rerio) exposed to BDE-47 through their diet
exhibited early impacts to growth after exposure as well as reducedyaatigi swim
distance that were negatively correlated with tissue level of BDE-4@ Réaila pipiens
tadpoles exposed to a commercial mixture of Penta-BDEs showed reduced gmdwt
delayed development (Chen et al. 2010; Chou et al. 2010; Coyle and Karasov 2010). In
addition, adult American kestrelgdlco sparveriusexposed through their diet to a
Penta-BDE technical mixture exhibited changes in reproductive courtship behavior
(Fernie et al. 2008).

A lack of information on PBDE effects on a variety of long-lived speciesepts
a critical data gap hindering understanding of the importance of chronic acttamula
and effects of PBDEs in many natural systems. Development of modelsgiestant
the types of processes that occur under natural exposure regimes isforigvaluating
ecological implications of PBDEs. Vertebrates having long life spangjedkela
maturation, and high trophic status may be particularly useful for assessiogical
effects of PBDESs due to their propensity to accumulate persistent lipommt&nsinants
(e.g., Rowe 2008). Turtles in particular possess these traits and, whileglkepan to
accumulate PBDEs (de Solla et al. 2007, 2008; Moss et al. 2009; van de Merwe et al.
2010), resultant effects on juvenile health and fitness are unknown.

There have not been controlled laboratory studies conducted to determine specific
effects of PBDE exposure in juvenile turtles. A pair of studies has examined
environmental levels of a suite of co-occurring persistent organic polluiaciteding

PBDEs in snapping turtl€Chelydra serpentineeggs and effects on hatching success and
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incidence of deformities (de Solla et al. 2007, 2008). In these studies, however, it was
determined that concentrations of PBDESs in eggs were on average 45.6 timdhdower
polychlorinated biphenyl (PCB) concentrations, but PBDE concentrations wezasadr
compared to other typically measured organochlorine compounds such as mirex and
dichlorodiphenyldichloroethylene (DDE) complicating determination of trauasal

links between the contaminants measured and impacts to hatching success and
deformities (de Solla et al. 2008).

In addition, other research studying contaminant effects on turtles, typisaily
red-eared slidersI tachemys scripta eleganfiave focused on both environmental and
laboratory embryonic exposures to various contaminants and resultant hatchlitey effec
none of which focus on PBDEs (Bishop et al. 1991, 1998; Bell et al. 2006; Crews et al.
1995; Willingham and Crews 1999, 2000; Willingham et al. 2000). Only one study, to
the authors’ knowledge, carried out a laboratory dietary study looking at multiple
developmental, metabolic and behavioral endpoints in juvenile snapping turtles, again not
focusing on PBDEs but PCBs (Eisenreich et al. 2009).

In this study we exposed juvenile red-eared sliders and snapping turtles to two
PBDE congeners in the diet to determine the impacts of dietary exposure ealsurvi
growth, metabolism, behavior, and thyroid function over a six month feeding period.
Using two species as models, we also examined species-specific défenemesponse
to exposures to evaluate their relative utilities as bio-indicators of ecalagipacts of

PBDEs.
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Methods

Eggs Coallection

Thirteen clutches of red-eared slider eggs (laid on M&y &1d four clutches of
shapping turtle eggs (laid on May"3#vere collected and purchased from Concordia
Turtle Farm in Wildsville, LA and RR Aquafarms LLC in Preston, MD respéigtive
Care and incubation were described in Chapter 3. Briefly, measurements bb#ize
weight and diameter (snapping turtle eggs) or length and width (red-earecghge
were taken after each egg was given an unique identifying number written on the upper
surface of the egg in number two pencil. Eggs were maintained in a damp substrate
(vermiculite mixed with water in a 1:1 mass ratio) with incubation beginning on June 1
at 26 °C, a temperature known to produce only males (Yntema 1976; Wibbles et al.
1991). Two eggs from each clutch were randomly selected and homogenized for
contaminant analysis of background concentrations of PBDESs in the egg contents as
within-clutch variation of contaminant concentrations have been found to be low (Bishop
et al. 1994). All procedures were approved by the University of Maryland Genter

Environmental Science Institutional Animal Care and Use Committee (SEZEL4).

Hatchlings and Juvenile Husbandry

Approximately 50 days after incubation, daily monitoring for hatching occurred.
At first signs of hatching, initial crack in the eggshell, individual eggs wansferred to
a plastic cup with a bed of wet sphagnum moss. After full emergence from the eggs, w

mass, carapace length and width, and plastron length were measured. In add#en to s
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measurements, each individual was checked for any possible deformities and those wi
classified deformities were eliminated from the study. Approxim&ehonths post-

hatch (MPH) hatchlings were transferred from moss to 1-3 cm of water anthimed at

20 °C in a constant temperature room for 2 weeks followed by a reduction in temperature
of 5 °C increments in two week time periods until a final over-wintering tertuperaf 5

°C was reached to simulate more natural over-wintering conditions and environmental
stresses. Approximately 6 MPH the temperature was raised at 5 °Centseavery two
weeks until a temperature of 20 °C was reached (7 MPH). Individuals were then moved
to a flow through housing system providing a constant fresh water source with detai
provided in Chapter 3. Turtles were acclimated to their housing conditions and food
(prepared control food described below) following feeding with prepared treatment food
every other dagd libitum Approximately 14 MPH and after 6 months of dietary
exposure all juveniles were euthanized by inhalation of isoflorane (NLS AHieadth,
Owings Mills, MD, USA) followed by decapitation. At the time of necropsyréand
thyroids were collected and weighed for calculation of organ mass inf{loes ©r

thyroid gland weight / body weight)*100]) as well preserved for chemichharmone

analyses.

Food Preparation

Control food was prepared by mixing Fluker’s aquatic turtle diet (40 % of wet
mass; Port Allen, LA, USA) ground in a blender with Gel Fish Food (17 % of wet mass;
Aquatic Eco-Systems Inc. Apopka, FL, USA), deionized water (43 % of wet mass) and

10 ml cod liver oil. BDE-47 and BDE-99 treated food were prepared by dissolving neat
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forms of both congeners (Accustandard Inc., New Haven, CT, USA) in 10 ml cod liver
oil. The BDE solutions were then added drop wise to the dry mixture of aquatic turtle
diet and Gel Fish Food. The dry mixture was then mixed with an electric handtanixe
homogenize the dry contents after which deionized water was added to and mixed. The
bulk food for all treatments was then formed into 5.0 £ 0.1 g pellets and frozen at -20 °C

until needed for feeding.

Biological Endpoints

Growth and Standard Metabolic Rate

Juveniles were measured and weighed every three weeks immediatelynigllow
overwintering. Juvenile growth rate (k) was measured for each tleele measurement
period (k=In(W)-In(Wy)/(t), where W is size at end of the 3 week period; M/size at
the previous 3 week period, and t is the number of days between measurements.

Microrespirometry (MicroOxy-maX'; Columbus Instruments, Columbus, OH)
was used to measure standard metabolic rate (“SMR”; gb@sumed/min) of fasted,
resting juveniles after 2, 3 and 4 months of dietary exposure. However, during the 2-
month measurement for the snapping turtles, the respirometer failed, thus pgechedin
of those data. Respiration measurements were taken according to methods af3hapte
and Nagle et al. (2001) and the MicroOxy-H4xvas calibrated against a standard
oxygen, carbon dioxide, and nitrogen mixture. Wet weight and carapace length
measurements were made following the trials to account for the impace @frsibe

amount of @ consumed by each individual.
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Behavior

Behavioral assays commenced after one month of dietary exposure using
individuals of all three treatments (n=15) repeated for months 3 and 4 of exposure as
described in Chapter 3. Briefly, the response to a visual stimulus was usedite test
ability of the juveniles to recognize and respond to a visual stimulus. The techngjue wa
adapted from one employed by Winkelman (1996), in which a simulated avian predator
was used to cast a shadow on or near the test animal. Individuals were placed in an
aquarium covered on all sides and lighted from above by a unidirectional light s@urc
shadow of an avian predator was casted over the turtle with the response recorded,
characterized, and categorized over three trials per individual. Respomses we
categorized as moving away from the shadow, flinch, head bob, no response, any
combination of responses, or movement not listed.

The second behavioral assay conducted (“righting response”) was ¢he tim
required for the individual to right itself from a ventrally-exposed positionmeassured
(Steyermark and Spotila 2001). Using replicated tests on representatiatsa(aisn
above), individuals were placed on their back with movements and time to right cecorde

Glandular Thyroxine

For glandular Thyroxine (J measurements, thyroids were removed from
individuals and snap frozen in liquid nitrogen and stored in -80 °C conditions for future
analysis by enzyme immunoassay (EIA). Digestion of the thyroid glands &allow
methods of McNabb et al. (2004a) and detailed in Chapter 4. Whole snapping turtle

(n=13) and red-eared slider (n=12) glands were digested for 24 hours at 37 °C in a
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mixture of 99.88 mM TRIS, 5.00 mM L-Glutathione reduced, 2.50 mM 6-n-propyl-2-
thiouracil, and 1 % Triton X-100 and stored at -20 °C until time of assay.

As detailed in Chapter 1, a competitive EIA kit purchased from Calbiotech
(Spring Valley, CA) was used to measure total glandularThe kit has a sensitivity of
4ng/ml using standards ranging from 20-250 ng/ml in human serum. An identical
standard curve was prepared using L-thyroxine (Sigma-Aldrich) in 0.5 M HCI, 75 %
ethanol and diluted in 1 % sheep serum (Innovative Research in Southfield, Ml) to ensure
turtle glandular T could be accurately assayed using this kit. The standard curve
prepared in sheep serum was also used to verify parallelism in each afisay. A
digestion and perchloric acid treatment, Red-eared slider and snappingituatiide)
samples were diluted 1:10 to 1:100 with final sample and standard volumes of 25 pl used
for the assay.

As reported in Chapters 3 and 4, intra-assay variation was measured asobeffi
of variation for both species and was minimal (2.87 % = 0.11 and 2.80 % + 0.15 for
shapping turtles and red-eared sliders respectively; + 1 SE as a perbentnetn).
Similarly, inter-assay variation was satisfactory (7.94 % = 1.63 and 6.33 % + 0.90 for
snhapping turtles, n=34, and red-eared sliders, n=24, respectively; £ 1 SE as a percent of
the mean). Accuracy was determined to be 5.84 % + 0.51 (mean + 1 SE) for a snapping
turtle thyroid composite that was charcoal stripped and spiked with 10ugatandard
and diluted 1:100 with a recovery of 101.51 ng/ml £ 0.91 (mean recovery + 1 SE).
Background interference for the charcoal stripped and composited snapping turtle

thyroids was determined to be 15.46 ng/ml £ 0.30 (mean £ 1 SE) and samples were
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corrected accordingly. Finally, kit cross-reactivity was <1 % wkthndI-

triiodothryonine.

Analytical Methods

Chemical analyses on eggs, juveniles and food for background and post-treatment
concentrations of total PBDEs were conducted. Extraction details andcalalyt
procedures are described in detail in Chapter 3. Briefly, 3 g of homogenized uet tiss
(egg composite, whole body tissue, or food samples) was dried using sodium sulfate.
PBDEs from the tissue and food samples were extracted using accelehatat s
extraction (ASE 300; Dionex) with dichloromethane. Each sample was spikeitldirec
with *C-BDE-15 and>C-BDE-118 (surrogate standards) prior to extraction for
calculation of analyte recoveries. Recovered extracts were coredrdral removal of
nonpolar interferences was done using deactivated Ffocisilmn chromatography.
Thirty-four BDE congeners were quantified using a gas chromatograph (Agilent
6890N) coupled to a mass spectrometer (Agilent 5973N) operated in negativeathemic
ionization mode. The programmable temperature vaporization (PTV) injectaseds
in pulsed splitless mode (5 ul injections). A 15 m DB-5MS column (J&W Scientific,
Folsom, CA, USA) with an inner diameter of 0.25 mm and 0.1 um film thickness was
used. Two slightly different oven temperature programs, injector and detector
temperatures as well as inlet and column flows were used due to improvements on
methods as detailed in Chapter 3. The egg and food samples were run using one program
and juvenile whole body analyses using the second program with slight differences
initial hold temperature and time, the final hold temperature and time, and tterinje

and detector temperatures. Inlet and column flow were 100 ml/min and 1.3 ml/min,
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respectively. Prior to instrumental analysf§;-CDE-86 (2,2',3,4,5-pentachlorodiphenyl
ether) and>C-BDE-209 (decabromodiphenyl ether) were added as internal standards to
all samples and calibration standards. The mass fragmérntg9 and -81 were
monitored for di- to octa-BDEs, -487 and -409 for the nona-BDEs and BDE-209, -318
and -316 for-*C-CDE-86, and -495 and -415 foC-BDE-209 for quantitative and
gualitative ions, respectively. BDE standards were purchased from Cgmksotope
Laboratories (Andover, MA, USA), Wellington Labs (Guelph, Ontario, Cananda), and
Accustandard (New Haven, CT, USA) or received from the U.S. National Instftute
Standards and Technology (NIST; Githersburg, MD, USA).

Three times the analyte mass in the laboratory blanks divided by the mass of the
sample extracted was the method detection limit (MDL). Mean recoyeriestandard
error) for BDE surrogate standard€-BDE-15 and®*C-BDE-118 in red-eared slider and
snapping turtle eggs were 76.21 % £+ 1.81 % and 81.73 % % 2.60 % as well as 78.76 % +
1.45% and 77.74 % + 1.62 % respectively. Mean recoveries of surrogate standards in
red-eared slider juveniles were 73.46 % £ 2.61 % and 82.00 % * 2.29 and 89.46 % + 4.88

% and 85.24 % + 3.60 % in snapping turtle juveniles.

Statistics

Data were analyzed using MinifagMinitab Inc., version 15). Whole body
concentrations of BDE-47 and BDE-99, size, growth rate, standard metabolic rate
(SMR), times to right, organ to body mass ratios, and total glandul@ere compared
using analysis of variance (ANOVA) followed by Tukey’s pairwise comparis@aa

from both behavioral assays, response to the shadow of a predator, and participation in
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the righting response were compared using contingency analysis wothferdni
correction to conduct pairwise comparisons. Prior to conducting statisticggesal
continuous data were checked for homogeneity of variances using Levene’s test and
normality in distribution using Shapiro—Wilk\{ statistic followed by log, square root or
rank transformations as necessary. Statistical significanceudgsd based upon a type |
error rate o[ 10.05 for all ANOVA analyses and 10.017 for all contingency table
analyses that were subject to the Bonferroni correction. Due to the allometric
relationship between metabolic rate and body size, oxygen consumption wasdorrect

for mass and analyzed following methods employed by Manyin and Rowe (2006).

Results

Egg, Food and Whole Body PBDEs

Background concentrations of total PBDESs in the red-eared sliders and snapping
turtle eggs were 0.166 + 0.027 ng/g wet weight (ng/g ww) and 0.144 + 0.035 ng/g ww,
respectively. PBDE congeners -47, -99, -100, -153, -154, and -183 were regularly
detected in red-eared slider eggs whereas -100, -153, -154 and -156 were detected i
snapping turtle eggs. The average concentrations of BDE-47 and BDE-99 ine@d-ear
slider eggs were 0.064 + 0.008 ng/g ww and 0.098 + 0.014 ng/g ww respectively.
Congeners BDE-47 and BDE-99 were below detection limits in the snapping tudle egg

Low concentrations of BDE-47 and BDE-99 were found in the control food while
the concentration of BDE-47 and -99, in their respective treatment food, were 2055 ng/g
ww and 1425 ng/g ww (Table 5-1). BDE-47 and -99 whole body tissue concentrations,

reported on a per animal basis, for the control treatments were non-detectable

114



extremely low for both species (Table 5-1). Red-eared sliders receidiagya BDE-47

or BDE-99 treated food had whole body concentrations significantly lower than that of
the snapping turtles exposed to the same diet (p=0.010 and p=0.039; Table 5-1). Across
treatments, red-eared sliders had significantly lower whole body coaitensr of BDE-

47 relative to BDE-99 (P=0.005), however, no significant difference was found between

treatments in the snapping turtles (P=0.279; Table 5-1).

Growth and Standard Metabolic Rate

There were no significant differences in size immediately following
overwintering (7 MPH), measured as both mass and carapace length, aratmerite in
either species (Table 5-2). In addition, mass and carapace length weegdistitadty
different among treatments in either species at the end of the exposade(pable 5-2).
Growth rate did not differ among treatments for any of the eight measuremedsger
either species. Growth rate peaked at approximately 10 MPH (third meastipaTiod)
for the snapping turtles and at approximately 10 to 11 MPH (between the third and fifth
measurement periods) for the red-eared sliders (Figure 5-1).

Standard metabolic rates measured within two, three, and four months of
exposure did not significantly differ among the treatments in any of the reesesir
periods for the red-eared slider (Figure 5-2). In general, SMR for thesared sliders
was higher for the first two months of measurements and then decreased duhirg the t
month corresponding with the decrease in growth rate (Figures 5-1 and 5{BjeeAt
months of exposure, SMR was significantly elevated in the snapping turtles exposed t

BDE-47 compared to those receiving control food and BDE-99 treated food (p=0.014;
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Figure 5-3). However, at four months of exposure, SMR was only significantbaseul

in the snapping turtles exposed to BDE-47 compared to the control (p=0.019; Figure 5-3).

Behavior

Predator Avoidance

Predator avoidance response by red-eared sliders was impacted by etgosure
BDE-47. When all responses were pooled (e.g., regardless of the speeifaf ty
response) across the three assay time periods, red-eared sliders expodedio BD
displayed increased activity in response to a simulated predator relative thdot
control and BDE-99 exposed treatments (p=0.003 and p=0.011 respectively). When
examined by specific reaction (head bob, flinch, or move away), those exposed to BDE-
47 had significantly greater head bob and flinch responses compared to both control and
BDE-99 exposed treatments (head bob: p=0.007 and p=0.019; flinch: p=0.002 and
p=0.014) when all three assay period were combined.

When data were examined by the specific assay period, responses were not
significant until the third month of dietary exposure (i.e., second assay period). Red
eared sliders exposed to BDE-47 showed an increased active response to the shadow
compared to the control treatment (p=0.002) and the BDE-99 exposed group prior to
Bonferroni correction (p=0.029). When the reactions were grouped by specific reaction
type, red-eared sliders exposed to BDE-47 showed increased head bob and flinch
reactions compared to the control treatment (p=0.003 and p=0.007). The head bob
reaction was also significantly greater when compared to those individpalsegl to

BDE-99, but only prior to correction (p=0.034). Similar patterns in increased activity
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were found during the third assay period, during four months of exposure, but were not
significant. In contrast to the red-eared sliders, snapping turtle behaei@ ot

influenced by exposure to either BDE-47 or -99 (p-values ranged from p=0.052 to
p=0.514).

Righting Response

Several red-eared sliders did not make any movements or attempts to right when
placed on their back and thus were classified as non-respondents in the rigipimgee
Pooled data across the three assay periods (2, 3, and 4 months of exposure) indicated that
significantly more red-eared sliders exposed to BDE-99 were non-respondent tha
individuals in the control treatment (p<0.0001).

Significantly more individuals in the BDE-99 treatment were non-respondent
relative to controls during the first (2 months of exposure; p=0.030) and second (3
months of exposure; p=0.005) assay periods. Similar, yet not statisticallycsighif
patterns of response were found following the fourth month of exposure (p=0.057). As in
the predator avoidance behavioral assay, numbers of non-respondent snapping turtles in
the righting response assay were not affected by treatment acrosperssas.

For red-eared sliders and snapping turtles that attempted a righting eeshere
were no significant differences in times to right for either speciemgrireatments for
any assay time period. Although not statistically significant, there agp&abe a
pattern of increased time to right for red-eared sliders exposed to both BDE-9B amd
each righting response assay. Furthermore, high numbers of non-respondent isdividual
in the BDE-99 treatment resulted in a low sample size for analysis ofdinght. While

the smaller sample size precluded detection of significant differencegdraatments
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during the first assay period (2 months of exposure), a higher percentageafedd

sliders in both the BDE-47 and -99 treatments did not completely right themsethies wi
the 10 minute maximum compared to individuals in the control treatment (Figure 5-4a)
In the second assay period (3 months of exposure) there was only one red-eared slider
from the BDE-99 treatment with righting times less than the mean for co(frgise 5-

4b). In the third assay period (4 months of exposure) the data show a similar base wit
only two red-eared sliders from the BDE-99 treatment with a righting tihoevlibe

mean of the control treatment. Otherwise, red-eared sliders exposed to BDE-99 had
much longer righting times than controls (Figure 5-4c¢). There was no suggestion of a
pattern in righting times related to exposure to either compound in snapping turtles

(Figures 5-5a, 5b, and 5c).

Organ Indices and Glandular Thyroxine

Liver mass to body mass ratios among treatments for both species were not
statistically different with only a slight increase in the mean ratib@rshapping turtles
exposed to BDE-47 and BDE-99 (Figure 5-6). Analysis of the thyroid mass to bosly mas
ratio yielded very slight and insignificant differences among treatnoétsth species
(Figure 5-7).

Total glandular T concentrations were significantly reduced in the red-eared
sliders exposed to BDE-47 (p=0.034), whereas individuals exposed to BDE-99 responded
with more subtle changes. The majority of individuals from the red-eared Bde©9
treatment had Jconcentrations below that of the mean concentration of the control

treatment. The wide range in values precluded detecting significanaemiikés
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between the BDE-99 and control treatments (Figure 5-8). No significanedites

among treatments were detected for total glandul@ofcentrations in snapping turtles.

Discussion

Based upon the suite of sub-lethal endpoints measured in this study, it appears
that red-eared sliders were much more sensitive to dietary exposure té7/Baie--99
compared to snapping turtles, despite greater accumulation of both congeners by the
snapping turtles. Behavioral traits, organ mass ratios, and total glanglular T
concentrations of red-eared sliders were influenced by exposures, wherssspfung
turtles, only metabolic rate appeared to have been altered. To the authors’ knpwledge
this study is the first controlled comparison of species-specific bioacctionubd and
responses to dietary contaminant exposures in juvenile turtles. There is evidence f
field studies, however, of differential accumulation (but not evidence of biologica
effects) of the two PBDE congeners examined here among species of aldslt turt
occupying the same habitat; Moss et al. (2009) measured PBDESs in plasma of adult
Cumberland slidersT¢achemys scripta troo3tand the common musk turtle
(Sternotherus odoratyishowing higher concentrations of both BDE-47 and -99 in the
common musk turtle. These differences are likely due to natural dietaryepiaderof

the two species.
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Egg, Food and Whole Body PBDEs

Background concentrations of BDE-47 and -99 in eggs collected from turtle farms
used in this study for both species as well as the whole body concentrations of thie contr
treatments were well below or very near the concentrations measured in $paoiEs
of turtle eggs and plasma samples collected from the environment (de Solla et al. 2007;
Moss et al. 2009; Swarthout et al. 2010; van de Merwe et al. 2010). In these studies,
concentrations of PBDESs in eggs or turtles did not correlate to any developmental
measurements or other indicators of health taken suggesting that the background
concentrations in the eggs used in this study would not compromise the measurements of
development, behavior and endocrine disruption (de Solla et al. 2008; Swarthout et al.
2010; van de Merwe et al. 2010). While the dosing concentrations of BDE-47 and -99
used in this study were relatively high in their food source, these concentraians
been observed in small fish as well as in surface sediments in areas wiesedutd
potentially be exposed (Hale et al. 2001; Xia et al. 2008).

While this study did not focus specifically on the dynamics of uptake, elimmati
and metabolism of BDE-47 and -99, the differences in concentrations that we observed in
whole body tissue of both species after a total of six months of dietary expudiceda
differences in bioaccumulation parameters as both species were fedabeietis. The
red-eared sliders had lower concentrations of both congeners compared to the snapping
turtle which could indicate species differences in bioavailability of thepoainds,
uptake over the intestines, metabolism of the compounds and elimination. This difference
could be due to higher growth rates in the snapping turtle relative to the red-ekmed sl

which suggests a higher level of food consumption rate with resultant increased potentia
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for accumulation. As adults, snapping turtles would likely bioaccumulate totamgrea
extent than the red-eared sliders as they typically have a carnivorbushiigeadult red-
eared sliders are typically omnivorous (Parmenter and Avery 1990; Spotila and Bell
2008). However, as juveniles, the diets of both species overlap considerably, as juvenile
red-eared sliders consume a larger proportion of protein than they do as adoien(Bar
and Avery 1990). These dietary differences could account for differences in
environmental bioaccumulation; however, in this study both species received the same
diet indicating differences in parameters such as uptake across theestast

metabolism of the compounds. Differential metabolism and elimination of PBDE
congeners has been shown in rats and mice as well as different species of fistingugge
that there could be differences in the two turtle species, but would require additional
studies to specifically address uptake and metabolism of PBDEs (Haak ahdrLet

2003).

While the red-eared slider accumulated less of both congeners than the snapping
turtle, both species accumulated less BDE-47 than BDE-99 even with the lower
concentration of BDE-99 provided in the food. Typically, greater accumulation and
assimilation of BDE-47 relative to BDE-99 has been observed in field and laboratory
studies of vertebrates (Stapleton et al. 2004b; de Solla et al. 2007; Swarthout et al. 2010;
Munschy et al. 2011). However, one study (Fernie et al. 2006) of American kestrels
exposed to penta-BDE congeners showed higher concentrations of BDE-99 and -100 than
BDE-47 despite the kestrels being exposed to higher concentrations of BDEAVSA It
suggested that the American kestrels had a higher rate of metabolism andtielimof

BDE-47 than for BDE-99 and -100 as well as that debromination of BDE-99 to BDE-47
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was not significant (Fernie et al. 2006). Further study would be required to aetéfrmi
both snapping turtles and red-eared sliders have a higher rate of metabism
elimination for BDE-47 than for BDE-99 for similar reasons as was for theriéame

kestrels.

Growth and Standard Metabolic Rate

Neither growth rates nor final sizes of either species were impagtbe llietary
exposure to either BDE-47 or -99. The turtles wereatktibitumthus they were likely
able to consume enough energy and nutrients to compensate for any subtle changes that
may have otherwise affected size and growth under more natural feedinggedhile
growth was not a sensitive endpoint in this study, studies of zebrafish exposed #¥BDE-
and tadpoles exposed to a penta-BDE mixture showed reductions in growth and delays in
development (Coyle et al. 2010; Chen et al. 2010).

While size and growth were not impacted by BDE-47 or -99 exposure, standard
metabolic rate was significantly increased in the snapping turtles exjpoBedEt47.
This elevation in energy expenditure for maintenance potentially represemssts
associated with metabolism and elimination mechanisms for dealing with the
contaminant exposure (Calow 1991; Rowe et al. 1998; Hopkins et al. 1999; Manyin and
Rowe 2006). An elevated standard metabolic rate would result in less energyl@availa
for basic energetic requirements, such as energetic needs for acti/gycavth.
However as noted, this study employedadribitumfeeding regime which may have
provided energetic surpluses ample to compensate for elevated enequetidieires

resulting from the contaminant. If food was a limited resource as may ocgunore
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normal environmental situation, the individual snapping turtles may not be able to
consume enough energy to compensate for the increased standard metalzoiat ttaus
would allocate energy to deal with the contaminant at the expense of neeas\ibr g

and activity.

Behavior

There have been multiple studies that have documented effects of PBDEsS on
animal behaviors (reviewed in Costa and Giordano 2007; Fernie et al. 2008; Marteinson
et al. 2010). However, only the red-eared sliders showed impacts of BDE-47 and -99 on
behaviors in this study. In the predator avoidance assay red-eared slptesdeto both
PBDEs showed increased activity in response to the shadow of a predator.
Developmental neurotoxicity in the form of behavioral alterations has been coynmonl
documented as hyperactivity in response to PBDE exposure (see Costa and Giordano
2007). Contrary to the hyperactivity documented in the predator avoidance assay, red-
eared sliders exposed to BDE-99 showed decreased activity in the righting response
assay. This could be due to other neurological functions that can be altered by exposure
to PBDEs including impacts to neurobehavioral development such as learningsabilit
and memory (Branchi et al. 2002, 2003; Viberg et al. 2003). Alterations to behavior such
as those found in this study have potential connections to effects on the population level.
For example, both the behavior assays conducted in this study are measures of predator
avoidance and are essential for individual survival and necessary to maintaitmeat

of juveniles into the population.
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Organ Indices and Glandular Thyroxine

The liver mass to body mass ratio was slightly increased in the snappiag turtl
exposed to BDE-47 and -99, although the increases were not significant. The liver is
primarily responsible for the metabolism of contaminants and hepatic enzywiky act
involved in metabolism has been observed to increase after exposure to PBDEs (Zhou et
al. 2001; Sanders et al. 2005; Stapleton et al. 2009; Bruchajzer et al. 2010). These
increases in enzyme activity can lead to liver toxicity with one outcome beingraase
in liver size (Dunnick and Nyska 2009; Albina et al. 2010; Bruchajzer et al. 2010). This
suggests that the slight increase in liver size of the snapping turtles rdag be
increased hepatic enzyme activity although it was not measured in this shely. T
observed increased standard metabolic rate in the snapping turtles also maly sugge
increased hepatic metabolic activity since elevated enzymatuityati the liver would
increase the total metabolic expenditures of the individual.

This study examined total glandulas [Evels as it has been shown to be a more
sensitive indicator of impacts on the thyroid system in birds (McNabb et al. 2004a,
2004b) than other physiological metrics such as plasma concentratiopsdid red-
eared sliders exposed to BDE-47 had significantly reduced levels of totdugaT,
compared to the controls. Those exposed to BDE-99 also showed lowered glapdular T
levels, although they were not statistically significant. Total glandular Snapping
turtles was not affected by exposure suggesting that they arerisgs/e¢o PBDE
exposure than the red-eared sliders at the concentrations used in this studyrel'here
multiple studies that document decreases in plasnrarésponse to PBDE exposure

with impacts on Thinding to transthyretin, binding to the thyroid hormone receptors, as
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well as in increased metabolism of (Meerts et al. 1998 and 2000; Marsh et al. 1998;

Zhou et al. 2001, 2002; Hallgren and Darnerud 2002; Morgado et al. 2007; Richardson et
al. 2008; Talsness 2008). Yet very few studies of non-mammalian vertebrates have
examined PBDE exposure and respectiyeohcentrations. Fernie et al. (2005a) carried

out a post-hatch exposure in American kestrels that found lower plastoacentrations

in response to PBDESs, but McKernan et al. (2009) did not find alterations to glangdular T
content after am ovoexposure to PBDEs in the chicken, mallakdds platyrhynchgs

or American kestrel. These differences suggest that the timing of exjgcasuoe

important.

Conclusion

This study demonstrates that dietary exposure to BDE-47 and -99 can elitét a s
of impacts potentially related to thyroid system function. Changes to thedlsysiem
can result in impairment of behavior, metabolism, and growth, several of which have
been documented in this study. Total glanduldeVels and behavior were impacted in
the red-eared slider while only metabolism was impacted in the snappiegeiteti
though the snapping turtle accumulated greater concentrations of both BDE-2B.and -
Thus, the red-eared slider was the more sensitive of the two species toadiptasyre of
these two PBDEs at the tested concentrations. While the snapping turtle has been
suggested to be a valuable indicator of accumulation of persistent organicnpelinita
natural systems, this species may not be the best surrogate for redaitegtrations to
effects. Although this is the first study to look at the effects of a juvenilargiet

exposure of PBDEs in turtles, additional work is required to further determine ¢htseff
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of PBDESs on the thyroid system of turtles and the precise physiologichbmems of

effects.
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Tables

Table 5-1. BDE-47 and BDE-99 concentrations in all food treatments (ng/geiggttyv
and whole body measurements after 6 months of exposure (ng/g animal wet weight + 1
SE).

Control Treatment
BDE-47 BDE-99 BDE-47 BDE-99
Food' 0.53 0.33 2055 1425
Red-eared Slidér ND ND 2.32+0.685% 22.33+7.69

Snapping Turtl®  0.085+0.059 0.010+0.001 43.63+26.98 72.32+18.24

AUnits of food concentrations are ng/g wet weight.

BUnits of whole body concentrations are ng/g animal wet weight (n=3).
*Indicate significant differences within species BDE treatments.
*Indicate significant differences between the BDE treatments withiziespe
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Table 5-2. Wet weight and carapace length (CL) immediately followingvaviering (7 MPH) and at necropsy (14 MPH) for both
the red-eared sliders and snapping turtles. Values are means + 1 SE. MPH posiritiasch.

Red-eared Slider

Snapping Turtle

Size Post-overwintering (7 MPH)

Size at Mgzy (14 MPH)

Tlrjelg':ﬁ:gnt Size Post-overwintering (7 MPH) Size at Necropsy ¥IPH)
Wet Weight (g) CL (mm) Wet Weight (g) CL (mm) Wateight (g) CL (mm) Wet Weight (g) CL (mm)
Control 7.85%0.234 32.94 £ 0.307 12.01 £ 0.428 .23& 0.640 10.09 £ 0.151 30.54 £0.178 31.7200Q. 44.95%1.070
BDE-47 7.34+£0.198 32.09 £0.327 11.39+0.534 03&0.684 10.01 £ 0.143 30.39 £ 0.146 34.13+@2.02 46.36 + 0.984
BDE-99 7.54 +0.240 32.72 +0.307 12.01£0.428 188 0.610 10.08 £ 0.166 30.41 +0.158 33.64 +2.04 45.73 +0.987
p=0.286 p=0.193 p=0.445 p=0.345 p=0.922 p=0.784 0.684 p=0.618
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Figure 5-1. Growth rate @ across the six month exposure period for the red-eared
slider (top) and snapping turtle (bottom). Symbols represent the mean + 1 SE.
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Figure 5-2. Standard metabolic rate of red-eared sliders after twq,ahtefour months
of dietary exposure (mean £ 1 SE). MOE = months of exposure; n=15.

130



1.40 -

HE Control B
1.201 [ BDE-47
EEm BDE-99 B
1.00 1 A A
' AB
Ry A
S 0.80-
£
AN
O 0.60-
=
0.40 -
0.20 -
0.00 : : :
2 MOE* 3 MOE 4 MOE

Figure 5-3. Standard metabolic rate of snapping turtles after two, thdefmuarmonths

of dietary exposure (mean + 1 SE). MOE = months of exposure; n=15. *Respirometer
failed during measurements. Different letters signify significifierences within

month of measurement (p<0.05).
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Figures 5-4A, 4B, 4C. Time to completely right from ventrally exposed positidhdor
red-eared slider with 600 s assigned to any individual making attempts to righévieat
fully righted. Crosshairs in a circle represent the mean. A=two monthpo$ére.
B=three months of exposure. C=four months of exposure.
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Figures 5-5A, 5B, 5C. Time to completely right from ventrally exposed positidghdor
snapping turtle with 600 s assigned to any individual making attempts to right, but never
fully righted. Crosshairs in a circle represent the mean. A=two monthpadwe.

B=three months of exposure. C=four months of exposure.
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Figure 5-6. Liver mass to body mass ratio of snapping turtles. Crosshandean ci
represent the mean (Control n=24; BDE-47 and -99 n=25).
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Figure 5-7. Thyroid mass to body mass ratio for both red-eared slidensegopirg)
turtles (mean £ 1 SE). Sample size noted in parentheses.
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Figure 5-8. Total Glandularsconcentrations in red-eared sliders and snapping turtles
after 6 months of exposure to BDE-47 and BDE-99 (mean + 1 SE). Different letters
signify significant differences (p<0.05). Sample sizes noted in parentheses.

136



Chapter 6: Overall Conclusions

Although the production of polybrominated diphenyl ethers (PBDES) have either
been discontinued or are in the process of being phased out, there remain serious
concerns about the effects of PBDESs that are likely to persist in the envitonfAse
existing products containing PBDESs continue to degrade with age, releasé8Dks
to the environment will continue. In addition, it has been well documented that PBDEs
can be debrominated to the lower and more toxic congeners providing a secondary source
of the PBDEs of most concern such as those found in the penta-BDE mixture.

Research that has focused on the biological effects of PBDEs has typesdly
conducted using rats and mice. Limited studies have been conducted in fish and birds,
even fewer in amphibians, and until now, no research on the effects of PBDEs has
addressed reptiles even though it has been shown that adult turtles and their eggs contai
PBDEs. Turtles are useful models for studying effects of bioaccumulativpessistent
compounds as they are likely to be exposed through multiple pathways including through
maternal transfer and their diet. While the research presented heh®Wwasmpacts
from both embryonic and dietary exposure (Chapters 3 and 5), more information is still
needed to elucidate mechanisms of toxicity in turtles.

Embryonic developmental stages represent sensitive and key life stagés that
altered, could have lasting impacts of hatchling and juvenile health and devietopme
Since it has been demonstrated that adult turtles can maternally transtes RBiDeir
eggs in nature, controlled laboratory methods of embryonic exposure aia twitic
elucidation of resulting effects. The topical dosing method for embryonic expaisur

BDE-47 and -99 used in the studies presented here was effective in exposing embryos
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both compounds (Chapters 2 and 3). However, it is clear that the extent of exposure is
dependent upon the individual chemical properties of the compounds. For example,
perchlorate was used in the topical dosing study (Chapter 4) as a positive control for
thyroid effects and the results indicated that it passed readily through sreekgnd
embryonic effects were very clear. Perchlorate is a relativell}, smader soluble
compound (molecular weight 98.95 g/mol) thus it easily passed through the eggshell.
However, compounds of a larger size and lower water solubility are likely toekadity
pass through the egg shell.

Results from these studies (Chapter 2) demonstrate that BDE-99 transdess ac
the eggshell approximately 60 % less efficiently than BDE-47 in both red-diaied s
and snapping turtles. This difference is likely due to the larger size ofBChd
potentially the larger log v (molecular weight 564.7 g/mol; logd§ 7.32) and an
additional bromine ion in its structure compared to BDE-47 (molecular weight 485.8
g/mol; log Kow 6.81). In order to achieve target embryonic exposure concentrations via
topical dosing, these differences in transfer across the eggshell must lye clear
understood so that the dosing protocol may be designed to account for differences in
transfer among compounds. This is the case even when working with differemeenge
of the same class of compounds since a difference of only 79 g/mol between BDE-99 and
BDE-47 had a large influence on transfer across the eggshell. These diference
molecular size indicate that topical dosing may not be successful for largpoands.
For example, it is unlikely that BDE-209 would be able to cross the eggshell dsie to it

much larger size (molecular weight 959 g/mol) than BDE-99.
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However, there currently is no better alternative to topical dosing for deaitrol
studies of embryonic exposure in reptiles. For such studies in birds, injections of the
compounds directly into the egg air cell have been successfully used. Howeves, studie
employing this technique using turtle eggs have resulted in high embryonicitydual
to the injection process alone. When survival has been the highest (61 %) using injection
methods, the adult females were sacrificed in order to collect eggs direntlyhe
oviducts and for injection before the eggshells hardened. However, this method could
not be used regularly for toxicity testing in turtles as it would not be suskaifoa wild
turtle populations as the testing organisms would have to be taken from the environment.

Transfer efficiency across the eggshell was not only different betlvedwd
compounds, but also different between the red-eared sliders and snapping turtles.
Transfer was greatest for BDE-47 across the snapping turtle eggstédiwest for
BDE-99 across the eggshell of the red-eared slider. In relation to thealosfetr,
concentrations were lowest in the red-eared slider egg contents and cabeartly
accounted for by evidence of debromination of BDE-99 to BDE-47. Measureable
concentrations of BDE-47 were found in the red-eared slider eggs topicaltywitise
BDE-99, but the same pattern was not observed in the snapping turtle eggs. This
suggests that the red-eared sliders have the capacity to debrominate BDHE99 w
snapping turtles do not. There is further evidence in the feeding study (Chagiter 5)
potential metabolic capabilities of the red-eared sliders where therdomere
concentrations of BDE-47 and -99 in whole body tissue of the red-eared slidersedmpar
to the snapping turtles following six months of dietary exposure. Several factats coul

play a part in the reduced concentrations found in the red-eared sliders, including less
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accumulation or lower uptake over the intestines, but metabolism of the PBDEstbllow
by excretion are also likely important. Further research is necdssdirgctly assess
these potential differences in PBDE metabolism between the two specidecadate
the exact mechanisms leading to lower whole body concentration. While debrominat
has been shown to occur in several fish species, this is the first set of studgggesi s
metabolic and debromination capabilities and species-specific differencetids.t

In addition to evidence for species differences in metabolism of PBDEs, this
research also indicated species sensitivity differences in response yoeimand
dietary exposures (Chapters 3, 4 and 5). Embryonic development was impacted in both
species exposad ovoto perchlorate, but the red-eared slider appeared to be more
sensitive to the exposure (Chapter 4). Similarly, the red-eared sliderseapimebe
impacted to a greater extent than the snapping turtles when exposed to BDEQY and -
through their diet even though the snapping turtle accumulated greater cormenoht
both compounds (Chapter 5). While the snapping turtle has been shown to be a valuable
indicator of accumulation and maternal transfer of persistent organic palutardtural
systems, this species may not be the best surrogate for relating caramentmeffects.
Species sensitivity differences clearly have to be taken into account when claosing
model species for exposure and effect studies.

In general, this research has shown that exposure to BDE-47 and -99 can elicit a
suite of impacts potentially related to thyroid system function in both red-dmed s
and snapping turtles. Although there were limited observed impacts resulting from
embryonic exposure to BDE-47, results were mixed and their significance to long ter

health or fitness is unknown (Chapter 3). Behavior and metabolism which were inpacte
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by dietary exposure to BDE-47 and BDE-99 in both species are directly relatgdaid t
system function (Chapter 5). It appears, based on the results of this re$eaBbDH-

47 and BDE-99 can cause thyroid toxicity and alter neurological development or function
which in turn can impair metabolism and behavior. Future studies are needed to
elucidate specific mechanisms by which multiple effects are inducegdmsure to

PBDEs.
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Appendix 1

Latent Mortality of Juvenile Snapping Turtles from the Upper Hudson Rive, New
York, USA Exposed Maternally and Via the Diet to Polychlorinated Biphenyls
(PCBs)

Karen M. Eisenreich, Shannon M. Kelly, Christopher L. Rowe*
University of Maryland Center for Environmental Science,
Chesapeake Biological Laboratory,

PO Box 38, Solomons, MD, 20688

Full Citation: Eisenreich KM, Kelly SM, Rowe CL. 2009. Latent mortality of juvenile
snapping turtles from the upper Hudson River, New York, exposed maternally and via
the diet to polychlorinated biphenyls (PCBs). Environmental Science and Tegjynol
43:6052-6057.

Preface
The methods developed for the following paper provided the basis for examining

hatchling and juvenile effects to PBDEs presented within the chapters ofstestaiion.
Due to the structural similarities between PCBs and PBDEs and thedtigats of

PCBs on snapping turtle juveniles it was determined that it would be important to
examine potential for latent effects of PBDEs as well as impacts ttaaydgxposure. In
addition, power analyses were carried out using data from the PCB study tarmketerm
sample sizes for the PBDE study. For these reasons the following pagaesastied in

its entirety as an appendix to the PBDE studies.
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Abstract:

We conducted a factorial experiment to compare sublethal and lethal responses of
juvenile snapping turtles exposed maternally and/or through the diet to polycteldrina
biphenyls (PCBs) over 14 months post-hatching. Maternal exposure did not affect
embryonic development or hatching success. Thyrosomatic indices were notceflue

by treatments, although hepatosomatic indices were lower in animals haemg be
exposed to PCBs maternally relative to those having been exposed both maternally and
via the diet. Dietary PCB exposure reduced metabolic rates of juveniles in tiwveef
assays conducted. Approximately eight months after hatching, high rates ditynorta
began to emerge in individuals having been exposed maternally to PCBs, and mortality
rate correlated with [PCBJia in eggs. Prior to death, individuals that died experienced
lower growth rates than those that survived, suggesting chronic effectopteath. By

14 months post-hatching, only 40 % of juveniles derived from females in the
contaminated area had survived, compared to 90 % from the reference area. Such latent
effects of maternally-derived contaminants suggest that assessmemt&ohmental

impacts based upon shorter-term studies may provide very conservativeesstihthe
severity of effects, as they cannot capture responses that may emerigetiedife

cycle.

Introduction:
Snapping turtlesGhelydra serpentinahave widely served as biomonitors as they
have the propensity to bioaccumulate contaminants and transfer lipophilic comismina

to their eggsX - 6. Thus, eggs provide useful indicators for establishing the presence of
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contaminants in local systems that contain species that are prone to hiedasfar. As
well as serving as biomonitors, snapping turtles have been employed as models to
examine effects on development that may result from maternal transfer aiaosts
in species of long life span and high trophic positign Effects included decreased
hatching success and increased incidence of deformities in hatcBling4)( While
numerous contaminants have been shown to induce effects on offspring following
maternal transfer, those most often implicated have been organochlorinelpsstici
polychlorinated biphenyls (PCBs), and in some cases polybrominated dipheny! ether
(PBDEs;4,7 -9, 11

As many aquatic habitats harbor complex mixtures of contaminants, it is often
difficult to identify the particular compound(s) that may pose the gre@&sb resident
species. For example, research suggests a correlation between expos&® aodPC
developmental anomalies in turtles, yet often the habitats studied have beemcateth
by other compoundgl( 8, 9 ,1). However, there exist some systems in which
contamination by PCBs is so severe that exposure to PCBs likely outwengissiexto
other, background contaminants. The upper Hudson River harbors some of the highest
PCB concentrations in the U.32). Contamination of the upper Hudson River is the
result of historical discharge of PCBs from two electric capacitor plantatepeoy the
General Electric Corporation, as well as from erosion of remnant deposits pagesee
from bedrock fractures below the plant8)( Due to the extensive contamination of the
upper Hudson River by PCBs, this system provides a rare opportunity to examine

responses of wildlife to PCB exposure.
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PCBs act as endocrine disrupting compounds (EDCs) that have several modes of
action. PCBs and their metabolites can be estrogenic, antiestrogenic, exhiiat/both
properties 14 - 1§. PCBs can also alter the thyroid system, interfering with the
transport, metabolism and receptor interactions of thyroid hormaiesl@. Alteration
of thyroid hormone-modulated responses may result in abnormal metabolic function
during the critical embryonic and juvenile stages of development. As a regudidth
disrupting compounds such as PCBs may alter energy assimilation effj@aecgy
allocation to somatic and reproductive tissue growth, and immune response, pyptentiall
affecting survival and reproductive fithne&9(- 23.

While the effects of maternal transfer of PCBs on reptiles have been
characterized, these assessments typically focused only on embryonialsamdi
development or traits of newly-hatched individudls3, 4, 6, 2% There remains little
information regarding the potential for effects to emerge long aftert @ixposure of
embryos via maternal transfer has ceased, or as a result of exposure ofguxanil
consumption of contaminated food. Thus, the possible latent effects of embryonic
exposure that may emerge during the juvenile period, alone and in combination with
ongoing dietary exposure of juveniles, are unknown. If effects emerge beyordpke s
in duration of most studies, estimates of environmental impacts based on those studies
will likely be conservative. Subsequently, regulatory and managementiasthaised
upon results from relatively short term studies may not be sufficient to pectexystem
health or to develop successful restoration/remediation strategies.

We assessed the long-term effects of maternally-transferred &#Gkall as

proximate effects of exposure to food-borne PCBs in juvenile snapping turtiesteol|
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from the upper Hudson River, NY. From early egg development through the ensuing 14
months of the juvenile period, we quantified development, metabolism/growth, and
survival in individuals exposed or unexposed to maternally-derived PCBs, food-borne

PCBs, and their combination.

Experimental Section:

Egg Collection and Incubation. Eggs were collected from areas designated as
either “reference” or “contaminated” in northern New York, USA. The cointzed
area was a section of the Hudson River just downstream of the Hudson Falls and Fort
Edward General Electric facilities (43°18 "N, 73°35"Wand 43°16 "N, 73°35" W
respectively), including several areas known to be “hot spots” of sediment coatiami

(i.e., average PCB concentration > 40 mg/kg wet weight). The refereaceoaested

of lakes and ponds that were north and west of the contaminated area, distant from
significant and direct sources of PCBs. Eggs from both areas wereemliexh nests
or through induction of egg laying via intraperitoneal injection of femalds axytocin
(25); clutches from oxytocin induced females were represented in both areas. Eggs we
measured for diameter and wet weight. Three eggs per clutch were frez2@d atC for
analysis of PCB concentrations. Detailed information on selection of stuayand
collection methods is provided in Kelly et &).(

Eggs were incubated at 25 ° C laboratory, a temperature known to produce only
males 26). Moisture and humidity were maintained by misting the eggs and nest
substrate (vermiculite) with water at 2-3 day intervals. Eggs weredoeally candled to

determine viability and development. Hatchlings were measured foracarsgngth
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(“CL”) and wet weight (“ww”), examined for gross abnormalities, andgassi to groups
for subsequent 14-month studies of juveniles.

Post-hatching Protocol. For 14 months post-hatching (“mph”), we assessed
potential effects of maternal contribution of PCBs, food-borne exposure to PCBs, and the
combination. We used a total of 144 hatchlings derived from 16 total egg clutches
collected from females from the contaminated (n = 6) and referencqiareds).
Individuals from all clutches were used in assessing all endpoints with theiemagpt
mortality, for which only those clutches having produced five or more hatchlings were
used (contaminated n = 5; reference n = 6). Smaller clutches were excluded from
mortality comparisons as they would have hindered analysis of these proportianal dat
Small clutch sizes resulted from limited numbers of viable eggs from natutalduesto
predation as well as from induction of females via oxytocin, which often produces parti
clutches. Mean (x 1 SE) total PCB concentrations were 3953 + 1454 and 61 + 8 ng/g ww
(varying from 75 - 9220 and 21 - 86 ng/g ww) in the contaminated and reference area
eggs, respectively. The eggs used for assessing mortality had cormentvbB546 +
1710 and 55 = 10 ng/g ww in the contaminated and reference areas (varying from 75 -
9220 and 21 - 78 ng/g ww respectively). Hatchlings from each area were dividaglanto t
additional treatments, to be fed a diet of natural prey items collected fromazthesee
below). Thus there were four treatments for the remainder of the study, degignat
hereafter as the maternal (collection) area followed by food typearnordted area,
contaminated food = “CC”; contaminated area, reference food = “CR”; nefegeea,

contaminated food = “RC"; reference area, reference food = “RR".
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Hatchlings were held in a 20 ° C laboratory prior to a simulated over-wintering
period. To mimic the winter-time period of dormancy that occurs in temperagesim
we over-wintered hatchlings beginning in mid-October by incrementallgriag
temperature to a final temperature of 5 ° C, and incrementally increasipgregares
beginning in late-February. Turtles were maintained at 22 — 25 ° C for thendemaf
the study. Each individual received a passive integrated transponder (Fidllowamg
methods described by Rowe and Kelly)( providing for identification of individuals,
which were held in groups (below) per a common-garden design. Dietary exposures
began following over-wintering when yolk stores were depleted and hatchlings teeg
display interest in food. Thus dietary exposures were approximately eight mronths
duration.

Food consisted of aquacultural gelatin (Aquatic Eco-systems, Inc., Apopka, FL
mixed with ground fish and invertebrates collected in the study areas and frozen for
subsequent use. Food collected from the contaminated area and referencetaieadc
mean total PCB concentrations of 5955 + 427 ng/g and 83 = 6 ng/g ww respectively.
Food was providedd libitumand was analyzed by bomb calorimetry to verify caloric
content (reference: 4291 cal/g; contaminated: 3525 cal/g).

For each food treatment, we used eight replicate tanks (57 L) containing 5 L of
water and nine to ten turtles (four to five from each area). As tanks weraatedignly
by food treatment (not by collection area), each received animals from baheaga
tanks in which animals were fed contaminated food contained only individuals of
treatments CC and RC, and tanks designated to receive reference food contain&l only C

and RR).
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Growth Rate, Size and Metabolic Rates Instantaneous growth rate was
calculated on ww and CL as [(In(ww or CL final)-In(ww or CL after over-wint&®9
days]. Sizes were measured monthly. Metabolic rates were measured bimonthl
beginning in May (9 mph), on a subset of 16 individuals from each treatment
(representing all tanks; the same individuals were used during all asBaging
metabolic rate (25 ° C) was measured as oxygen consumption by restirdjafastals
at 2 hr intervals over a period of 12 hr by micro-respirometry (Micro-Oxy@alymbus
Instruments, Columbus, OH) following a 24 hr acclimation per2&l (

Sex Ratios, Histopathology, and Organosomatic IndicedAt the conclusion of
the experiment, ww and CL measurements were made and individuals were edthaniz
by inhalation of isoflorane followed by decapitation. Animals were disseated f
inspection of the gonads for determination of 8 &nd abnormalities in gonadal
organization. Those not defined as male were morphologically female (e.g.enot int
sex). We calculated hepatosomatic and thyrosomatic indices (HSI andsT@ea or
thyroid gland weight / body weight)*100]. Individuals that died during the experiment
were excluded since they may have remained in the tanks for up to approximately 12 hr
after death, possibly influencing organ and carcass wet weights.

Analysis of PCB Concentrations.Detailed PCB extraction and quantification
methods were presented by Kelly et ). (Briefly, three eggs from each clutch were
rinsed and the contents were composited and homogenized. Eggs were randomly
selected from nests as research has shown little within-clutch variagontaminant
concentrationsl). A five gram sample of the homogenate from each clutch was dried

with sodium sulfate, spiked with surrogate standards and Soxhlet extracted for 24 hours
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using dichloromethane. Five gram samples of each food type were similzzbssed.
Extracts were sub-sampled to gravimetrically measure lipid contentpe@ekation
chromatography was used to remove lipids followed by Florisil cleanup. Laborat
blanks were processed with and in the same manner as all tissue samptesching®0
g of sodium sulfate spiked with surrogate standards.

Total PCB concentrations represent the sum of 110 individual congeners and/or
groups of co-eluting congene®.( Samples were quantified using a Hewlett Packard
5890 gas chromatograph equipped wiffiNi electron capture detector, with hydrogen as
the carrier gas and nitrogen as the make-up gas. A 60 m x 0.25 mm 5 % phenyl-methy
silicon DB-5MS capillary column was used with inlet pressure of 100 kPa. The oven
temperature program was: 100 ° C hold for two min, ramp to 170° C at 4 ° C/min, 170 to
280° C at 3° C/min, and a final 5 min hold at 280 ° C. The injector temperature was held
at 225 ° C and the detector at 285 ° C. Information on surrogates, internal standards and
recoveries see Kelly et ab)(

Statistical Analyses. Mortality, growth rate, size by month, and PCB
concentrations were analyzed on tank means by analysis of variance (ANG\g#ed
by Tukey’'s pairwise comparisons. When assessing size by month, initial size wa
defined as size following over-wintering. Mortality data were transédriyy arcsine
square root. Bimonthly metabolic rates were analyzed on tank means bysaofalys
covariance (ANCOVA) using ww as the covariate. Size and metabolic dketed|
over the duration of the study were also analyzed using repeated measureA ANOV
Relationships between PCB concentrations in eggs and juvenile mortalityssessed

by linear regression. Statistical significance was judged based upon aéryperate of
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a = 0.05. Prior to statistical analyses, data were tested to verify that assingbthe

models were met.

Results:

Eggs and Hatchlings Eggs from the reference area were heavier and had higher lipid
content than those from contaminated area, but were smaller in diameter (Table 1).
Hatchlings from reference eggs were larger than those from the contameatellodh

in terms of ww and CL (approximately 13 % and 8 % larger, respectively; Tableol)
contaminated and reference areas respectively, neither time to ha&hing (0.330 and

84.5 + 0.240 days; P = 0.625) nor hatching success (73.2 and 66.8 %; P = 0.472) differed.

Juveniles. There was a large divergence in survival among treatments beginning 8 - 9
mph (2 months following the overwintering period; Figure 1). Survival was affectgd onl
by area of egg collection (e.g., maternal transfer only; P < 0.001)néesxliime had no

main effect nor was there an interaction between feeding regime araf acdi@ction.

For juveniles from eggs from the contaminated area, those that died had received
significantly higher maternal exposure than those that survived (3605 + 481 versus 1404
+ 260 ng/g ww egg PCB, respectively; P < 0.001), but there was no such relationship for
those from the reference area (58.1 £ 7.4 versus 63.1 = 2.7 ng/g ww egg PCB,
respectively; P = 0.455). There was a positive relationship between PCB cormentrat
eggs and juvenile mortality in the contaminated aréa=(®864; Figure 2). However,

PCB concentration explained only 18 % of the variation in mortality in the refeaeeae

(proportion died = 0.254 - 0.00191 Clutch * PCB,=R0.18, P = 0.0402; not illustrated).
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There were no differences in instantaneous growth rate, measured as CL, among
treatments (P = 0.636). Nor were there statistical differences in morithly C
measurements among treatments when analyzed over the duration of the study by
repeated measures (P = 0.059). However, CL comparisons within months revealed that
individuals from CC, CR and RC were significantly smaller than those fronmn RRy

(9 mph; P =0.001, 0.026, and 0.026 respectively) while in June (10 mph) and July (11
mph) only individuals from CC and RC were smaller from those in RR (June P < 0.001
and P =0.023; July P = 0.007 and 0.032 respectively; Figure 3). Within a treatment,
individuals that died were smaller than those that survived although small saeple s
limited statistical power which may have precluded assigning statistgnificance to

the results. For those individuals that survived to the end of the study, there were no
differences in size among any treatments (P = 0.195).

TSI did not significantly differ among treatments at P < 0.05, although TSI for
individuals in CC appeared lower than TSls in other treatments (P = 0.086; Table 2).
HSI was significantly lower in CR than CC (P = 0.045; Table 2). Metabolic rates
analyzed across the study by repeated measures ANOVA differed amatmgeints (P <
0.001). Metabolic rates in May (9 mph) and July (11 mph) were reduced in treatments
CC and RC relative to CR and RR (P < 0.001). By the final measurement (13 mph)
differences were no longer detected (Table 2). Dissections revealed timatd&ion
(presence of ovarian rather than testicular tissue) was excepticarall Ninety-nine and

100 % of juveniles from the contaminated and reference area were morphofagaiall
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Discussion:

The most striking and unexpected result of this study was the latent onset of
mortality of juveniles having been exposed to PCBs via maternal transfennBegi
eight to nine months after hatching, juveniles from clutches in the contaminaag€&re
and CR) began experiencing high rates of mortality in contrast to thosehteom t
reference area. Ultimately, only approximately 40 % of individuals defreedthe
contaminated area survived the entire 14 month study versus 90 % from the reference
area. Animals that died were smaller compared to survivors in the sameetreat the
time of death (Figure 3). Reduced sizes in these individuals may reflectdddeding
as a result of physiological stress; we observed no evidence of sizicspmopetitive
hierarchies for food (e.g., heightened aggression of larger animalediteward
smaller animals), nor was food unavailable at any time. Animals that died had only
slightly increased in size from their initial size following over-wimgriand in several
cases the size at death was less than the initial size. Thus, the lack okaabfiemong
treatments in size of turtles surviving to the end of the study most likelgtezfléhe high
mortality rate of small individuals from the contaminated area, such thathenlgrgest
survived the duration of the experiment.

Whereas studies with other species have reported correlations betweeargmbry
mortality and egg PCB concentratid?), we observed little mortality of hatchlings prior
to, during, and immediately following the over-wintering period. Rather, mgrtalies
increased only after the juveniles reached eight to nine months of age. Moatatity
reflected maternal PCB contribution to eggs such that the highest raeeshgerved in

individuals from the most contaminated clutches. There was only a weak relationship
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between mortality and PCB concentration for reference animals, refléicgrsmall
numbers of individuals that died and the narrow range in PCB concentrations (21 - 78
ng/g ww) in eggs from that area. While we cannot rule out the possibility that other
factors may have played a role in inducing mortality, due to the strong relagions
between mortality and egg PCB concentration in the contaminated area, iusdi&ely
that other compounds may have played a substantial role in mortality.

Eggs collected from the contaminated area produced significantly smaller
hatchlings than those from the reference area. During the juvenile grovati, @@rimals
from the contaminated area (CC and CR) remained significantly snielereference
area animals fed reference food (RR). Even after taking into accountfénerdiés in
sizes following overwintering (Table 1), animals from the referenee fad
contaminated food (RC) remained consistently smaller relative to thoseféeeice
food (RR) until late in the study when mortality led to variability in averages sind
numbers of survivors among treatments, limiting statistical power in making
comparisons.

We observed reductions in metabolic rates in treatments in which animals were
fed contaminated food (CC and RC) relative to reference food only in the first two
assays (9 and 11 mph), prior to the onset of high mortality rates. The third asdaighin w
we observed no differences in MR among treatments, was conducted after tsé highe
mortality rates occurred in treatments CC and RC (13 mph). Thus only the Istalthie
animals survived to the third assay, suggesting that these individuals may notdrave be

metabolically compromised relative to those that had previously died.
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Reductions in metabolic rates in treatments CC and RC were consistent with
reductions in growth rates of juveniles in these treatments during the same period,
suggesting a correlation between metabolic function and growth. Similamities i
metabolic rate among treatments at the end of the study correspond withildudtisisn
in final sizes at this time. This result further suggests a relationshipdeiWR and
growth in the least healthy individuals, such that loss of these individuals from the
population reduced their influence on mean responses of survivors measured at the end of
the study.

Hepatosomatic and thyrosomatic indices were inconsistent among treatment
Differences in TSI were expected as PCBs and their metabolites hawvshosen to
cause thyroid hormone alterations that can lead to hypothyroidism and reduchdagla
weights 80, 3). In addition, in other species exposure to PCBs causes a loss of body
weight and mortality due to the degeneration of the liver (e.g., reduce@BSIThus
we expected to observe differences in HSI particularly in light of theetimveight gain
or weight loss in some treatments. As with our measures of growth and MR, outyinabil
to detect differences among treatments in organosomatic indices maytredléme at
which the measurements were made. Calculating these indices reqsestiaisof the
animals, therefore they represent measurements made at the end of tineestpatter
mortality of juveniles (having been excluded from the calculations) exposed to the
highest concentrations of PCBs had occurred.

Given the high concentrations of PCBs to which embryos were exposed, we
expected that monitoring multiple endpoints over a relatively long period of time would

reveal sublethal effects that would not be observed in shorter term studies (gwdeas
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that span only the embryonic period). Aside from growth rate, metabolic ratéavas
only sublethal endpoint measured that we found to respond to PCB exposure, and it
appeared to only be altered by proximate, dietary exposure rather than heteosare.
Thus, under the conditions of this study, metabolic rate appears not to be an adequate
indicator of maternal effects, thus would not be a sufficient metric forsasges
organismal health in systems in which the primary route of exposure is via rhaterna
transfer. Despite the numerous endpoints that we quantified, we are unable tbaugges
putative mode of toxicity responsible for the latent onset of mortality of individuals
exposed maternally to high concentrations of PCBs. Elucidating the underlyses ozt

the observed effects would require biochemical assessment of changesHh tissue

and organ levels that were beyond the scope of the study.

Maternally-derived PCBs alone have not previously been shown to induce
mortality in juvenile snapping turtles, although in combination with co-occurring
contaminants embryonic mortality has been obse®@getllf. The design of our study
provided the opportunity to identify effects of PCBs that may emerge long atitértg
beyond the scope of most studies of maternal transfer, allowing us to quantify late
effects that otherwise would remain uncharacterized. Moreover, our resultstdhgtie
some indicators of sublethal effects may either be wholly insensitive evmahy-
derived contaminants or reflect only effects of proximate (dietapy®xe, limiting
their use as early warning signals of latent expression of maternakefi@espite the
logistical and financial challenges inherent to studies such as ours, the inborthay
provide can be critical to developing cogent regulatory strategies igthefidramatic

responses to contaminants that may emerge long after maternal exposigaskeds
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Proportion Survived

Figure 1. Temporal trends in survival. “mph” = months post-hatch. Symbols represent
means £ 1 SE. CC = Contaminated area and contaminated food; CR = Contaminated
area and reference food; RC = Reference area and contaminated food; RiRendeef

area and reference food.
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Figure 2. Relationship between PCB concentrations (ng/g ww) in eggs ablletie
contaminated area and mortality of juveniles having hatched from them. Dotted lines
indicate 95 % confidence interval.
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Figure 3. Mean monthly carapace length of juveniles that survived or died. “mph” =
months post-hatch. Error bars represent 1 SE. CC = Contaminated area and
contaminated food; CR = Contaminated area and reference food; RC = Reference area
and contaminated food; RR = Reference area and reference food.
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Table 1. Wet weight, diameter, and lipid content of eggs and wet weight and cdemggic€CL) of hatchlings and post-
overwintered juveniles from contaminated and reference areas. Values asetieSE.

Egg Size Size at Hatching Size Post-overwintering
(7 mph)

Wet weight (g) Diameter (mm)  Lipid (%) Wet weight (g) CL (mm) Wetweight(g) CL (mm)

Contaminated 8.67 +0.10 26.5+0.1 4,93 +0.82 7.24 £ 0.36 27.0+0.6 7.50+0.12 26.7+£0.2
Reference 9.59+0.19 25.8+0.2 7.04 +0.23 8.37£0.42 29.3+0.5 8.41+0.18 28.4+0.3
P <0.001 P =0.006 P =0.009 P <0.001 P =0.006 P <0.001 P <0.001
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Table 2. Standard metabolic rate measured on three dates and hepatosoMatmd(HS
thyrosomatic (TSI) indices of juveniles measured at the end of the studgrebDiffetters
within columns indicate treatments that differed following post-hoc pairwise

comparisons. Values are mean = 1 SE.

“mph” = months post-hatch. CC=Contaminated

area and contaminated food. CR=Contaminated area and reference food.
RC=Reference area and contaminated food. RR=Reference area amteefere

Treatment

CC

CR

RC

RR

Standard Metabolic Rate

May

(9 mph)

0.92 + 0.058

1.00 + 0.058

0.81 + 0.057

0.97 +0.058

P<0.001

(1l O/g*min)

July

(11 mph)

1.25 + 0.057

1.32 +0.067

1.20 + 0.054

1.37 +0.052

P<0.001

September

(13 mph)

1.49 +0.020

1.46 £ 0.030

1.51 £0.020

1.50 £ 0.020

P =0.559

TSI (%)

0.010 + 0.0009

0.012 +£0.0010

0.013 + 0.0008

0.014 +£0.0011

P =0.086

HSI (%)

5.128 + 0161

4.577 +0.440

4.840 + 04338

4.902 + 0.590

P =0.045
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